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SUMMARY

SUMMARY
The element As is today recognized as one of the most dangerous inorganic contaminants and
threats for the world’s water resources. Arsenic is ubiquitious in the earth crust and humans are
especially affected through As polluted drinking water supplies. The occurrence of high As
groundwater concentrations is often caused by geogenic processes of As release from the solid phase
and accumulation in the water phase. Many contaminated aquifers are also characterized by high
concentrations of natural organic matter (NOM). Previous studies showed that NOM presence may
affect As mobility, but we are lacking evidence about the reactions pathways and about the importance
As-DOM interactions in the environment. We therefore focussed on studying reactions between NOM
and As, including redox reactions, complexation, colloid formation and sorption competition in
laboratory experiments. Moreover we also studied As behaviour in columns experiments and wetland
soils rich in organic matter.
Arsenic mobility strongly depends on its redox state. Dissolved organic matter was previously
found to be redox active but its redox properties are only poorly understood. In laboratory experiments
we therefore elucidated the electron transfer characteristics of different DOM samples. The results
showed the high potential of humic substances to chemically reduce different Fe(III) complexes and
oxidize H2S and metallic Zn. Reactions occurred over short periods of time with reaction rates in the
range from 0.03 to 27 h-1. Under otherwise identical conditions rising DOC concentrations caused
higher total electron transfer. This supports the assumption that functional groups of DOM, such as
quinones, were indeed the redox active moieties involved in the redox reactions. The calculated
electron transfer capacities (ETC) ranged from 0.07 to 6.2 mequiv (g C) -1. The wide range of observed
reaction rates and ETC values could be related to the different redox potential of the inorganic
reactants used. This suggests that DOM molecules contain redox active moieties with different redox
potential and that they possibly represent a redox ladder with the capacity to buffer electrons over a
wide range of redox conditions. Humic substances also influenced the As redox speciation as
dissolved H3AsO4 was - either chemically or microbially- reduced to H3AsO3 in DOM solution. No
oxidation of As(III) to As(V) was found in these experiments. The presence of organic matter thus
changes the redox speciation of As as well as that of other environmentally relevant elements like Fe
or S. This possibly also contributes to a higher mobility of As due to the presence of reduced As and
Fe species.
The formation of complexes on mineral surfaces is one of the most important immobilization
processes for As in soils or sediments. DOM strongly interfered with this As sequestration mechanism
due to aqueous and surface complexation reactions. Humic substances were found to prevent the
precipitation and sedimentation of iron oxide minerals and promote the formation of DOM and Fe
containing colloids at aqueous molar Fe/C ratios of up to 0.1. This impeded the co-precipitation and
- VII -
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sedimentation of As with Fe mineral structures and increased the amount of mobile As. Arsenic and
Fe content were correlated in the different particle size classes was, suggesting As binding to Fe e.g. in
cation bridging complexes or DOM stabilized Fe oxide colloids. DOM sorption on synthetic goethite
and natural soil and sediment samples also caused a release of As from these solid phases due to
sorption competition for mineral binding sites. Especially the weakly adsorbed fraction of As in the
natural samples was affected by this process. Both the formation of aqueous complexes or colloids and
the sorption competition in the presence of DOM lead to higher As concentration in the water phase
and demonstrate the potential of humic substances to increase As mobility.
In the studied laboratory columns As redox transformation and complexation by DOM could not
be identified. Instead As mobilization was dominated by microbial processes in these experiments. At
DOM input concentrations between 5 and 100 mg L-1 the release of As occurred mainly due to the
reductive dissolution of the Fe oxide sorbent phase during microbial respiration. The occurrence of
sulfate reduction and the precipitation of sulfide minerals at the highest DOM concentrations did not
represent a substantial immobilization mechanism.
The studied wetland soils represent natural sinks for geogenic As. Fe oxides were the main As
sorbents, which is surprising as both soils were temporarily water saturated and likely under reducing
conditions. Moreover, the high porewater DOC concentrations and the high organic carbon content in
the solid phase apparently did not interfere with As sorption on the iron phases in these soils.
Chemical extractions also showed that smaller As fractions were associated with solid phase organic
matter pool and with a not identified residual pool, likely sulfide minerals. However, as most As was
bound to Fe oxides its fate was strongly affected by changing redox conditions. Fast As
immobilization sorption occurred under dry conditions when Fe was oxidized and precipitated, while
short-term mobilization of As and Fe in their reduced form was observed upon rewetting. These soils
therefore are As sinks as long as oxic conditions are maintained but may turn into As sources when
reducing conditions prevail for longer periods of time.
Organic molecules influence the redox state and the complexation of As and are able to shift As
partitioning in favour of the solute phase. Our results showed that especially the association of As with
aqueous complexes and colloids has a strong potential to reduce As retention and increase As
mobility. This has to be considered in future studies of As behaviour in aquifers, surface waters, soils
or sediments rich in organic substances. Peatland soils were found to represent sinks for geogenic As,
showing that the presence of organic matter not necessarily prevents As immobilization. It also
depends on the biogeochemical conditions whether an organic matter rich system will accumulate or
release As.
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ZUSAMMENFASSUNG

ZUSAMMENFASSUNG
Der toxische, anorganische Schadstoff Arsen wird heute als eine der größten Bedrohungen für die
Trinkwasserresourcen der Erde angesehen. Arsen ist in der Erdkruste weit verbreitet und hohe AsBelastungen im Grundwasser sind häufig geogenen Ursprungs. Natürliche Prozesse verursachen die
As-Freisetzung aus der Festphase und seine Anreicherung in der Wasserphase. Häufig zeichnen sich
As-belastete Aquifere auch durch hohe Gehalte an natürlichem, organischem Material (NOM) aus und
es gibt Anhaltspunkte, dass organische Substanzen die Mobilität und Festlegung von As beeinflussen.
Reaktion zwischen As und NOM sind nur teilweise untersucht und über ihren Einfluss auf die
Mobilität von As in der Umwelt ist wenig bekannt. Für diese Arbeit wurden deshalb einerseits
chemische Wechselwirkungen zwischen As und organischem Material, wie Redoxtransformationen,
die Bildung von aquatischen Komplexen und Kolloiden sowie die Konkurrenz um Adsorptionsplätze
auf Mineralfestphasen, in Laborversuchen untersucht. Andererseits wurde auch das Verhalten von As
in natürlichen Moor- und Gleyböden untersucht, die hohe Gehalte an organischem Material aufweisen.
Die Mobilität von As wird stark durch Redoxprozesse beeinflusst. Es ist bekannt, dass gelöstes
organisches Material (DOM) über redox-aktive Gruppen verfügt. Da die Redoxeigenschaften
organischer Substanzen aber nur unzureichend beschrieben wurden im Rahmen dieser Arbeit der
Elektronenaustausch mit verschiedenen anorganischen Reaktanden untersucht. Alle verwendeten
Huminstofflösungen waren in der Lage in aquatischen Komplexen vorliegendes Fe(III) zu reduzieren
sowie gelöstes H2S und metallisches Zink zu oxidieren. Die Redoxreaktionen erfolgten schnell und die
Reaktionsraten lagen bei 0.03 bis 27 h-1. Eine Anhebung der DOC-Konzentration führte unter sonst
gleichen Bedingungen zu einem Anstieg des Elektronentransfers. Dies zeigt, dass redox-aktive,
funktionelle Gruppen des organischen Materials, z.B. Chinone, für den Elektronenaustausch
verantwortlich sind. Die aus den Experimenten berechnete Elektronentransferkapazität (ETC) der
Huminstoffe lag zwischen 0.07 und 6.2 mequiv (g C)-1. Die große Spannweite der ermittelten
bestimmten Reaktionsraten und Elektronentransferkapazitäten konnte auf die unterschiedlichen
Redoxpotentiale der verwendeten Reaktanden zurückgeführt werden. Dies weist darauf hin, dass
Huminstoffemoleküle redox-aktive Gruppen mit unterschiedlicher Reaktivität besitzen und deshalb
Redox-Leitern darstellen, die in der Lage sind über einen weiten Redoxpotentialbereich als
Elektronenpuffer

wirken.

DOM

beeinflusste

auch

die

Redox-Speziierung

von

As.

In

Huminstofflösung wurde H3AsO4 –entweder chemisch oder mikrobiell- zu H3AsO3 reduziert, eine
H3AsO3-Oxidation wurde jedoch nicht beobachtet. DOM induzierte Elektronentransferreaktionen sind
somit sowohl in der Lage die Redoxspeziierung von As selbst als auch die Speziierung von in der
Natur wichtigen Elementen wir Fe und S zu verändern. Durch Reduktion von As(V) oder Fe(III) ist
dabei von einer Erhöhung der As-Mobilität auszugehen.
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Sorption auf Mineraloberflächen ist einer der wichtigsten Immobilisierungsprozesse für As in
Böden und Sedimenten. Dieser Festlegungsmechanismus wird durch die Anwesenheit von DOM
gestört. In Laborversuchen verringerten Huminstoffen die Ausfällung und Sedimentation von FeOxidpartikeln und förderten die Bildung von kleinen DOC- und Fe-haltigen Komplexen und
Kolloiden bei molaren Fe/C-Verhältnissen von < 0.1. Auch die Entfernung von As aus der Lösung
durch Kopräzipitation und Sedimentation mit Fe-Oxiden wurde dadurch vermindert. Die Gehalte von
As und Fe in verschiedenen Partikel-Größenfraktionen waren korreliert, was auf die Bindung von As
an Fe z.B. in Kationen-Komplexen oder an DOM-stabilisierten Fe-Kolloidoberflächen hinweist. Die
Adsorption von organischer Substanz an Mineraloberflächen, wie Goethit oder natürlichen Bodenund Sedimentproben, führte zu Freisetzung von dort gebundenem As durch Konkurrenz um
Sorptionplätze und damit ebenfalls erhöhten As-Konzentrationen in der Lösungsphase. Insbesondere
die schwach gebundene As-Fraktion war davon betroffen. Sowohl die As-Bindung in DOMstabilisierten, mobilen Komplexen oder Kolloiden als auch die Sorptionkonkurrenz zwischen As und
organischem Material um Sorptionplätze auf Mineraloberflächen fördert somit die As-Mobilität und
muss bei der Untersuchung von Umweltsystemen berücksichigt werden.
In Säulenversuchen war eine direkte Redoxtransformation oder Komplexierung von As durch
DOM nicht nachweisbar. Stattdessen war die As-Mobilisierung in erster Linie auf mikrobielle
Prozesse zurückzuführen. Bei DOC-Konzentrationen zwischen 5 und 100 mg C L-1 im Säulenperkolat
fand die reduktiven Auflösung der vorhandenen Fe-Oxide statt und daran gebundenes As wurde
freigesetzt. Trotz einsetzender Sulfatreduktion wurde die As-Lösungkonzentration nicht nennenswert
durch Bindung an die ausfallenden, sulfidischen Mineralphasen verringert.
Die untersuchten Böden sind natürliche Senken für geogenes As dar. Eisenoxide waren die
wichtigsten As-Sorbenten in diesen Systemen,

obwohl die

Böden zumindest zeitweise

wassergesättigte und vermutlich auch reduzierende Bedingungen aufwiesen. Auch die hohen DOMKonzentrationen im Porenwasser und der hohe Gehalt an organischem Material in der Festphase
wirkten der As-Bindung an die Fe-Oxide nicht entgegen. Chemische Extraktionen zeigten, dass nur
kleinere As-Fraktionen mit der organischen Bodensubstanz und einem nicht identifizierten residualen
Bodenbstandteilen, vermutlich sulfidische Minerale, assoziiert war. Schwankende Wasserstände und
Veränderungen in den Redoxverhältnisse zu einem schnellen Anstieg bzw. Abfall der Fe- und AsKonzentrationen im Porenwasser. Dies weist auf die rasche Auflösung von labilen Fe-Oxiden mit
sorbiertem As unter reduzierenden und die rasche Fe-Oxid-Ausfällung und As-Festlegung unter
oxidierenden Bedingungen hin. Langfristig stellen vor allem die Oberbodenhorizonten stabile Senken
für geogenes As dar.
Organische Substanz beeinflusst den Redoxzustand und die Komplexierung von As und ist
dadurch in der Lage die As-Verteilung zugunsten der Lösungsphase zu verschieben. Unsere
Ergebnisse zeigen dass insbesondere die Bindung von As in aquatischen Komplexen und Kolloiden in
der Lage ist die As-Festlegung zu verringern und die As-Mobilität zu erhöhen. In zukünftigen
-X-
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Untersuchungen über das Verhalten von As in Aquiferen, Oberflächengewässern, Böden oder
Sedimenten, die reich an organischen Substanzen sind, muss dies berücksichtigt werden. Die
untersuchten Moorböden dagegen stellen Senken für geogenes As dar, was zeigt, dass die Präsenz
organischer Verbindungen nicht zwangsläufig eine As-Festlegung verhindert. Vielmehr hängt es auch
von den geochemischen Randbedingungen ab, ob ein Umweltsystem mit hohen Anteil von
natürlichem organischem Material As bindet oder freisetzt.
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INTRODUCTION

EXTENDED SUMMARY
Introduction
1. Arsenic health concerns
Water is life. The world’s freshwater resources are limited and their quality is under constant
pressure. Due to the finding of high arsenic (As) enrichment in groundwater resources of the Bengal
basin in South Asia and elsewhere in the world, the toxic element As is today recognized as one of the
most dangerous inorganic pollutants and threats for the drinking water supply (Smedley and
Kinniburgh, 2002). According to WHO estimations, 30 to 36 million people are exposed to high As
concentrations in drinking water alone in Bangladesh and As contaminated aquifers are being reported
from an increasing number of countries, including Taiwan, Vietnam, Chile, Argentina and the USA.
Human exposure to As through drinking water, food or air causes a variety of adverse health
effects. While acute As poisoning is often fatal, long-term chronic exposure leads to dermal changes,
affects organs or the nervous system and causes cancer (Bissen and Frimmel, 2003; Mandal and
Suzuki, 2002). The toxic effect of As depends not only on the level of exposure but also on the As
speciation and the exposition pathway. The dissolved inorganic As species are generally considered as
more toxic than organic forms, and As(III) as more toxic than As(V), which is due to better resorption
and higher interference with cellular biochemical processes (Bissen and Frimmel, 2003; Mandal and
Suzuki, 2002).
For good reason the WHO guideline value for As in drinking water was provisionally lowered
from 50 µg L-1 to 10 µg L-1 in 1993 (Smedley and Kinniburgh, 2002). The As drinking water limit
would be even lower, when standards used for the risk assessment of industrial chemicals were
applied, but in practice the compliance to the provisional value of 10 µg L-1 is already difficult to
achieve. Especially in the most affected developing countries water resource management is
complicated. Due to low quality of removal techniques and analytical methods administrations are
often unable to ascertain As concentration in drinking water below WHO guideline values. Research
about the key factors and processes controlling As concentrations groundwater is therefore all the
more important, particularly in the perspective of identifying risk aquifers and anticipating pollution
incidents.

2. Arsenic geochemistry and mobility
Arsenic is an ubiquitious element found in the atmosphere, rocks, soils, natural waters and
organisms. Arsenic pollution is often caused by anthropogenic activity, including the application of As
containing pesticides and mining or smelting operations (Smedley and Kinniburgh, 2002). Exposure of
reduced, sulfidic minerals or ores to oxic conditions at the surface leads to mineral dissolution and As
release (Stueben et al., 2001). While these As contaminations can be attributed to zones of human
-1-
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influence and activity, high As concentration in aquifers mostly results from natural, geogenic
processes and is less easily located and confined. Two geochemical patterns are characteristic for the
majority of As polluted aquifers, though. Firstly, naturally high As concentrations are caused by the
dissolution of As binding solid phases under reducing conditions, which is the case in many aquifers
of South Asia. Secondly, As desorption occurs from mineral phases due to high pH and high salinity
of the groundwater, a mobilization pattern found in arid parts of South America (Smedley and
Kinniburgh, 2002). These examples show that the geochemical conditions are important factors
controlling the mobility of As. Understanding As speciation and chemical reaction at different pH,
redox conditions and solution compositions is therefore crucial for any risk assessment.

2.1 As speciation under different pH and redox conditions
The aqueous speciation is a critical factor influencing the partitioning of As between solid and
water phase. In natural waters the inorganic oxyanions of As(V) (H3AsO4, arsenate) and As(III)
(H3AsO3, arsenite) are the most important species, as depicted in the stability diagram (Fig. 1). As(III)
is considered to be the more mobile As species in the environment (Smedley and Kinniburgh, 2002),
which has partly been attributed to charge. Due to a pK1 = 9.2 inorganic As(III) is uncharged at neutral
pH, while As(V) is negatively charged (pK1 = 2.2; pK2 = 6.8). Redox transformations between As(III)
and As(V) occurs through chemical reactions or microbial processes. As(III) oxidation by oxygen is
slow, but increases in the presence of radical species or catalysts (Cherry et al., 1979; Chui and
Hering, 2000; Hug and Leupin, 2003; Kim and Nriagu, 2000). The presence of hydrogen sulfide
induces the reduction of arsenate to arsenite, but was also shown to cause the formation of aqueous
thioarsenic compounds (Rochette et al., 2000; Wilkin et al., 2003). Microorganisms facilitate As redox
transformations by oxidizing As(III) for detoxification or by reducing As(V) as terminal electron
acceptor during respiration (Oremland and Stolz, 2003). They are furthermore responsible for the
production of organic As species, such as monomethylarsonic acid (MMA), dimethylarsinic acid
(DMA) and others (Cullen and Reimer, 1989).
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Figure 1

Stability diagram for As species in aqueous systems in the absence and presence of sulfide

according to calculation of Smedley and Kinniburgh (2002) and Cherry et al. (1979).

2.2 Interactions of As with solid phases
Because it is a minor component of most environmental systems, As retention and mobilization
depends strongly on reactions with solid phases. Arsenic oxyanions are bound to or incorporated in
mineral phases by adsorption and (co-)precipitation processes. Fe, Mn, and Al oxides are the most
important As sorbents in natural environments under oxic conditions (Dixit and Hering, 2003; Mok
and Wai, 1994; Zobrist et al., 2000). This is due to their large surface area and their high pHpzc (pH
point of zero charge), causing mineral surfaces to be positively charged at low and neutral pH (Cornell
and Schwertmann, 1996; Stumm and Morgan, 1996). Arsenic sorption on Fe oxides occurs in ionic
outer and specific inner sphere surface complexes (Reaction 1 and 2) (Sun and Doner, 1998;
Waychunas et al., 1993). Arsenic has a high affinity for freshly precipitating Fe oxides, i.e.
ferrihydrite, and is incorporated and stabilized within the structure during mineral aging and
transformation (Jessen et al., 2005; Pedersen et al., 2006; Roberts et al., 2004). Despite the fact that the
capacity of Fe oxides to sorb As oxyanions is little affected by As redox speciation (Dixit and Hering,
2003), there are hints that binding of As(III) on metal oxide surfaces is less stable than binding of
As(V), possibly causing an easier release to the water phase (Jain et al., 1999; Waltham and Eick,
2002). Other dissolved anions compete with As for mineral surface sites and interfere with sorption
(Grafe et al., 2002; Waltham and Eick, 2002).

] Fe OH 2

] Fe OH

H 2 AsO4

H 3 AsO4

] Fe OH 2

H 2 AsO4

(Reaction 1)

] Fe O AsO3 H 2

H 2O

(Reaction 2)
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Silicates are alternative sorbents for As oxyanions, but due to the negative silicate surface charge
at neutral pH the As binding capacity is low compared to metal oxides phases (Goldberg, 2002;
Quaghebeur et al., 2005). Arsenic is also bound to calcium carbonates and precipitated as calcium
arsenates in carbonate systems, but stability of As in these minerals is low under atmospheric
conditions (Magalhàes, 2002; Roman-Ross et al., 2006).
Sulfide minerals appear to regulate As levels in anoxic environments. Precipitation and
incorporation reactions at the mineral surface were identified as the main binding mechanism of As to
FeS and FeS2 (Bostick and Fendorf, 2003). Arsenic is reduced and bound in inner sphere FeAsS
complexes at the mineral surface especially under high pH conditions (Reaction 3). In highly sulfidic
solutions also the formation of As sulfide minerals, such as realgar or orpiment, may considerably
contribute to As retention (Bostick and Fendorf, 2003; O'Day et al., 2004). Compared to the
mechanisms involved in the sorption of As oxyanions, little is yet known about the binding processes
of organic As species and thioarsenic compounds.

3FeS H 3 AsO3

FeS2

FeAsS Fe(OH ) 3

(Reaction 3)

3. Natural organic matter
In the sediments of South Asia solid phase As is mostly found associated with Fe minerals and hot
spots of water contamination were observed in the vicinity of buried peat layers. The presence of
natural organic material in these sediments was therefore hypothesized to increase microbial activity
and lead to the increase of reductive Fe oxide dissolution with concurrent release of As (Harvey et al.,
2002; McArthur et al., 2004; Pedersen et al., 2006). Only recently organic matter rich peat layers were
also found to be naturally enriched with As and such possibly represent an As source themselves
(Anawar et al., 2003; Meharg et al., 2006).
Peat layers consist of natural organic matter (NOM), which is an inherently complex mixture of
polyfunctional organic molecules, derived from the decomposition and recombination of biogenic
material from plants, animals and microorganisms (Wang and Mulligan, 2006). The properties of
NOM vary widely for different samples and depend on qualities of the original material and the
conditions and processes during its transformation. Nonetheless natural organic molecules share
common moieties such as polar carboxyl, amino, sulfhydryl, hydroxyl, and phenol groups (Aiken et
al., 1985), and also contain nonpolar aliphatic or aromatic structural units. Dissolved organic matter
(DOM) is the water soluble fraction of organic molecules and includes molecules of different
molecular weight and chemical structure, such as sugars, amino acids and refractory humic substances.
While concentrations of dissolved organic matter are normally in the range from 1-20 mg C L-1 in
natural fresh waters, they may be lower in most groundwaters and reach peak concentrations of more
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than 100 mg C L-1 in or near humic soils, wetlands, or sediments (Aiken et al., 1985). Humic
substances often represent a high fraction of dissolved organic matter due to their recalcitrance and
have functional moieties with a variety of properties (Fig. 2). This makes them important reactive
species in natural waters, which substantially influence the biogeochemistry of metals and trace
elements.

Figure 2

Schematic illustration of a dissolved organic matter molecule (Stevenson, 1994)

3.1 Redox reactions of organic matter
The redox reactions of dissolved organic matter are of high relevance for microbial electron
shuttling, pollutant degradation, and metal speciation (Lovley et al., 1996; Redman et al., 2002;
Schwarzenbach et al., 1990). They were attributed particularly to quinone type structures, which are
ubiquitious in DOM (Cory and McKnight, 2005; Scott et al., 1998) (Fig. 3). Defined model quinones
are able to carry out reversible electron accepting and donating reactions with a ratio of two electron
per quinone group and at standard redox potentials Eh0 from < +0.30 V to > +0.69 V (Helburn and
Maccarthy, 1994; Rosso et al., 2004), ranking them in the range of many environmentally relevant
redox couples.

Figure 3

Xred

DOMox

Yred

Xox

DOMred

Yox

Redox reactions of a quinone structure (left, from Scott et al. 1998); Schematic illustration of the

electron transfer reactions of organic substances (right); (Examples: X = H2S, Zn0 or microorganisms; Y = Fe or As)
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The determined Eh0 values for DOM samples are between +0.23 and +0.53 V (Oesterberg and
Shirshova, 1997; Palmer et al., 2006). The electron acceptor capacity (EAC) and electron donor
capacity (EDC) vary over a wide range from 0.02 mequiv

(g C)-1 to more than 6 mequiv

(g C)-1,

depending on DOM and method used (Chen et al., 2003; Kappler and Haderlein, 2003; Klapper et al.,
2002; Matthiessen, 1995; Scott et al., 1998; Struyk and Sposito, 2001). The redox activity of natural
organic molecules during redox titrations could be reproduced using solutions with different model
quinones (Helburn and Maccarthy, 1994; Nurmi and Tratnyek, 2002). Nonetheless, in addition to
quinone functionalities, likely other DOM moieties are involved in electron transfer reactions of humic
substances, because quinone content alone could not explain the measured amounts of electron
transfer (Struyk and Sposito, 2001). DOM was found to change the redox speciation of various
inorganic species, like Fe or Cr, and also changes in As speciation were previously observed in the
presence of organic matter (Buschmann et al., 2005; Palmer et al., 2006; Redman et al., 2002;
Tongesayi and Smart, 2006).

3.2 Organic matter complexation reactions
Carboxylic and phenolic groups of natural organic matter are involved in aqueous and surface
complexation reactions (Stumm and Morgan, 1996). The aqueous chelation of cations substantially
influences the presence of free metal ions and regulates their availability and mobility in soils and
aquatic environments (Christl and Kretzschmar, 2001; Pullin and Cabaniss, 2003; Stumm and Morgan,
1996; Tipping et al., 2002). Organic matter functional groups also sorb in outer sphere and inner
sphere complexes on Fe oxides or clay surfaces (Filius et al., 2000; Gu et al., 1994; Kaiser et al.,
1996). Finally, aqueous complexation and sorption of organic molecules on mineral surfaces
contributes to the formation of colloids by altering mineral surface properties (Liang and Morgan,
1990; Tiller and O'Melia, 1993). Organic matter suspended colloids are important carriers for clay and
metal oxide particles in streams and soils (Astrom and Corin, 2000; Pokrovsky et al., 2005).
Aqueous and surface complexation reactions of organic matter strongly affect As speciation and
mobility (Fig. 4). Firstly, the sorption of humic anions on mineral phases, such as Fe oxides, results in
competition for sorption sites and prevents As sorption or induces As desorption, both leading to a
higher As concentration in the water phase (Grafe et al., 2001; Grafe et al., 2002; Redman et al.,
2002). Secondly, As can be associated with mobile colloidal particles (Astrom and Corin, 2000; Puls
and Powell, 1992; Tadanier et al., 2005) and the organic matter induced mobilization of colloids might
such contribute to a higher mobility of As. Finally, binding of As(III) and As(V) oxyanions to humic
substances in covalent bonds (Buschmann et al., 2006), ionic associations (Saada et al., 2003) or
cationic bridging complexes (Lin et al., 2004; Redman et al., 2002; Thanabalasingam and Pickering,
1986) were shown to change the aqueous phase distribution of As.
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Sorption interactions of As and DOM on mineral oxide phases and proposed aqueous As-DOM

complexes. (1) Ionic binding and inner sphere complexation of As and DOM on Fe oxide solid phase or colloidal
particles. (2) Aqueous Fe cation bridging complex between As and DOM. (3) Covalent As binding to DOM; R = bulk
organic molecule;

4. As mobility in environments rich in organic matter
Humic substances affect the mobility and retention of As through chemical interactions, but in
addition the presence of organic matter is crucial for the reductive As release mechanism (Fig. 5).
Microorganisms oxidize organic matter to CO2, while inorganic substances are reduced as terminal
electron acceptors during respiration. The inorganic substrates are normally used according to their
energy yield in the order O2 > NO3- > Fe > SO42-, leading to the usually observed sequence of redox
reactions (Stumm and Morgan, 1996). Arsenic is mobilized partly due to chemical or microbial
reduction of As(V) to As(III) (Heimann et al., 2007; Oremland and Stolz, 2003), but first and foremost
the reductive dissolution of As containing Fe oxides results in high As concentrations in the water
phase (Herbel and Fendorf, 2006; Islam et al., 2004; Kocar et al., 2006; Smedley and Kinniburgh,
2002). Mineral transformation and colloid formation also affect As release (Pedersen et al., 2006;
Tadanier et al., 2005). Only under strongly sulfate reducing conditions a re-immobilization of As can
be expected during formation of sulfide minerals (Bostick and Fendorf, 2003; Kirk et al., 2004; O'Day
et al., 2004).
The availability of degradable organic matter induces microbial processes and cause the reductive
release of As in aquifers. Despite high solid phase organic matter contents and high DOM
concentrations in the porewater conditions in many organic matter rich wetland and peatland soils
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apparently favour As sequestration and were found to lead to As accumulation in the solid phase
(Gonzalez et al., 2006; McArthur et al., 2004; Meharg et al., 2006; Pfeifer et al., 2004; Steinmann and
Shotyk, 1997). This is why ombrothrophic peats have been used to trace patterns of atmospheric As
pollution (Shotyk et al., 1996), but As enrichment was also found in minerotrophic wetland systems
rich in organic matter, where As input occurs through the groundwater (Shotyk, 1996; Steinmann and
Shotyk, 1997; Szramek et al., 2004).
In mineral soils As dynamics are predominantly controlled by release of As from mineral phases
or dissolution of As bearing mineral phases under changing redox conditions. Peatland and wetland
soils usually contain a smaller fraction of the mineralic components and are at least partly water
saturated. Fe oxides were shown to be among the most important adsorbers for As in these soils,
nonetheless (Shotyk, 1996; Steinmann and Shotyk, 1997) Substantial amounts of Fe precipitates were
found either in oxic surface layers or at the surfaces of oxygen conducting plant roots (Blute et al.,
2004; Jacob and Otte, 2003). Pfeifer et al. (2004) hypothesize, that Fe oxides formed in organic matter
rich layers are especially amorphous and have a large surface area available for sorption. The often
high concentrations of dissolved organic matter apparently do not impede As sorption to metal oxides
in these environments (Grafe et al., 2002). Due to seasonal variations of the water table, peat aging and
burial peatland soils can be partly water saturated, resulting in low redox potentials and sulfate
reducing conditions. Consequently, As binding to sulfide precipitates may be more important in
wetlands than in oxic mineral soils (Bostick and Fendorf, 2003; Gonzalez et al., 2006). Finally, As
was also proposed to be associated with the solid phase organic matter in sediments and peatlands
(Anawar et al., 2003; Bhattacharya et al., 2001; Gonzalez et al., 2006). Arsenic association with
organic matter may proceed through covalent binding or by the formation of metal bridges, as was
previously hypothesized for aqueous association of As with DOM (Buschmann et al., 2006;
Thanabalasingam and Pickering, 1986).

5. Objectives of the dissertation
Previous studies have shown the potential of natural organic matter to influence the retention and
mobilization behaviour of As by altering the aqueous speciation of As and interacting with mineral
surfaces. These processes might be of particular importance in naturally organic matter rich
environments such as wetland soils, sediments or aquifers. Up to now, however, we are lacking basic
information about chemical interactions between DOM and As interfering with the sequestration of As
in the solid phase (Fig. 5 A). Moreover, little is also known about As dynamics in natural systems rich
in organic matter and the importance of these chemical interactions for As mobility (Fig. 5 B).
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(A) Direct chemical interactions in aqueous systems with Fe, DOM and As; (B) Processes

affecting the mobility of As in natural systems. Reactions and processes marked in red are not yet fully
understood and were therefore in the focus of this study. This includes: (1) Redox reactions of organic
molecules with As and other environmentally relevant elements, like Fe; (2) Effects of sorption
competition effects between As and DOM at mineral surfaces; (3) Binding of As in DOM stabilized
aqueous complexes or colloid; (4) As sorption on mineral phases under changing redox conditions in
organic matter rich systems; (5) Importance of As binding to solid phase organic matter.
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It has previously been shown that organic molecules have a substantial content of redox active
functionalities. Previous reports of electron transfer capacities, reaction rates and reactivity of DOM
with As(V) and As(III) have been inconsistent, suggesting that the reaction mechanisms are not yet
fully understood. At the same time especially in environments poor in other electron acceptors and
donors or enriched with organic matter, such as peatlands, dystrophic lakes or certain aquifers and
soils the redox capacity of DOM may contribute substantially to electron transfer reactions and affect
the redox speciation of As and Fe (Fig. 5 A, (1)). The first part of our study, therefore, aimed to aquire
consistent data about the electron transfer capacities and the reaction rates of different organic matter
samples by performing redox transformation and time series experiments with inorganic reactants of
different redox potential, including As(III) and As(V).
Sorption of humic substances on synthetic mineral phases, such as Fe oxides, in surfaces
complexes causes As mobilization due to the competition for surface sorption sites. Furthermore
mineral phases can be mobilized as colloids. It is unclear, though, whether sorption competition will
also lead to the release of As from contaminated soils and sediments (Fig. 5 A, (2)). Also we are
lacking knowledge whether DOM stabilized mineral complexes and colloids are able to co-transport
As and under which conditions formation of these aggregates in solution is most likely (Fig. 5 A, (3)).
In waters with high DOC concentrations these processes have a potential for shifting As partitioning in
favour of the mobile water phase. We addressed these research deficiencies by performing batch
desorption and colloid formation experiments and by analyzing the distribution of As between
aqueous and solid phase and colloidal fractions in the size range between 5 kDa and 0.2 µm. These
experiments are discussed in the second part of this work.
In the environment the fate of As is strongly linked to the geochemistry of Fe and under Fe
reducing conditions As is co-mobilized from the solid phase Fe oxides. Whether high dissolved
organic matter concentrations might induce concurrent sulfate reduction and As immobilization in
sulfide minerals is yet unclear (Fig. 5 B, (4)). We tested this hypothesis in column experiments with
varying DOC percolate concentrations (Part 3).
In wetland and peatland systems metal oxides, sulfide minerals and the soil organic matter
represent potential As binding pools of the solid phase. The relative importance of these solid phase
fraction for As sequestration, however, is unknown as well as the stability of the different pools under
changing boundary conditions (Fig. 5 B, (4)+(5)). As shown in the fourth part of this work, we studied
the solid phase and aqueous phase distribution and dynamics of As in two natural systems containing
geogenic As in order to identify the most important As binding phases, elucidate short-term As
turnover and long-term As storage in these high organic matter soils.
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I. Redox Chemistry of DOM and Electron Transfer Reactions with As
Electron transfer reactions of dissolved organic matter were shown to be involved in microbial
activity, pollutant degradation, and metal mobilization (Kappler and Haderlein, 2003; Lovley et al.,
1996; Schwarzenbach et al., 1990). This is due to redox active functional units, such as quinones,
which are ubiquitious in natural humic substances and act as acceptors or donors for electrons
(Helburn and Maccarthy, 1994; Scott et al., 1998). The determined Eh0 values for bulk DOM samples
cover a span from +0.23 to +0.53 V (Oesterberg and Shirshova, 1997; Palmer et al., 2006) and a
similar wide range from < 0.30 V to > 0.69 V is also known for defined model quinones (Helburn and
Maccarthy, 1994; Rosso et al., 2004). This redox potential of natural organic molecules is therefore in
the range of many environmentally relevant redox couples; but depending on redox reaction partner,
pH, and DOM sample very different electron acceptor capacities (EAC) and electron donor capacities
(EDC) were determined ranging from 0.02 mequiv

(g C)-1 to more than 6 mequiv

(g C)-1 (Chen et

al., 2003; Kappler and Haderlein, 2003; Klapper et al., 2002; Matthiessen, 1995; Scott et al., 1998;
Struyk and Sposito, 2001).
Humic substances are increasingly recognized as important electron shuttles. But the large
differences in determined redox potential values, electron transfer capacities and reaction rates
demonstrate that our understanding of organic matter redox properties is still limited by various
experimental and conceptional shortcomings. The different experimental protocols, reaction time
scales, and organic matter samples used in previous studies prevent a comparison of experimentally
determined EDC values. Direct procedures for the measurement of EAC are lacking. Furthermore
contrasting results were reported for the redox transformation of As(V) and As(III) by DOM
molecules (Buschmann et al., 2005; Palmer et al., 2006; Tongesayi and Smart, 2006). These
deficiencies so far precluded the development of a conceptual framework for electron transfer
reactions involving natural organic substances.
Our studies addressed research deficiencies concerning the redox reactions and chemical electron
transfer of DOM with inorganic reactants. We conducted redox experiments using the same organic
matter samples with different inorganic reductants and oxidants to determine the electron transfer
capacity and the reaction rate. The inorganic reactants covered a wide range of redox potentials and
the assays were run under consistent pH and ionic strength conditions to allow for comparability of the
results. We furthermore tested and applied two methods for the direct determination of EAC and
attempted to clarify previously encountered contradiction concerning the redox reactivity of aqueous
As(III) and As(V) with DOM.
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1. DOM oxidation and reduction by inorganic compounds (study 1 and 2)
Details on redox couples and the calculation of redox potentials are provided in Appendix 10. The
different organic matter samples used in all studies are described in detail in Appendix 11. All DOM
electron transfer experiments were carried out under the exclusion of light, with deoxygenated
solutions, and in conditioned headspace vials prepared in an anaerobic glovebox at room temperature.
DOM solutions were sterile filtered and incubations were run for 24 to 350 h, depending on the
experiment. Samples were taken at different time steps to analyze the concentration of inorganic
reaction product in the solution.
For the determination of electron donor capacities PPHA and organic matter rich water from the
MerBleue peatland (MBDOM) were oxidized by ferric Fe complexed with different ligands (study 1).
[Fe(bipyridyl)3]3+, [Fe(citrate)]0, [Fe(CN)6]3- and [Fe(OH)x](3-x)+ were the Fe complexes used to
provide reactants with a standard redox potential in the range of -0.3 to +1.1 V under “in assay”
conditions. DOC concentrations were varied in the environmentally relevant range from 5-100 mg L-1
and pH values between 4.5 and 8 were tested (Table 1). The experimental electron transfer from DOM
to Fe was quantified by spectrophotometric measurement of Fe(III) reduction to Fe(II) and the electron
donor capacity (EDC) was calculated by normalization to carbon concentration.
EAC of humic substances was determined indirectly by measuring the EDC to Fe(III) before and
after a 4 h electrochemical reduction treatment of the organic molecules. As an alternative to this
indirect procedure two methods of direct EAC determination were developed, in which electron
transfer from H2S or Zn(0) to humic substances was quantified by measurement of the oxidized S and
Zn reaction products. Details of the sulfur method are described elsewhere (Heitmann and Blodau,
2006). In the Zn experiments DOM solution with DOC concentration of 5-100 mg L-1 was incubated
with coarse metallic Zn grains and release of Zn2+ into the solution was used to calculate EAC. In
addition to organic matter molecules Zn0 also reacts with water and forming Zn2+ and H2 in a pH
dependent reaction. To estimate the importance of side reactions and elucidate the applicability of the
Zn method for the determination of EAC, pH-stat experiments with and without DOM were carried
out, in which Zn2+ concentration, proton consumption, and H2 production were monitored.
All organic matter samples used reduced Fe(III) to Fe(II) and were such oxidized (Fig. 6). Ferrous
Fe formation increased almost linearly with the DOM concentration, confirming that organic
substances were the electron source (Fig. 7). The electron donor capacity of DOM was calculated from
Fe(II) production and was between 0.07 to 1.52 mequiv (g C)-1. The reaction rate decreased over time
and constant Fe(II) concentrations were reached after 24-160 h. The reaction progress could be
adequately modelled using two pools of redox active DOM functionalities, yielding rate constants in
the range of 0.03 to 27 h-1. Both EDC and reaction rate constant varied with the aqueous Fe species
predominant in solution under experimental pH conditions and determined electron transfer decreased
in the order of the Fe complexes [Fe(bipyridyl)3]3+ > [Fe(citrate)]0 ~ [Fe(CN)6]3- > [Fe(OH)x](3-x)+.
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All DOM samples were also reduced by H2S or metallic zinc, as the production of thiosulfate
respectively Zn2+ showed (Fig. 9). Similar to DOM oxidation assays the amount of inorganic reaction
product increased with DOC concentration (Fig. 10). The electron accepting capacity of humic
substances calculated from S2O32- respectively Zn2+ production, amounted to 0.6-6.2 mequiv (g C)-1.
Reaction rates decreased over time for the first 50 h and rate constants were between 0.1 and 6.5 h-1.
The DOM reduction by metallic zinc proved to be an applicable and robust method of EAC
determination only in short experiments and under careful application due to substantial side reactions.
Zn2+ release at pH 6.5 in DOM containing assays was substantially higher than in assays lacking DOM
during the first 24 h of incubations (Fig. 16). On longer time periods the reaction of Zn with water and
possibly also precipitation of Zn hydroxide and reaction of DOM with H2 occurred (Benz et al., 1998;
Stumm and Morgan, 1996) and interfered with the quantification of electron transfer by measurement
of dissolved Zn2+.
In contrast to previous studies applying reaction time periods between 15 min to 24 h for the
determination of electron transfer from DOM to Fe(III) (Chen et al., 2003; Lovley et al., 1996;
Matthiessen, 1994; Scott et al., 1998) reactions times ranging from 24 h to 160 h are recommended
according to the results of our kinetic experiments. With apparent reaction rates of 0.03 - 27 h-1,
however, the electron transfer reactions of organic matter are still sufficiently fast to compete with
other redox processes in natural environments such as H2S facilitated reduction of oxygen or
crystalline Fe (Barry et al., 1994; Heitmann and Blodau, 2006).
The range of electron transfer capacities of organic matter reported in literature could be
reproduced by varying determination method and inorganic reactant (Chen et al., 2003; Kappler and
Haderlein, 2003; Matthiessen, 1994; Scott et al., 1998; Struyk and Sposito, 2001). This suggests that
previously observed differences in ETC are likely not due to DOM properties alone but also due to
different redox conditions in the experimental assays.
Under “in assay” conditions, the used inorganic reactant had different half reaction redox potential
ranging from -0.86 to +1.11 V. The direction and the amount of observed electron transfer was
apparently controlled by the Eh of the predominant inorganic redox couple in solution
(ETC = 1.016 * Eh - 0.138; R2 = 0.87) (Fig. 11). With increasing redox potential from < 0
([Fe(OH)x](3-x)+) to > 1 V ([Fe(bipyridyl)3]3+) the carbon normalized Fe reduction increased (Fig. 11),
suggesting that redox active humic moieties of increasing Eh were activated and drawn into electron
transfer with increasing solution redox potential (Helburn and Maccarthy, 1994; Matthiessen, 1994).
Consistently, the direction of electron transfer was reversed for the DOM reduction assays with H 2S
and Zn0 and the EAC was higher for Zn (-0.86 V) than for H2S (-0.19 V). Furthermore the reaction
rates appeared to increase with growing Eh. This observation is in agreement with previously found
linear free energy relationships between the observed rate constant and the redox potential (Dunnivant
et al., 1992).
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The high aromatic and humified PPHA sample, as indicated by UV absorbance, fluorescence and
FTIR spectroscopy, showed consistently higher electron transfer capacity to ferric iron, sulfide or zinc
than less aromatic MBDOM and even lower electron transfer from Zn to DOM was recorded for low
aromatic humic substances (SRDOM, BRDOM, EVDOM, Fig. 22 and 23). In accordance with
previous studies the potential for electron transfer was linked to aromaticity of the organic matter
samples (Scott et al., 1998), suggesting that quinones and polyphenols of different redox potential
were the main redox active functionalities also over the wide range of redox potentials applied in our
study (Helburn and Maccarthy, 1994).

2. DOM redox reactivity with As (study 3)
Arsenic redox transformation in DOM solutions was tested by incubating As(III) or As(V) with
different organic matter samples at pH 6 with DOC concentration from 15 to 75 mg L -1. As(III) was
not oxidized by most humic substances on a time scale of 4 to 7 days at pH 6 (Fig. 24 and 25) and this
is in accordance with previous findings (Buschmann et al., 2005). Instead, As(V) reduction was
observed with most organic matter samples (Fig. 26 and 27). Amount and reaction rate, however,
varied strongly and non-systematically for the different assays, DOC concentrations and DOM
samples. Inconclusive results were also found when comparing literature data about abiotic DOM
induced As(V) reduction (Buschmann et al., 2005; Palmer et al., 2006; Tongesayi and Smart, 2006).
We have no evidence for thermodynamic and kinetic effects or experimental artefacts to have caused
the observed high variability. On the one hand non-systematic variation of electron transfer and the
prevention of As(III) production upon addition of the biocide NaN3 point to microbial processes as the
reason for As(V) reduction in our experiments. On the other hand knowledge about potential reactions
of NaN3 with organic matter is lacking and due to the high measures of precaution taken to sterilize
the assays microbial processes also seem unlikely. Such, even though we were unable to identify the
mechanisms and determine consistent rates or capacities for the reaction of As(V) with DOM, As(V)
reduction occurred in the presence of different organic matter samples.

Conclusions
Our studies showed that DOM is able to chemically reduce ferric iron in different aqueous
complexes and oxidize H2S and metallic Zn. The amount of inorganic reaction product increased with
rising DOC concentration, confirming that redox active functional groups of DOM were responsible
for the electron transfer reactions. The observed electron transfer capacity and, within limits, also the
rate of reaction was affected by the redox potential of the inorganic reactant. According to our results
the electron transfer of the studied humic molecules follows a redox ladder that encompasses redox
couples ranging from Eh < -0.48 V to > +0.83 V. DOM redox properties thus provide a functional
analogy to DOM acid-base properties, which have been characterized as a continuum of functionalities
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with different pK values within the same DOM sample. Due to the low redox potential of the Zn
couple and the consequently large electromotive force applied the high EAC determined with the Zn
method should be seen as an upper limit that may not be reached in natural systems and possibly
caused a irreversible alteration of DOM structure
The results of spectroscopic analysis suggest humified and aromatic rich organic matter to be
more capable of electron transfer, supporting previous studies assuming quinones as the most
important redox active moieties. Therefore humics from terrestrial origin, such as peatland
environments, might be a particularly efficient redox active material and act as electron shuttles, i.e.
between microorganisms and inorganic substrates. As peatlands represent environments rich in
organic matter but especially poor in other electron acceptors and donors, DOM redox activity may
contribute substantially to electron transfer reactions there. Considering the fast kinetics of the electron
transfer and the abundance and mobility of DOM, humics may play a role for electron-transfer
processes and the buffering of redox potentials also in other environments such aquifers, soils or
dystrophic lakes.
In contrast to the other inorganic reactants our experiments indicate that the potential of DOM to
chemically reduce or oxidize As is low. In the presence of DOM As(V) was reduced in relatively short
periods of time, nonetheless, possibly due to microbially induced reactions. These experiments also
show that our understanding of mechanisms and controls on DOM electron transfer reactions is still
limited. It remains unclear, whether low reactivity of DOM with As is due to low Gibbs free reaction
energy or kinetic and steric effects.

II. Aqueous and Surface Complexation Reactions of As and DOM
In organic matter rich waters the immobilization of As by binding to the solid phase is impeded by
the presence of humic substances. Equilibrium concentrations of As(III) and As(V) oxyanions in the
aqueous phase are lowered by binding to organic molecules through covalent bonds, ionic interactions
or cation bridging complexes (Buschmann et al., 2006; Redman et al., 2002; Saada et al., 2003;
Thanabalasingam and Pickering, 1986). Chelation of Fe cations by DOM and sorption of organic
molecules on forming Fe oxide surfaces furthermore reduces the formation and sedimentation of Fe
oxide mineral phases, which represent an important sorbent for As (Kaiser and Zech, 1997; Pullin and
Cabaniss, 2003). Arsenic attached to suspended colloids can be co-transported in aquifers and surface
waters (Astrom and Corin, 2000; Puls and Powell, 1992). Also, the competition for mineral sorption
sites with DOM anions interferes with the sorption of dissolved As on mineral solid phases, such as Fe
and Al oxides or silicates (Grafe et al., 2001; Grafe et al., 2002; Redman et al., 2002; Smith et al.,
2002; Waltham and Eick, 2002; Xu et al., 1991).
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The presence of organic matter shifts the As sorption equilibrium between mineral phases and
liquid phase in favour of the solution and thus increases the mobility of the toxic element. It is
unknown, though, whether DOM induced As release also occurs from natural soil or sediment
samples, which consist of a mixture of mineral and organic phases. Also we are lacking information
about the potential of DOC and Fe containing colloids to bind and co-transport As. Little is known
about the conditions, under which these aggregates do form, such as pH, ionic strength and aqueous
concentrations of DOC or Fe, about their size range as well as about As binding mechanisms. In order
to understand As dynamics in environments rich in organic matter and Fe the knowledge about these
processes is strongly required.
This study therefore analyzed on the effect of DOM to increase As presence in the aqueous phase.
We examined the experimental formation of aqueous complexes and colloids containing As, Fe and
DOM for different initial concentrations, DOM samples and conditions of pH and ionic strength. We
aimed to identify the mechanisms contributing to As binding in these colloidal entities. Furthermore
As sorption and desorption was investigated with Fe oxides and natural soil or sediment samples from
different geochemical origin. In addition to previous studies we also considered possible effects of
DOM on the As redox state in these experiments.

1. Complex and colloid formation in solutions with Fe, DOM and As (study 4 and 5)
We carried out aqueous complexation and colloid formation batch experiments with different
DOM samples (Table 9). The standard assays were started by mixing aqueous As(V), DOM and
Fe(III) at pH 3 (Fig. 28). Raising the pH initiated the formation of aquatic complexes and colloids
containing Fe, DOM and As. After incubation for 0.5-144 h, solution aliquots were size fractionated
by filtration (0.2 µm, 50 kDa, 5 kDa) and filtrates were analyzed for As, Fe and C concentration. In
variation of this standard procedure initial conditions were changed in the range from 0 to 40
mg L-1 C, 0 to 200 µmol L-1 Fe, and from pH 4 to 8. Alternatively, As association with DOM and Fe
containing aggregates was studied in dialysis experiments at pH 6. The partitioning of As between a
deionized water phase and organic matter solutions amended with different amounts of Fe(III) was
analyzed during incubations of up to 1 month duration by measuring As, Fe and C concentration in the
dialysate and dialysis solution.
Preliminary experiments revealed that in the absence of humic substances Fe at a concentration of
80 µmol L-1 Fe(III) completely precipitated and sedimented as Fe oxide in aggregates larger than 0.2
µm. All As(V) present in these solutions was adsorbed to this solid phase and also removed by
filtration (Dixit and Hering, 2003). In presence of 20 mg L-1 DOC, however, substantial amounts of Fe
and As were also found in aggregates smaller than 0.2 µm in size (Fig. 29). Organic molecules
apparently interfered with the formation and the sedimentation of Fe phases, a phenomenon which has
previously been attributed to the aqueous complexation of Fe cations and the formation of DOM
stabilized Fe colloid particles (Liang and Morgan, 1990; Pullin and Cabaniss, 2003; Tipping et al.,
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2002). Arsenic was still predominantly associated with Fe, as the correlation of As and Fe
concentrations suggest, and such the presence of DOM also increased the amount of As in small size
classes. The formation of aqueous complexes and colloids took place within the first 24 h of
incubation, leading to constant concentrations of Fe, DOC and As in the different size classes (Fig.
30).
The size of forming aggregates varied with the initial ratio of Fe to DOC in the solution (Fig. 34).
Fe and DOC containing colloids were smallest at a Fe/DOC ratio < 0.02 (mol mol -1). Aqueous
complexation model calculation with the WINHUMIC model (Tipping, 1994) suggested that at these
low Fe concentrations DOM was able to bind all Fe cations in aqueous complexes and that way
reduced the availability of Fe(III) for mineral precipitation (Fig. 35). Arsenic was mostly in the size
class smaller than 5 kDa under these conditions and association of As with aggregates through
covalent bonds or cation bridges was apparently low (Buschmann et al., 2006; Redman et al., 2002).
With rising Fe/DOC ratio the amount of Fe in large colloids increased and all Fe was present in
structures > 0.2 µm above a molar ratio of Fe/DOC = 0.1 in PPHA solution. According to model
results, Fe chelating functionalities of organic matter were saturated at a molar Fe/DOC ratio above
0.02. Excess Fe was therefore subject to Fe oxide precipitation. The sorption of humic substances on
the surface of forming Fe mineral phases still substantially interfered with mineral growth and particle
sedimentation up to a Fe/DOC ratio of 0.1 (Liang and Morgan, 1990; Pullin and Cabaniss, 2003). The
effect of rising Fe/DOC ratio on the As distribution in the different size fractions was similar to that of
Fe, indicating that As was predominantly bound to Fe particles despite potential sorption competition
effects with organic molecules (Dixit and Hering, 2003; Grafe et al., 2002).
The use of SRDOM limited particle growth more strongly than PPHA (Fig. 30). We attribute this
to the initially larger amount of low molecular weight structures compared to PPHA, and the higher
availability of Fe chelating carboxyl groups in these low weight fractions (Amirbahman and Olson,
1995). The development of predominantly large DOC, Fe and As containing flocs at a low pH of 4 is
explained by charge neutralization and the hydrophobic coagulation of humic substances in the
presence of dissolved Fe (Kaiser, 1998; Nierop et al., 2002) (Fig. 32).
Longer reaction time periods of 2 to 4 weeks were required in dialysis experiments, but this was
due to equilibration at the dialysis membrane rather than the formation of the aqueous associations
containing Fe, DOC and As. In these assays organic matter also served to suspend inherently present
or added Fe in the solution by forming non-colloidal DOM-Fe complexes or Fe-DOM colloids
(Fig. 37 and 38). In analogy to the batch experiments As was associated with Fe and DOM containing
aggregates and As binding to these structures increased with rising Fe concentration of the humic acid
solution, i.e. Fe/C ratio (Fig. 41).
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2. Influence of DOM on As binding to mineral surfaces (study 6)
Arsenic sorption to mineral surfaces was also analyzed in batch experiments. Synthetic goethite
was suspended in As(III) or As(V) solution for 24 h at pH 6. After removal of the supernatant the
goethite with sorbed As was resuspended in a solution containing 0 or 25 mg C L -1. In similar assays,
As contaminated soil and sediment samples were suspended in solutions with DOC concentration
between 0 and 100 mg C L-1. The change in aqueous As concentrations was monitored in intervals for
up to 240 h in the assays. The DOM facilitated As release from soil and sediment samples was
compared to chemical As extraction from different mineral pools.
The addition of DOM to previously prepared synthetic goethite with sorbed As(V) or As(III) did
not results in the formation of As containing colloids > 0.45 µm in size. However, substantial, rapid
As release from the solid phase was observed and amounted to 5.3-13.3 µmol (g Goethite)-1 or 10 to
53 % of all goethite bound As (Fig. 44), which was within the range of previously reported data for
different Fe oxides (Grafe et al., 2001; Grafe et al., 2002; Redman et al., 2002). Arsenic mobilization
increased with DOC concentration and organic matter was concurrently removed from the aqueous
phase, suggesting that competition for Fe oxide sorption sites between organic matter and As anions
was the main As release mechanism.
DOM solutions also had a strong potential to desorb As from different natural soil and sediment
samples (Table 17, Fig. 45). The relative release of 0-2.9 % of total As was substantially lower than
from synthetic goethite. In natural samples As was not only sorbed to mineral surfaces but also
incorporated in other mineral structures only extractable with strong acids (Keon et al., 2001; Lombi et
al., 2000). But similar to experiments with synthetic goethite, As release from soil samples rich in Fe
oxides was rapid, increased with DOC concentrations and involved the concomittant sorption of
DOM.

3. Aqueous and surface complexation reactions and the redox speciation of As
The As redox speciation was monitored for selected experiments of complexation colloid
formation and desorption. Arsenic redox state affected its presence in the aqueous complexes or
colloids and the desorption of As from Fe oxide. The fraction of As associated with aqueous
aggregates was lower when As(III) was used instead of As(V) under otherwise identical reaction
conditions. In accordance with previous observations As(III) was also more easily desorbed from
synthetic goethite than As(V) during desorption experiments (Jain et al., 1999; Waltham and Eick,
2002). The presence of DOM, however, did not substantially reduce As(V) to As(III) in both aqueous
complexation and desorption assays. Under the experimental conditions As release due to reduction by
humic substances was therefore negligible.
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Conclusions
Compared to experiments without humic substances the presence of DOM strongly interfered with
the precipitation and sedimentation of Fe oxides minerals in DOC and Fe containing solutions and
lead to the formation of colloids smaller than > 0.2 µm. Organic molecules facilitated the aqueous
chelation of Fe3+ and prevented mineral growth and sedimentation by binding on Fe oxide surfaces.
Consequently the size of the forming colloids decreased with declining Fe concentration and Fe/C
ratio. Arsenic content in the colloids strongly related to the presence of Fe, showing that As is
predominantly bound to Fe oxide mineral phases.
DOM also had a strong potential to mobilize As from synthetic Fe oxides and natural soil or
sediment material by sorption competition between As and organic matter anions for mineral sorption
sites. Arsenic was released into the solution as free ion and no mobilization of As containing mineral
colloids larger than 0.45µm was observed. Organic matter is apparently more efficient in stabilizing
small, freshly forming Fe particles in the aqueous phase than in mobilizing large and fully precipitated
Fe oxide minerals.
Humic substances are abundant in most natural waters and in rivers and soils a substantial fraction
of Fe is transported in chelates or colloidal associations with DOM of 1 kDa to 0.8 µm size. According
to our results a co-transport of As in these complexes or colloids likely occurs and must be expected in
organic matter rich soils, wetlands or groundwater especially under transient redox conditions and
with a low Fe/DOC ration in the solute phase. Co-transport leads to a lower As retention and higher
As mobility than would be expected for Fe rich systems under oxic conditions. The DOM induced
desorption of As must be considered in all systems receiving high organic matter percolate, but only
the weakly sorbed fraction of As in natural soils and sediments is affected by the sorption competition
with DOM.

III. Effect of DOM Load on the As Mobilization (study 7)
The fate of Fe oxide bound As is important in aquifers and surface waters potentially used as
drinking water supply (Smedley and Kinniburgh, 2002), but also in anoxic environments such as near
landfills or contaminated sites (Ghosh et al., 2006; Koeber et al., 2005). As shown in the previous
chapters, organic matter has a high potential to increase As mobility by chemical reactions especially
through aqueous and surface complexation. The relevance of chemical As mobilization mechanisms in
microbially active laboratory column experiments has not previously been tested. In these systems
normally microbial degradation of organic matter and concurrent reduction of Fe oxides are the
dominant As release mechanisms while As is potentially reimmobilized by binding to sulfide minerals
under sulfate reducing conditions (Bostick and Fendorf, 2003; Herbel and Fendorf, 2006; Islam et al.,
2004; Kirk et al., 2004; Kocar et al., 2006; Koeber et al., 2005; O'Day et al., 2004).
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High availability of DOM affects microbial respiration and affects Fe(III) or sulfate reduction and
As mobilization. Arsenic release by Fe oxide dissolution under reducing condition could be
compensated by binding on forming iron sulfide minerals, but Fe reducing bacteria often outcompete
sulfate reducers. Sulfate reduction becomes favourable only when Fe oxides are depleted, thus
preventing the simultaneous presence of aqueous Fe(II) and S(-II) and the precipitation of iron sulfide
minerals. Alternatively, however, a similar situation may arise when respiration is not limited by the
availability of electron donors, i.e. when the availability of degradable organic substrates is high.
It is currently unclear how different DOC loads influence the release and sequestration of As. Our
experiments were therefore designed to elucidate the effect of increasing carbon concentration on the
rate of anaerobic microbial respiration and the release of Fe and As from a column by mineral
dissolution or desorption. Finally we wanted to test whether at high availability of DOC simultaneous
reduction of Fe oxides and sulfate occurs and induces As immobilization with sulfide minerals.
To these ends we carried out four column experiments with ferrihydrite coated sand and sorbed
As(V), receiving percolate with different dissolved organic matter concentrations. The percolate
inflow concentrations were 0, 5, 20 or 100 mg L-1 DOC and 2 mmol L-1 SO42- buffered at pH 6.5.
Water samples taken in intervals from column outflow and the sampling port along the flowpath were
analyzed for Fe2+, S2-, DOC, CO2 and As concentrations. At the end of the experiment the column
solid phase was chemically extracted and the content of Fe, S and As in different mineral pools were
analyzed.
Percolation of the column with dissolved organic matter solution resulted in the export of
dissolved As, Fe(II) and S(-II) in the column outflow (Fig. 48). Outflow and sampling port
concentrations of these species were higher and increased earlier with rising DOC concentrations in
the percolate (Fig. 49). Mass balance calculations furthermore showed that degradation of organic
matter and production of CO2 occurred within the columns. In accordance with our hypothesis an
increased supply of degradable organic matter apparently induced higher rates of microbial respiration
in the column and lead to a higher release of Fe and As from the solid phase.
Dissolved As concentrations increased almost concurrently with Fe2+, suggesting As mobilization
mainly due to reductive Fe oxide dissolution (Herbel and Fendorf, 2006; Kocar et al., 2006). After a
phase of high As release aqueous concentrations decreased in the columns receiving 20 and 100
mg L-1 DOC. This might indicate re-immobilization or incorporation of mobile As during
transformation of ferrihydrite to magnetite (Pedersen et al., 2006), but may also be due to the overall
depletion of Fe oxides and solid phase As in parts of the column. Sulfate reduction to sulfide was only
observed in the columns receiving 20 and 100 mg L-1 DOC percolates, when Fe oxides were almost
depleted and most Fe and As had already been exported. Our hypothesis that raising the DOM load
would lead to concurrent reduction of Fe oxides and sulfate and in turn to a partial immobilization of
released As with sulfides could not be confirmed (Bostick and Fendorf, 2003; O'Day et al., 2004).
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Physicochemical As mobilization by sorption competition or colloid formation between DOM and
As was not observed. Arsenic concentrations remained low in the initial phase of all column
experiments, in which Fe reduction was still low. Independent of DOM concentration the organic
molecules did apparently not substantially release As from the solid phase by redox transformation,
desorption or colloid mobilization (Grafe et al., 2002; Tadanier et al., 2005). This might be partly due
to reimmobilization of released As on the way through the column, but also shows that the importance
of chemical DOM facilitated As mobilization was low compared to the effects of microbial Fe
reduction.
Our experiments corroborate earlier studies about the reductive mobilization of As from Fe phases
in column experiments. Raising DOM input concentration did not change the sequence of redox
processes, but increased the concentrations of DIC, As, Fe2+, and S2- in the column porewater and
outflow. Arsenic export was coupled to reductive Fe oxide dissolution and Fe oxide transformation
processes. Sulfate reduction was observed only when Fe oxides were almost depleted in the column
and most Fe and As had already been exported. Our hypothesis that raising the DOM load would lead
to concurrent reduction of Fe oxides and sulfate and, in turn, to a partial immobilization of released As
with sulfides could not be confirmed. We cannot say to what extent such results can be extrapolated to
aquifer materials, but possibly the high reactivity of the freshly precipitated Fe oxides played a role for
the predominance of Fe reduction. A physicochemical mobilization of As by DOM due to redox
transformation, sorption competition or colloid formation, was not observed. We do not exclude the
occurrence of these processes in the studied column experiments, but their importance for overall As
mobilization was low compared to the effects of microbial Fe reduction.

IV. Arsenic Mobility and Retention in Organic Matter Rich Peat Soils
Wetland soils cover large areas in valleys and lowlands, where groundwater occurs close to the
land surface and represent retention and accumulation zones for trace metals and metalloids including
As (Gonzalez et al., 2006; Meharg et al., 2006; Pfeifer et al., 2004; Steinmann and Shotyk, 1997;
Szramek et al., 2004). While in most soils and sediments As is mainly bound to mineral phases, such
as metal oxides or sulfides, organic matter is a major constituent of peatland soils and potentially an
additional As sorbent (Bhattacharya et al., 2001; Gonzalez et al., 2006; Keon-Blute et al., 2004).
Dissolved organic molecules, however, might also interfere with As binding on mineral surfaces as a
competitor for sorption sites (Grafe et al., 2001; Grafe et al., 2002). Moreover, due to water table
fluctuations, e.g. because of seasonal effects, drainage, climate change or peat burial in sediments,
many wetland systems are subject to drying and wetting (Gorham, 1991; Meharg et al., 2006). The
resulting changes in redox conditions affect the retention and transport of As and may cause As
contamination in aquifers or surface waters (Huang and Matzner, 2006; McArthur et al., 2004).
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Land use and climate change alter the water regime of wetlands in many areas of the world and in
the face of this development information about the geochemistry of As in these environments is
strongly required. Little is known, though, about the effect of changing geochemical conditions on the
short-term dynamics and the long-term storage of As in organic matter rich soils. Data about the
relative importance of different As sorbents in these systems, such as metal oxides, sulfide minerals or
solid phase organic matter, is scarce and the effect of changing water tables and fluctuating redox
conditions on the strength and stability of As binding in these phases has not yet been studied.
To improve our understanding of As dynamics in organic matter rich systems we carried out
laboratory mesocosm experiments and field investigations. In the laboratory study fen soil material
was incubated in undisturbed mesocosms, and subjected to a drying and rewetting cycle under
controlled boundary conditions. We aimed to identify the important As mobilization and
immobilization mechanisms and to elucidate the dynamics of As, Fe and S turnover in the soil in high
temporal and spacial resolution. At the field site chemical analyses were conducted out to estimate the
As transport and retention longer time scales of years to millenia. The current solid phase distribution
of As was used in combination with porewater data and elemental flux calculations to identify current
processes of As mobilization and immobilization, and to infer mechanisms and time periods leading to
the extraordinary high As contents found in these soils.

1. Arsenic in peat mesocosms subject to drying and rewetting (Study 8)
For the laboratory mesocosm study three peat cores, 70 cm deep, from the minerotrophic
Schlöppnerbrunnen II peatland were incubated in a 15°C climate chamber in a dried and rewetted
vegetated treatment, a dried and rewetted non-vegetated treatment and a vegetated treatment at
constant water level. The mesocosm experiments were run for 10 months and included one cycle of
drying and subsequent rewetting. Samples were taken in high spatial and temporal resolution during
the experiment and the solute phase was analyzed for reduced and oxidized species of Fe, S and DOC.
In weekly intervals the aqueous species As(III) and As(V) were measured. Elemental turnover rates
were determined with a mass balance approach. At the end of the experiments dried and ground peat
samples were chemically extracted and elemental content was determined for different extraction
pools in the soil.
In the peat mesocosms investigated, the As contained in the solid phase decreased with depth and
varied between 5 and 25 mg kg-1. Most As was found in acid extracts, which dissolve metal oxides,
acid volatile sulfides, and carbonates. A correlation analysis suggested that Fe oxides were the most
important sorbents (Dixit and Hering, 2003; Wallmann et al., 1993) (Fig. 51). The residual fraction
gained in relative importance in the deeper, mostly anoxic, and strongly reduced peat and may have
contained organically bound As and As associated with sulfide minerals (Bostick and Fendorf, 2003;
Buschmann et al., 2006; Rochette et al., 2000; Thanabalasingam and Pickering, 1986).
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Dissolved As reached high concentrations of 10 to 300 µg L-1 under saturated conditions and
As(III) was the predominant species at all depth in the peat cores except for the surface layer under
highly unsaturated conditions (Fig. 55 and 57). The presence of plants and root activity was important
for two reasons. On the one hand Fe oxide coatings are able to precipitate along oxygen transporting
roots in the field, increasing the As sorption capacity in the peat core (Jacob and Otte, 2003; KeonBlute et al., 2004). On the other hand root exudates may have increased As mobilization by sorption
competition reactions and as they are easily degradable and inhance microbial respiration.
During drought dissolved As(III) was oxidized to As(V) and total aqueous concentrations
dropped. Rewetting resulted in a mobilization pulse of As of 0.018 mmol m-3 d-1 within days and was
highly correlated to release of Fe(II) of up to 20 mmol m-3 d-1 (Fig. 60). Thus the dynamics of As
during drying and rewetting was coupled to Fe dynamics. Both elements were immobilized following
oxidation during the dry period and rapidly released by Fe reduction and associated As mobilization
upon rewetting. A similar coupling was previously observed for field studies and laboratory
experiments, but was not shown for a peatland with natural As background (La Force et al., 2000;
Masscheleyn et al., 1991).

2. Arsenic in degraded peatland soil (Study 9)
At the investigated field site the organic matter rich calcic/mollic gleysols are underlain by
dolomitic fluviglacial deposits representing the quarternary aquifer. The two sampling spots about 50
m apart, furthermore referred to as site A and site B, varied especially in the solid phase Fe content,
which was 5 times higher on site B than on site A. Soil porewater and groundwater was sampled at
both sites from piezometers and suction cups installed at different depths and from a nearby
groundwater well. The concentration and speciation of As and Fe was determined in the water samples
as well as DOC, CO2 and the redox sensitive parameters sulfate, nitrate and oxygen. The soil samples
were taken at four depths and subjected to X-ray diffractometry and chemical extractions to analyze
the mineralogy and As content of various soil mineral pools in different soil horizons.
With up to 3400 mg kg-1 in the topsoil the solid phase As content on the degraded peatland field
site was very high compared to the studied peat mesososms and other natural sites (Gonzalez et al.,
2006; Huang and Matzner, 2006; La Force et al., 2000; Masscheleyn et al., 1991; Steinmann and
Shotyk, 1997). Arsenic content decreased strongly with depth to 15 mg kg-1 and amorphous and
crystalline Fe precipitates were the main sorbents for As in all soil horizons according to results from
wet chemical extractions (Fig. 63 and 64). This is not surprising given the high abundance of Fe
oxides in the soil and the high affinity of As to sorb on Fe oxides phases (Dixit and Hering, 2003). The
association of As with Fe phases also explains the similar depth distribution of both elements and the
higher As content of the Fe rich site B compared to site A.
The soil horizons also had a high content of organic carbon and calcite. Arsenic was apparently
not associated with the calcite and dolomite phases, but a substantial portion of up to 31 % of As tot
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could be mobilized by dispersion of soil organic matter. The importance of this As fraction increased
with decreasing Fe content and can be attributed to covalent or ionic binding mechanisms (Buschmann
et al., 2006; Ritter et al., 2006; Thanabalasingam and Pickering, 1986). Moreover, the presence of
organic matter was hypothesized to cause a more amorphous structure of Fe precipitates leading to a
higher availability of surface sorption sites (Pfeifer et al., 2004).
Due to maximum aqueous As concentrations of up to 467 µg L-1, the groundwater is considered as
the primary source of As at the field site. As(III) was the predominant As species in the groundwater,
but during the transport towards the surface oxidation, dilution and immobilization of As occurred,
causing low aqueous concentrations below 10 µg L-1 and a dominance of As(V) in the soil porewater
(Fig. 61).
According to the results of simple one-dimensional estimates the vertical As transport from the
source in the groundwater to the topsoil was slow under the current conditions and to accumulate the
amount of Fe and As found in the topsoil horizons today a time period of more than 10.000 years
would be required. This suggests that As enrichment started before the beginning of drainage in the
peatland soils. Under these likely more reducing conditions As binding to sulfide minerals and solid
phase organic matter might have been more important than in the mostly oxic soils found today
(Gonzalez et al., 2006; Keon-Blute et al., 2004; Pfeifer et al., 2004). Drainage is likely to have caused
the oxidation of the sulfides and organic matter, and released As was efficiently readsorbed on the
precipitated Fe oxides (Thornburg and Sahai, 2004), which represent the main As sorbent now. The
soil mass loss due to the decomposition of the organic peat material under oxic conditions may have
intensified the enrichment and accumulation of As, explaining the very high As content found in the
topsoil horizon.

Conclusions
Arsenic in peatland mesososms and degraded peatland soils was predominantly associated with Fe
oxide phases, and the aqueous dynamics of As and Fe were essentially coupled for both peatland soils.
During dry periods or drainage and in oxic zones As and Fe were immobilized following oxidation,
but a rapid mobilization by Fe reduction and associated As release occurred after rewetting of the
laboratory mesocosms. In organic matter dominated layers As was partly released by organic matter
dispersion and a large residual, probably sulfide bound As fraction was observed in more reduced soil
horizons.
In the long-term, both the minerotrophic wetland and the degraded peatland seem to serve as
effective sinks for As due to the high abundance of reactive Fe oxides. Aqueous As concentrations
declined under oxic conditions. On the degraded peatland site the drawdown of the water table by
drainage apparently caused the stabilization and accumulation of As in the oxic topsoil layer due to.
Temporarily, however, As can be mobilized at high concentration levels when water saturated and
anoxic conditions are established, especially in the uppermost active peat layer, where As was
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predominantly sorbed to Fe mineral phases. The mesocosm experiments revealed a quick response of
aqueous As concentrations on changes in the boundary conditions.
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Conclusions and Outlook
Arsenic is an element highly abundant and ubiquitious in the earth crust. Exposure to As has
strongly toxic effects and poses a threat for humans health particularly where drinking water resources
are affected. Geochemical processes cause As release from the solid phase and accumulation in the
water phase and there is increasing evidence that the presence of natural organic matter strongly
affects As mobility.
Our own laboratory studies support the assumption that DOM increases the mobility and lowers
the retention of As. In the presence of humic substances aqueous As(V) was - either chemically or
microbially- reduced to As(III), which is believed to be less stably bound to metal oxide minerals.
Even more clearly organic matter prevented the precipitation and sedimentation of Fe oxide minerals
and promoted the formation of DOM and Fe containing colloids and complexes in waters with low to
moderate Fe/C ratios up to 0.1. This impeded As co-precipitation and sedimentation, increasing the
fraction of mobile As in the ionic or colloidal form. Finally, the addition of DOM solution to As
containing synthetic and natural mineral phases also lead to As release into the solute phase by
competition between As and DOM anions for mineral sorption sites.
Humic substances thus shifted As partitioning in favour of the aqueous phase in our laboratory
batch experiments. The potential of DOM to increase As mobility due to these chemical processes
must therefore also be considered in natural systems, such as aquifers, surface waters, and soils or
sediments. The DOM induced reduction of As(V) and the competition for mineral sorption sites
between DOM and As anions must be expected to increase As mobility in all environments with high
DOC concentrations, where metal oxide minerals represent the main As sink. The formation of As
containing aqueous complexes and colloids will be of important especially where DOM, Fe and As
rich are subject to changing redox conditions, i.e. during water treatment, during groundwater
exfiltration into surface waters, or in water discharged from temporarily reducing wetland soils.
Our own findings in the peatland soil studies to some extent contrast the general assumption of an
increased As mobility in organic matter rich environments. In accordance to previous observations the
two studied peatlands soils represent zones of As retention and natural sinks despite the high organic
matter presence in solid and aqueous phase. This is due to the abundance of Fe oxides in these soils.
Arsenic was mainly associated with these Fe oxide minerals and consequently the highest As
enrichment was found in the most oxic and Fe oxide rich soil layers close to the surface. Neither high
DOC concentrations nor the - at least temporarily - high water table interfered with this natural As
accumulation process.
The stability of As binding strongly decreased when the redox conditions changed, though. During
the laboratory incubation of peatland soil, high water content and more reducing redox conditions lead
to an increased As mobilization. Arsenic and Fe were released concurrently from the solid phase in
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their reduced redox states in short periods of time due to redox transformation and Fe oxide
dissolution. Also in the laboratory column experiments As release was controlled by reductive Fe
oxide dissolution, which increased with organic matter load.
Microbially induced reduction processes apparently dominated the As mobilization in both
peatland and column systems and our studies did not provide any evidence for a direct chemical As
mobilization by DOM. Nonetheless, we can not exclude the occurrence of chemical interactions
between As and DOM in the column experiments as the high reaction rates of microbial processes
may have concealed the effects of abiotic As release.
Whether organic matter electron transfer reactions contributed to the redox transformation of Fe or
As in these natural systems remains unclear. Our experiments, however, support previous finding that
organic matter represents a viable electron transfer agent with various inorganic reactants, such as Fe
compounds, at considerably fast reaction rates. The electron transfer capacity and reaction rates of
organic matter depended on the redox potential and the Gibbs free energy of reaction, and apparently
represented a redox ladder, in analogy to the acid base properties of DOM. Thus, DOM moieties might
have been involved in electron transfer or shuttling to As or Fe species over a wide range of redox
conditions in the soils. Generally, in all environmental systems rich in humic substances the electron
transfer capacity of the organic matter must be considered as a temporal or spatial carrier for electrons.
This is true for soil, sediments, peats, or in high organic matter groundwaters.

This study is not the first to point out the potential of organic substances to influence the fate of As
in the environment, but the information about DOM induced redoxtransformation and the association
of As with aqueous complexes and colloids was previously insufficient. Moreover little was known
about the relevance of these processes in natural systems. In accordance with previous works our
results clearly document DOM-As interactions in laboratory assays and show the potential, especially
of complexation and colloid formation reactions, to increase the As fraction in the mobile aqueous
phase.
By using natural organic matter samples and solid phase material from different environments and
by analyzing peatland soils this work also attempts to elucidate the importance of DOM induced
reaction for As mobility in natural systems. Even though different DOM samples induced As release
from synthetic mineral phases and natural soil or sediment material, the high organic matter peatland
soils represent sinks for geogenic As. It also depends on the biogeochemical conditions whether an
organic matter rich soil or sediment will accumulate or release As. The mobility of As in these systems
increased when conditions became wetter and more reducing. Changes in the water regime, due to
peat drainage, flooding or climatic effects, thus, also directly influence the stability of the As pool in
these soils and may lead increased As export. This findings also support previous reports about As
release from buried peat layers under reducing conditions being the cause for As contamination of
groundwater in parts of South Asia.
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To further improve our understanding of As behaviour in natural organic matter rich systems some
of the tested laboratory methods should be applied to samples from As and DOM rich environments.
This includes the possibility to determine DOM redox state and the procedure to perform size
separation and chemical characterization of complexes and colloids. Also, our experiment were mainly
carried out with dissolved organic matter fractions, but the by far larger pool of organic matter in soils
and sediments is in the solid phase. The properties of solid phase organic matter, whether redox
properties or complexation behaviour, are up to now only very poorly understood. While the present
functional groups are supposedly similar to dissolved organic molecules, the abundance of polar
moieties might be strongly reduced. Whether and how this affects DOM structure and influences the
redox or complexation capacities is unknown.
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Electron Transfer Capacities and
Reaction Kinetics of Peat Dissolved
Organic Matter
M A R K U S B A U E R , * ,† T O B I A S H E I T M A N N , †
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Limnological Research Station and Department of Hydrology,
University of Bayreuth, D-95440 Bayreuth, Germany, and
Department of Chemistry and Geochemistry, Colorado School
of Mines, Golden, Colorado 80401

Information about electron-transfer reactions of dissolved
organic matter (DOM) is lacking. We determined electron
acceptor and donor capacities (EAC and EDC) of a peat
humic acid and an untreated peat DOM by electrochemical
reduction and reduction with metallic Zn and H2S (EAC),
and by oxidation with complexed ferric iron (EDC) at pH 6.5.
DOC concentrations (10-100 mg L-1) and pH values (4.58) were varied in selected experiments. EAC reached
up to 6.2 mequiv‚(g C)-1 and EDC reached up to 1.52 mequiv‚
(g C)-1. EDC decreased with pH and conversion of
chelated to colloidal iron, and the electron-transfer capacity
(ETC) was controlled by the redox potential Eh of the
reactant (ETC ) 1.016‚Eh - 0.138; R 2 ) 0.87; p ) 0.05).
The kinetics could be adequately described by pseudo firstorder rate laws, one or two DOM pools, and time constants
ranging from 2.1 × 10-3 d-1 to 1.9 × 10-2 d-1 for the
fast pool. Reactions were completed after 24-160 h depending
on the redox couple applied. The results indicate that
DOM may act as a redox buffer over electrochemical
potentials ranging from -0.9 to +1.0 V.

Introduction
In natural waters, dissolved organic matter (DOM) plays an
important role for microbial activity (1), pollutant degradation, and metal mobility due to sorption competition and
redox processes (2, 3). Of particular importance are humic
substances, which contain redox-active functional units and
accumulate in the environment due to their recalcitrance.
The redox properties of humic substances have been
particularly attributed to quinones (3, 4), which are ubiquitous
in DOM (5, 6). Based on studies with model compounds,
such as anthraquinone-2,6-disulfonate, juglone, and hydroquinone, a redox transfer of two electrons per quinone
unit has been postulated. Standard redox potentials of these
substances range from <0.3 to >0.69 V (7, 8).
The transfer of two single electrons was also documented
for polyphenolic DOM (9). In addition to quinones, other
moieties are likely involved in redox processes, because
quinone content alone could not explain the amount of
electron transfer (10). DOM redox properties could, for
example, be reproduced by redox titration of mixtures of
model quinones and phenols (8). Electron acceptor (EAC)
* Corresponding author phone: +49 921 552170; fax: +49 921
552366; e-mail: markus.bauer1@uni-bayreuth.de.
† University of Bayreuth.
‡ Colorado School of Mines.
10.1021/es061323j CCC: $37.00
Published on Web 11/24/2006

and donor capacities (EDC) varied from 0.02 mequiv‚(g C)-1
to more than 6 mequiv‚(g C)-1, depending on DOM and
method used (5, 10-14), and Eh0 values ranged from 0.4 to
0.8 V (10, 15), ranking it in the range of many environmentally
relevant redox couples.
While our understanding of the redox properties of humic
substances has grown, our understanding of redox dynamics
in natural waters is impeded by conceptual and experimental
shortcomings. It is presently unclear whether the range of
reported electron-transfer capacities is the result of DOM
properties or variation of experimental procedures. Electrochemical reduction and a diversity of oxidants and
reductants have been used as redox partners in chemical
reactions and microbial assays, all of which may target specific
and different DOM moieties; DOC concentrations ranged
from 5 to 2000 mg L-1; and reaction progress was assumed
to be completed after 15 min to 24 h. The reversibility of the
electron transfer has not been sufficiently addressed and we
are missing a theoretical framework that potentially explains
the observed range of humic substance redox behavior.
To address these research deficiencies we conducted
kinetic experiments with reductants and oxidants for DOM
that cover a wide range of redox potentials under consistent
conditions of pH and ionic strength. To facilitate comparison
to earlier studies, both previously described and new methods
to analyze electron transfer were used on a purified peat
humic acid of the IHSS and an untreated peat DOM. Our
specific objectives were to (1) determine to what extent the
electron-transfer capacity and kinetics of humic rich dissolved
organic matter depends on the reactants used, and (2)
whether electron transfer is related to reactant redox
potentials, i.e., the driving force of the reactions.

Materials and Methods
Sample Preparation. Pahokee Peat reference humic acid
(“PP-HA”; IHSS) was dissolved at pH ∼8, acidified to pH 6
(HCl), filtered (0.45 µm), and diluted to 100 mg C L-1. From
an open pit in the Mer Bleue wetland, Canada, DOM solution
(“MB-DOM”, 71 mg C L-1) was sampled in December, 2004,
frozen in small portions, and filtered after thawing (0.45 µm,
nylon). Freezing most likely changed the DOM quality, for
example due to cell lysis, but it ensured a similar DOM quality
for all experiments. The solutions were characterized regarding carbon and metal content and UV-vis, FTIR, and
fluorescence absorption (Supporting Information, section
1). Experimental assays were carried out under exclusion of
light using reagent grade chemicals and deionized water in
an oxygen-free glovebox (95% nitrogen, 5% hydrogen) or in
deoxygenated headspace vials (FeCN and H2S assays). All
solutions were purged with nitrogen (>99.99%) for at least
30 min before use. Assays were replicated twice with the
exception of reaction of DOM with Zn and H2S (triplicates)
and ferric cyanide (four replicates).
Experiments. To oxidize DOM with varying electromotive
force, PP-HA and MB-DOM solutions were incubated with
ferric iron complexed by different ligands in batch experiments at buffer concentrations of 30 mM, as described in
Table 1. To further vary ferric iron speciation, the pH was
altered in the range of 4.5 to 8. Spectrophotometrically
determined ferrous iron concentrations were corrected using
blanks devoid of ferric iron and DOM. PP-HA and MB
solutions were reduced electrochemically or by reaction with
H2S and metallic Zn. The electromotive force applied
decreased in the order H2S < electrochemical reduction <
metallic Zn (Table 1). Reduction with metallic Zn represents
more strongly reducing conditions than found in most natural
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TABLE 1. Overview of the Experimental Treatments Including the DOM Source, Buffer and pH, the Predominant Redox Couple of
the Reactants, and the Reactant Eh at the End of Each Experimental Run; Experimentally Determined Rate Constants
k(1)
obs for the Rapidly Reacting DOM Pool, Regression Coefficient for the Model Fit, and ETC Values (( Standard Deviation) are
Also Shown
method

DOM

k(1)
obs
(h-1)

Eh
(V)

predominant redox couplea

pH/buffer

R2

ETC
(mequiv × (g C)-1)

SD

0.999

1.52

0.004

0.999
0.999

1.4
1.22

0.12
0.004

9.28

0.999

0.65

0.006

16.2
1.22

0.998
0.998

0.39
0.52

0.11
0.003

0.03

0.999

0.33

0.01

0.05

0.957

1.0

0.01

2.82

0.997

0.11

0.002

Electron Donor Capacity (EDC); Organic Matter Oxidation
FeBiPy
1.11
13.12
[Fe(bipy)3]3+/ [Fe(bipy)3]2+
27
3.54

(1)

PP-HA

4.5/acetate

(1)
(1)

MB-DOM
PP-HA

4.5/acetate
5/acetate

(1)

PP-HA

5.9 /acetate

(1)
(1)

MB-DOM
PP-HA

5.9 /acetate
6/MES

(3)

PP-HA

6.5/phosphate/MES

(3)

MB-DOM

6.5 /phosphate/MES

(2)

PP-HA

5/acetate

(2)

PP-HA

6/MES

(4)

PP-HA

6/MES

(1)
(2)

PP-HA
PP-HA

8/carbonate
8/carbonate

(5)

PP-HA

6/carbonate

FeBiPy
[Fe(bipy)3]3+/ [Fe(bipy)3]2+

1.11 or -0.3

FeCN
[Fe(CN)6]3-/ [Fe(CN)6]4-

0.83

FeCi
[Fe(citrate)]0/ [Fe(citrate)]1-

0.77

Fe(OH)3
Fe(OH)3/ Fe2+

2.08

0.800

0.11

0.007

-0.3

3.98

0.999

0.23

0.02

-0.5
-0.5

0.96
2.52

0.996
0.997

0.07
0.09

0.002
0.001

0.995

0.6

0.07

0.64
0.1

0.01
0.01

6.2
4.5

1.1
0.8

Electron Acceptor Capacity (EAC); Organic Matter Reduction
H2S/S2O32-0.19
0.103

(6)
(6)

PP-HA
MB-DOM

6.5/phosphate
6.5/phosphate

electronsb

(7)
(7)

PP-HA
MB-DOM

6.5/manual
6.5/manual

Zn0/Zn2+

-0.48
-0.86

aSpeciation and predominant redox couple are derived in the Supporting Information (section 4).
the FeCN method.

aqueous solutions but was employed to broaden the range
of reactant redox potentials.
1. Oxidation by [Fe(bipyridyl)3]3+ (FeBiPy). Ferrozine
(bipyridyl reagent) and buffer solution (acetate, MES, PIPES,
or carbonate) were mixed. FeCl3 (dropwise) and DOM were
added to final concentrations of 10-100 mg L-1 (PP-HA),
10-50 mg L-1 (MB-DOM), 2 mmol L-1 ferrozine, and 0.5
mmol L-1 (FeCl3), in sealed, deoxygenated headspace vials
(10 mL) or in capped plastic cuvettes (3 mL), which delivered
identical results. Aliquots were sampled after 0.5-20 h and
were analyzed within 15 min. VIS absorption produced by
formation of colloidal iron and by addition of ferrozine at
pH < 6 (as reported in ref 16) was small and accounted for
by blanks.
2. Oxidation by [Fe(citrate)]0 (FeCi). DOM was added to
a final concentration of 50 mg C L-1 to buffer solution
containing citrate (10 mM), ferrozine (2 mM), and FeCl3 (0.5
mM). The solution was prepared and sampled analogously
to (1).
3. Oxidation by [Fe(CN)6]3- (FeCN). DOM solution was
injected by syringe into deoxygenated ferric cyanide solution
contained in 10 mL headspace vials to final concentrations
of 0.5 mmol L-1 iron and 25-75 mg L-1 DOM (pH 6.5,
phosphate or MES buffer). The solutions were sampled after
24-220 h.
4. Oxidation by Fe-Hydroxide (colloidal Fe(OH)3). Experiments were conducted using PP-HA concentrations of 6.2550 mg C L-1 in 5 mM MES buffer at pH 6. Dissolved FeCl3
was added dropwise to a final concentration of 0.1 mmol
L-1. Samples were taken after 0.5-72 h.
5. Reduction by H2S. The method has been described in
detail by Heitmann and Blodau (17). Briefly, 250 µmol L-1 of
H2S gas was added to 18 mL of deoxygenated DOM solution
140

9

6.5
b

0.996

Electrochemical reduction, reoxidation with

in headspace vials sealed with butyl rubber stoppers (25100 mg C L-1; pH 6, 50 mM carbonate buffer). After 24 h of
incubation, sulfur species (H2S, S0, thiosulfate, sulfite, sulfate)
were analyzed. The electron acceptor capacity was calculated
from the concentration of thiosulfate, which was the only
identifiable inorganic reaction product (17).
6. Electrochemical Reduction. DOM was reduced with an
electrochemical cell in 30 mM phosphate buffer according
to ref 13. Experiments were stopped after 4 h of reaction
time when observed currents were low and ( constant. DOM
reoxidation experiments were carried out with the FeCN
method.
7. Reduction by Zn. Briefly, metallic Zn grains (5 g) were
washed in 50 mL of 1 M HCl for 30 min and rinsed twice with
deoxygenated deionized water. A volume of 50 mL of N2purged DOM solution augmented with KCl (5 mmol L-1) was
incubated for 24 h under cautious shaking at pH 6.5 and the
release of dissolved Zn was determined. A more detailed
description of the method is given in the Supporting
Information (section 2).
Analytical Techniques. Iron reduction was measured
spectrophotometrically on a Varian Cary 1 E as increase of
[Fe(bipyridyl)3]2+ absorption at 562 nm (18) or as decrease of
[Fe(CN)6]3- absorption at 420 nm (14). Thiosulfate was determined in filtered samples (0.2 µm, nylon) by ion chromatography (Metrohm IC-System, Metrosep Anion Dual 3 column,
0.8 mL min-1 with chemical suppression). For determination
of other sulfur species see Supporting Information (section
3). Dissolved Zn concentrations were analyzed on a PerkinElmer Optima 3000 ICP AES. Carbon concentrations were
measured with a TOC analyzer (Shimadzu TOC-V CPN).
Calculations. Electron donor (EDC) and electron acceptor
(EAC) capacities of DOM were calculated from formation of
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FIGURE 1. Kinetics of PP-HA oxidation by FeBiPy at pH 4.5 and 6 (A), and by FeCN (pH 6.5) and colloidal Fe(OH)3 (pH 6.0) (B). Mean values
( 1 SD (n ) 2; n ) 4 for FeCN).
inorganic reaction products in the assays, and standardized
on electron equivalents and mass of carbon (mequiv‚(g C)-1).
We further define electron-transfer capacity (ETC) as encompassing both EDC (positive values) and EAC (negative
values) of DOM. To relate ETC and kinetic constants to redox
potential, we calculated in situ half cell potentials of the
predominant redox couple from reactant concentrations.
Thermodynamic data for ferric iron complexed with bipyridyl
(19), cyanide (14, 19), citrate (20), and hydroxide (21), and
for Zn(0) to Zn2+ and H2S to S2O32- (22) were used. Iron
speciation was calculated using the PHREEQC algorithm
version 2.11.0. A detailed description of thermodynamic data
and redox potential calculations is provided in the Supporting
Information (sections 4 and 5).
In the experiments the inorganic reactants were in surplus.
For simplicity we thus assumed a pseudo-first-order rate
law with one or two redox-active DOM pools (16) and an
apparent time constant kobs. The parameter X represents the
concentration of the inorganic product (Fe(II), S2O32-, Zn(II)) of the redox reactions.

d[X]
(1)
(2)
) - k(1)
- k(2)
obs × [DOM]
obs × [DOM]
dt

(1)

The time-dependent solution to eq 1 is
-kobs t
-kobs t
X(t) ) [DOM] (1)
) + [DOM] (2)
)
0 (1 - 10
0 (1 - 10
(2)
(1)

(2)

To examine the variation of DOM pool size by fitting, the
total reactive DOM pool was estimated from product
formation [X] at the time point of completion for single
experiments, and alternatively from the relation between
product formation [X] and DOM concentration (mg DOC
L-1) for sets of similar assays with different carbon content.
Model calculations were carried out using SPSS 10.

Results
EDC. DOM was oxidized by ferric iron in all assays with a
decreasing rate over time (Figure 1). Ferrous iron was released
to maximum concentrations of 1.4-126 µmol L-1, resulting
in an EDC ranging from 0.07 to 1.52 mequiv‚(g C)-1 (Table
1). The release of ferrous iron markedly differed among
experiments and roughly decreased in the sequence FeBiPy
(pH 4.5) > FeBiPy (pH 6) > FeCN > FeCi ≈ Fe(OH)3 (Table
1). The time scale of reaction progress also differed. DOM
was oxidized within about 20 h by FeBiPy and more slowly,
within about 50 and 150 h, by colloidal Fe(OH)3 and FeCN,

respectively (Figure 1). The concentration of DOC was of
little influence on the reaction progress (Figure 1 A). The
release of ferrous iron was adequately reproduced using eq
2 and one pool for the reaction with ferric cyanide and two
DOM pools for the other reactions, as is further illustrated
by Figure 1. The DOM pools were only loosely constrained
by final ferrous iron concentrations but similar in experiments
with different DOC concentrations, suggesting robust and
consistent best model fits. The rapidly reacting pool DOM(1)
contributed a fraction of 20-44%, and the more slowly
reacting pool DOM(2) contributed 56-80% to overall reaction
product release (Figure 3s of Supporting Information).
-1 (Table 1)
Reaction constant k(1)
obs ranged from 0.03 to 27 h
-1.
ranged
from
0.03
to
0.25
h
and k(2)
obs
The EDC further increased steadily when the DOC
concentration was raised (Figure 2 A and B). This confirms
that DOM indeed served as electron source for ferric iron
and suggests that the electron transfer occurred in a similar
way over a range of DOM concentrations. The EDC of the
non-purified MB-DOM was mostly in a range comparable
to that of purified PP-HA and varied in a similar manner
between assays (Table 1).
The EDC of DOM varied with the iron complex in solution
and the pH (Figure 3). Lowering pH from 8 to 4.5 raised EDC
using FeBiPy from 0.05 to 1.52 mequiv (g C)-1. The ligands
for ferric iron and proton concentration furthermore interacted in their effect on the electron transfer. As can be seen
from Figure 3, the EDC was influenced by pH to a lesser
degree in the presence of the more stable FeCi complex. As
a result, the EDC was higher using FeBiPy at pH < 6 and
lower above this pH. The predominant ligand also visibly
altered the formation of colloidal Fe(OH)3. Raising pH to
values >6 induced a visible formation of colloidal Fe(OH)3
only in the FeBiPy assay. Due to the lower reactivity of DOM
with colloidal Fe(OH)3 (Figure 1 B), the strong effect of pH
on the electron transfer in the FeBiPy assay can be attributed
to the formation of colloidal Fe(OH)3.
EAC. DOM oxidized H2S mainly to thiosulfate, which
reached concentrations of up to 8 µmol L-1. Concentrations
of thiosulfate in blank samples, i.e., without addition of DOM,
averaged 2.6 ( 0.3 µmol L-1. Elemental sulfur and sulfite
were not detected, and sulfate concentrations remained
constant and below 5 µM (17). Incubation of metallic Zn
with DOM released Zn2+ to concentrations of up to 250 µmol
L-1. These values correspond to an EAC range from 0.6 to 6.2
mequiv‚(g C)-1, and overall the EAC decreased in the order
metallic Zn > electrochemical reduction ≈ H2S (Table 1).
VOL. 41, NO. 1, 2007 / ENVIRONMENTAL SCIENCE & TECHNOLOGY

- 47 -

9

141

FIGURE 2. Relationships between experimental end-point concentration of ferrous iron and DOC concentration in EDC assays using FeBiPy
(A), FeCN and colloidal Fe(OH)3 (B). Mean values (SD within data point; n ) 2; n ) 4 for FeCN). FeBiPy: [Fe2+] ) 0.9 × [DOC, PP-HA]
+ 4.1; [Fe2+] ) 1.2 × [DOC, MB-DOM] + 4.1; FeCN: [Fe2+] ) 0.4 × [DOC, PP-HA] + 15.5; [Fe2+] ) 0.2 × [DOC, MB-DOM] + 13.8; colloidal
Fe(OH)3: [Fe2+] ) 0.2 × [DOC, PP-HA] + 0.4.
Zn represents an exception, as the EAC was larger than
expected from the above relationship (Figure 6). From these
equations, an average Eh of DOM was estimated from the
x-axis intercept (y ) 0) for the applied “in assay” conditions.
It is 0.136 V for PP-HA and -0.336 V for MB-DOM.
The reactant Eh apparently also influenced reaction
kinetics. Using PP-HA, rate constants of the rapidly reacting
DOM(1) pool increased with growing absolute values of Eh
2
(Figure 6; k(1)
obs ) 7.91 × Eh + 0.404; R ) 0.81). A weaker
2
correlation occurred between Eh and k(2)
obs (R ) 0.48). As the
number of data pairs for MB-DOM was limited, no regression
model was tested.

Discussion

FIGURE 3. Effect of experimental pH on Fe(III) reduction by DOM,
as indicated by release of Fe2+. Iron was either complexed by
ferrozine (FeBiPy) or by citrate (FeCi). Mean values ( 1 SD (n )
2).
DOM was reduced electrochemically within about 4 h, as
indicated by a decreasing electrode current, and by reaction
with metallic Zn and H2S within about 20-50 h. The release
of thiosulfate was adequately reproduced by eq 2 with one
DOM pool. With Zn0 the rapid pool DOM(1) contributed 8.4%
and the slowly reacting pool DOM(2) contributed 91.6% to
overall reaction product release. Reaction constant k(1)
obs
ranged from 0.10 h-1 to 6.5 h-1 (Table 1). Similarly to EDC,
EAC was tightly correlated to DOC concentrations (Figure 5)
but carbon normalized EAC decreased with DOC concentration when DOM was reduced by H2S (Figure 5).
Effect of Electromotive Force on ETC and Kinetics. The
direction of the electron transfer was controlled by reactant
Eh. A positive Eh resulted in net release of electrons from
DOM and negative Eh resulted in net uptake (Table 1).
Electron-transfer capacities were further linearly related to
the calculated Eh in solution (Figure 6). The increase of ETC
was calculated to be ∼100 mequiv‚(g C)-1 per 100 mV for
PP-HA using the relation ETC ) 1.016 × Eh - 0.138 (R 2 )
0.87; p ) 0.05), and was less steep for MB-DOM (ETC ) 0.596
× Eh + 0.202; R 2 ) 0.72; p ) 0.05). The reaction with metallic
142
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Controls on ETC. Electron-transfer capacities have been
determined using reaction time periods of 0.25 h for reaction
with FeCi (1, 5, 12), 100 min with FeCl3, and 24 h with FeCN
(11, 14, 16, 23). Our results suggest that these time periods
do not suffice to complete the electron transfer, and that
reaction periods ranging from 24 to 160 h are recommended,
depending on the assay used (Figures 1 and 4). Electrochemical reduction stands out in this respect as the reaction
was completed within about 4 h. Electron-transfer capacities
have further ranged from 0.02 to >6 mequiv‚(g C)-1 in
previous studies that were based on various methods and
experimental protocols (5, 10-14). The methodological
comparison demonstrates that the reported ETCs can be
reproduced by variation of methods and reactants (Table 1).
In comparison, the ETC difference between non-purified MBDOM and PP-HA is small. It may, therefore, be that different
ETC values that have been determined for DOM of the same
source were caused by differences in experimental approach
and conditions.
The electron transfer between reactants and DOM consistently increased with DOC concentration (Figures 2 and
5) and proceeded kinetically in a similar manner at different
DOC concentrations (Figure 1). DOC concentration in the
environmentally relevant range had thus little influence on
carbon normalized ETC and the kinetics of the reactions. An
exception was the reaction with H2S, in which carbon
normalized EAC slightly decreased at higher DOC concentrations, possibly due to incorporation of H2S into the DOM
(17).
It has been pointed out previously that redox properties
of DOM change with increasing pH due to deprotonation
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FIGURE 4. Kinetics of PP-HA reduction by hydrogen sulfide (pH 6.0) (A) and metallic Zn (pH 6.5) (B). Mean values ( 1 SD (n ) 3).

FIGURE 5. Relationships between experimental end-point concentration of reaction product and DOC concentration in EAC assays. Mean
values ( 1 SD (n ) 3). H2S (A): [S2O32-] ) 0.07 × [DOC, PP-Ha] + 0.24; Zn (B): [Zn2+] ) 2.6 × [DOC, PP-Ha] - 8.6; [Zn2+] ) 1.9 × [DOC,
MB-DOM] + 32.5.
and molecular relaxation of DOM, leading to lower functional
group redox potentials and an increased amount of redox
active groups available for reaction (8, 14). A higher EDC
with increasing pH should thus be expected. In the reaction
with FeBiPy- and to a lesser extent in the reaction with FeCisuch an effect was masked by a formation of colloidal Fe(OH)3. Iron speciation further strongly controlled the ETC
and partially also the kinetics of the reaction with DOM. As
the assays may be viewed as analogues to chemical conditions
in natural environments, where ferric iron becomes available
as a reactant to DOM, we assume that pH increase will
similarly lower, rather than raise, electron-transfer rates and
capacities of DOM by changing iron speciation.
The direction, quantity, and rate of the electron transfer
were related to the redox potential of the predominant redox
couple in solution (Figure 6). From reaction with redox active
elements, Eh0 values of 0.3-0.8 V, or Eh(W) values (Eh0 at pH
7) of 0-0.5 V, have been determined for natural organic
compounds (3, 10, 15, 24). Under “in assay” conditions, net
electron transfer was observed from DOM to Fe(OH)3 (Eh(W)
0 V) and the total quantity of electrons transferred to iron
increased with rising Eh(W) (up to >1 V). This suggests that
redox active moieties of increasing Eh were drawn into the
electron transfer up to a fairly high Eh(W) and confirms that
the activation of DOM functional groups depends on the

redox potential in solution (8). Consistent with these results,
the direction of net electron transfer of DOM reversed at pH
6 between the couples of Fe(OH)3/Fe2+ (Eh ) 0.06 V) and
H2S/S2O32- (Eh ) -0.09 V), and the EAC further strongly
increased when metallic Zn was employed as reductant
instead of H2S or electrochemical reduction (Table 1, Figure
6). The EAC values obtained by the strong reductant Zn may
be seen as an upper limit for DOM and may not be reached
in natural environments. The electron transfer from Zn to
DOM could further only be partially reversed by reaction
with FeBiPy (M. Bauer, unpublished data), suggesting irreversible changes in DOM structure.
The variability of ETC values with reactant Eh is in principle
not surprising regarding the structural variability of natural
DOM (25) and the Eh0 range of <0.3 V to >0.69 V reported
for quinone moieties alone (7-9). As not only quinones, but
also other polyphenolic moieties and complexed ferric iron
may be involved in DOM redox reactions (10), the Eh of redox
active functional groups may also exceed this range. In this
study, contents of iron and other metals were very small and
obviously not related to the observed EAC, so that ETC has
to be attributed to organic moieties.
Raising pH strongly decreased EDC in FeBiPy assays, as
has been previously reported (11, 16), and less so in FeCi
assays. This pH dependency of EDC is not in conflict with
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(1)
FIGURE 6. Change in ETC (A), and rate constant kobs
(B) with reactant redox potential Eh, which was calculated for experimental conditions
and chemical composition of the solution. Positive y-values indicate DOM serving as electron donor (EDC), and negative y-values indicate
DOM serving as electron acceptor (EAC). Redox reactants were (1) FeBiPy, pH 4.5; (2) FeBiPy, pH 6; (3) FeCN; (4) FeCi; (5) colloidal Fe(OH)3;
(6) H2S; (7) electrons; and (8) metallic Zn.

a thermodynamic control, as the pH changed iron speciation
(Figure 1, Figure 3, Table 1). FeBiPy and FeCi complexes
were stable up to pH 6-6.5 (Figure 1s of Supporting
Information). Below this value the electron transfer to Fe(III) is thus higher with FeBiPy as the predominant complex
(Eh of 1.14 V) compared to FeCi (0.47 V). Above pH 6-6.5,
both complexes are quantitatively replaced by aqueous or
colloidal Fe(OH)3 with an even lower redox potential (below
-0.3 V). Hence, the redox potential may have indirectly
controlled the net electron transfer of DOM to ferric iron.
The interpretation is somewhat speculative regarding the
formation of colloidal Fe(OH)3, which may differ in reaction
rate and EDC, independently of thermodynamic properties.
Kinetics. The electron-transfer could be adequately
reproduced based on pseudo-first-order kinetics and one or
two reactive DOM pools, although this assumption is
simplistic in view of the range of putative redox couples within
DOM, and our own and earlier results (8, 9). From the
observation that the kinetic constant k(1)
obs of PP-HA was
controlled by the in situ Eh of the reactants (Figure 6), we
further conclude that the reactivity of redox active moieties
increased with a growing ∆Eh. Previously, linear free energy
relationships (LFERs) between kobs and Eh have been established for the reduction of defined monosubstituted nitrobenzenes by DOM in the presence of H2S (26). Albeit our
database was too small to investigate a LFER, our results do
not disagree with such a relationship and show that k(1)
obs was
a function of Eh for a diverse group of oxidants and reductants.
-1 we
From the magnitude of the apparent k(1)
obs of 0.03-27 h
further conclude that chemical electron transfer is sufficiently
fast to function as an alternative to known microbially
mediated electron shuttling (1). Reduction of ferric iron was,
for example, fairly rapid in comparison to dissolved ferric
iron production in lake water and sediments and associated
k values of 10-5 to 10-2 h-1 at pH 4.8-5.8 (27), suggesting
that DOM may effectively scavenge produced ferric iron in
such environments. Oxidation of H2S was also faster than
electron transfer from H2S to molecular oxygen and H2S to
crystalline Fe(oxy)hydroxides, and somewhat slower than
transfer to poorly crystalline forms of Fe(III) (17). Hence,
DOM is able to chemically scavenge oxidants and reductants
at considerable rates, to compete with other relevant redox
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processes, and likely also to chemically shuttle electrons from
H2S to ferric iron species and oxygen at redox interfaces in
DOM rich aquatic systems. Electron shuttling has for example
been postulated to occur at the oxycline of a permanently
stratified lake, based on changes in the redox rate of DOM
(28).
In conclusion, natural DOM may act as a redox buffer
over a wide range of redox potentials, and the capacity and
reactivity of this redox buffer should be controlled by the
electrochemical gradient to the reactant. The redox properties
of DOM thus provide a functional analogy to the range of
acid-base properties that has been reported for DOM.
According to our results, PP-HA and MB-DOM represent a
redox ladder that encompasses redox couples ranging from
Eh < -0.48 V to > + 0.83 V. Considering the fast kinetics of
the electron transfer and the abundance and mobility of DOM
in environments such as peatlands, organic-rich aquifers,
and dystrophic lakes, the contribution of DOM to electrontransfer processes and the buffering of redox potentials in
these environments might be substantial.
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Supporting Information
1 Characterization of humic substances
Humic substances were characterized by spectroscopy on a Varian Cary 1 E using quartz cuvettes
(UV/VIS range, 250 – 700 nm), a Bruker Vector 22 FTIR using KBr pellets (IR range 4000 - 500 cm1

) and a SFM 25 fluorescence spectrometer (BIO-TEK Instruments). Synchronous scans were recorded

in 1 cm cuvettes (1) at excitation wavelength range 300–550 nm, a scan speed of 100 nm min-1 and
of 18 nm. Elemental composition of DOM was measured on a Perkin Elmer Optima 3000 ICP AES.
Both PP-HA and MB-DOM were derived from peatland environments and characterized by the
high specific UV absorbance (SUVA254nm) and low E2/E3 and E4/E6 ratios typical for polyphenolic,
condensed humic substances. FTIR peak ratios (normalized on intensity at 1150 cm-1) suggested an
abundance of carboxylic and aromatic groups. PP-HA was more condensed and humified based on the
high 470 nm/360 nm ratio in the fluorescence measurement. Both DOM had low total metal content,
with iron values of only 0.3 µmol g-1 in PP-HA and 0.9 µmol g-1 in MB-DOM.
Table 2
Total elemental (ash) contents, spectroscopic characteristics (absorbance intensity of
characteristic peaks of UV-VIS; FTIR and synchronous fluorescence ratios) of DOM used.
DOM Parameter

PP-HA

MB-DOM

50

71

3.0

13.1

[Fe] (µmol g-1)

0.3

0.9

E4/E6 **

6.2

14.6

2.8

3.9

-1

[DOC] (mg L )
-1

[A]* (µmol g )

E2/E3 **
-1

0.060

0.051

-1

2.1

1.1

-1

2.8

1.2

-1

IR 1270/1150 (cm )

1.1

0.56

F 400/360 (nm)

1.69

1.63

F 470/360 (nm)

2.55

1.11

F 470/400 (nm)

0.67

0.68

SUVA254 nm (L mg C )
IR 1725/1150 (cm )
IR 1620/1150 (cm )

*

**

ash (Na, K, Ca, Mg, Fe, Mn, Si); Ratio of UV/VIS absorption: 465 and 665 nm; 254 and 365 nm

2 DOM reduction by metallic Zn
Release of dissolved Zn was determined by mixing and cautiously shaking 50 ml of N 2-purged
DOM sample solution and 5 g of acid washed and twofold rinsed coarse Zn grains (Riedel-de-Haen,
coarse powder,
(

> 0,1 mm) under exclusion of oxygen. Preliminary tests showed that fine Zn powder

< 0.45µm) could not be used due to excessive Zn release in blank samples. The Zn was washed in

50 ml of 1 M HCl for 30 min. Chemicals were reagent grade, and deionized water (el. conductivity <
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0,06 µS) was used. Assays were carried out in an anoxic glovebox (95 % nitrogen, 5 % hydrogen). To
prevent photoreactions (e.g. (2)), all vessels used for reactions and reagent storage were wrapped in
aluminium foil. Blank experiments were conducted analogously to kinetic and batch assays in the
absence of humic acid. All experiments were carried out in triplicates. Experimental ionic strength was
5 mM (KCl) and pH was adjusted to 6.5. To determine the reaction progress over time, aliquots were
taken in regular intervals. In these experiments pH was regularly readjusted (< 12 h) using 0.01 M
NaOH or HCl. To determine the dependency of Zn release on DOM concentrations, Zn was processed
with DOM solutions diluted to 75, 50, 25 and 10 % of the original solution concentration. The
procedure is more thoroughly described in (3).
3 Supplemental analyses of sulfur species
Total sulfide was determined by the methylene blue method (4). The ZnOAc buffer (0.1 mol L-1)
used was deoxygenated with nitrogen (>99.999 % N2) and overlaid by argon. Sulfite was stabilized in
a preliminary experiment with 20 M formaldehyde and measured as hydroxymethanesulfonate (5).
Elemental sulfur was determined by HPLC (C18-column, 0.4 ml min-1 flowrate with methanol as
eluent, UV detector at 265 nm). Samples were diluted 1:5 with methanol, extracted for 1 h and filtered
over a disposable syringe filter (0.2 m nylon). Matrix effects and reproducibility were tested using an
aqueous solution of S0–spiked humic acid (IHSS 1R103H) and a methanolic laboratory standard.
4 Conditional stability constants and calculation of iron speciation
The distribution of iron species at pH 4 – 9 in the presence or absence of complexing anions was
modelled using PhreeqC algorithm version 2.11.0 (6). Reaction stoichiometry and stability constants
for the various iron complexes with bipyridyl and citrate were derived from literature ((7), (8), (9)).
Stability constants for the other species were adopted from the databases Llnl resp. Minteq included in
PhreeqC (Table 2). For DOM (50 mg C L-1) a complexation capacity of 0.5 mmol Fe g-1 with log K =
10.4 was assumed (10). Both values are in the in the upper range of reported data and therefore result
in a maximum estimation of 0.025 mM iron binding groups in the DOM. Cation complexation of MES
and PIPES buffer is known to be low (11,12) and were therefore neglected. All the displayed stability
constants were used for the PhreeqC model calculations with the following initial species
concentrations:
-

FeBiPy experiments: 0.5 mM FeCl3 or FeCl2; 2 mM Bipyridyl; 20 mM buffer (Acetate,
Phosphate or Carbonate); 0.025 mM iron binding groups of DOM;

-

FeCi experiments: 0.5 mM FeCl3 or FeCl2; 2 mM Bipyridyl; 10 mM Citrate (C6O7H8); 20 mM
buffer (Acetate, Phosphate or Carbonate); 0.025 mM iron binding groups of DOM;

-

FeCN experiments: 0.5 mM [Fe(CN)6]3-; 20 mM buffer (Phosphate); 0.025 mM iron binding
groups of DOM;
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Table 3
Conditional stability constants of Fe(II) and Fe(III) complexes for the reaction
stoichiometry: x*Metal + y*Ligand = M xLy -Complex
Chelator

Bipyridyl

Stoichiometry

Fe(II)

Fe(III)

Log K

Ref.

Log K

Ref.

ML/M.L

4.65

(7)

4.2

(8)

ML2/M.L2

7.9

(7)

5

(8)

ML3/M.L3

17.2

(7)

17.06

(8)

16.29

(7)

M2L4/M2.L4
Citrate

CN-

ML/M.L

4.4

(7)

11.85

(9)

MHL/M.HL

2.65

(7)

11.44

(9)

MHL2/M.L2H

1.73

(7)

MOHL/M.LOH

9.4

(9)

MOH2L/M.LOH2

1.9

(9)

ML2/M.L2

15.3

(9)

MHL2/M.L2H

19.12

(9)

MOHL2/M.L2OH

10.46

(9)

52.6

Minteq

56.9

Minteq

ML6/M.L6

45.6

Minteq

MHL6/M.L6H

49.9

Minteq

MH2L6/M.L6H2

52.4

Minteq

M2L2/M2.L2
OH-

Acetate

CO323-

PO4

ML/M.L

-9.5

Minteq

-2.19

Minteq

ML2/M.L2

-20.5

Minteq

-5.67

Minteq

ML3/M.L3

-31

Minteq

-13

Minteq

ML4/M.L4

-21.6

Minteq

ML3/M.L3 (s) (Ferrihydrite)

4.8

Minteq

Minteq

3.2

Minteq

ML2/M.L2

Minteq

6.5

Minteq

ML3/M.L3

Minteq

8.3

Minteq

ML/M.L

1.4

ML/M.L (s) (Siderite)

10.55

Minteq

MHL/M.HL

3.6

Llnl

8.3

Llnl

MH2L/M.LH2

2.7

Llnl

3.47

Llnl

26.4

Minteq

10.4

(10)

ML/M.L (s) (Strengite)
DOM

ML/M.L

7.5

(10)

In solutions containing ferrozine (FeBiPy treatment) or both citrate and ferrozine (FeCi
treatment), the preferential Fe(II) species was the bipyridyl complex. The most stable Fe(III) species at
lower pH were complexes with ferrozine (FeBiPy treatment; Fig. 1s A and C) or citrate (FeCi
treatment; Fig. 1s B and D). Aqueous iron hydroxides in equilibrium with iron precipitates
quantitatively gained in importance above pH 6 (Fig. 1s). Free iron concentrations were below 10-5
mM (pH 4) and further decreased with increasing pH (< 10-12 mM at pH 7). In cyanide containing
solutions (FeCN treatment) both ferric and ferrous iron were quantitatively present as cyanide
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complex over a wide pH range (no figure shown). Complexation by DOM and precipitation of iron
phosphate or carbonate were of minor relevance.

6E-04

6E-04
[Fe(OH)x] (aq)

A

4E-04
[Fe(OH)x] (aq)
3E-04

[Fe-DOM]
[Fe(bipyridyl)]

2E-04

1E-04

B

[Fe(citrate)]

5E-04

c(Fe-Species) (mol L-1)

c(Fe-Species) (mol L-1)

5E-04

[Fe(bipyridyl)]

4E-04

3E-04

2E-04

1E-04

0E+00

0E+00
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5

6

pH

7

8

6E-04

9

4
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6
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7

8

9
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5E-04
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5E-04
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4E-04

[Fe-DOM]

3E-04
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2E-04
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1E-04

4E-04

3E-04

2E-04

1E-04

0E+00
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6
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9
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5

6

pH

7

8

9

Figure 12
Modelled distribution of various Fe(III) species. Panels A and C: Solutions with DOM
and bipyridyl and without citrate; Figures B and D: DOM with bipyridyl and citrate; Figures A and B:
No precipitation; Figures C and D: With precipitation of Fe(OH) 3 (s); [Fe(bipyridyl)] = [Febipy]3+
+[Fe(bipy)2]3+ +[Fe(bipy)3]3+; [Fe(citrate)] = [FeCit]0 + [FeCitH]+ + [FeCitOH]- + [FeCit(OH)2]2- +
[Fe(Cit)2]3- + [Fe(Cit)2H]2- + [Fe(Cit)2OH]4- ; Fe(OH)x (aq) = Fe(OH)2+ + Fe(OH)2- + Fe(OH)3 (aq) +
Fe(OH)4- ;
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1E-02
bipyridyl

1E-04
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1E-06
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citrate/bipyridyl
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1E-08

log c(Fe3+) (mol L-1)
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Figure 13
Modelled concentration of free Fe(III) in solutions containing a variety of complexing
agents for pH 4 - 9; Panel A: No precipitation; panel B: With precipitation of Fe(OH)3 (s).

5 Estimation of in situ redox potentials
In situ redox potentials of assays were calculated using equations 1 – 6 for the quantitatively
predominant redox couple reacting with DOM. Redox potential values were either taken from
literature ([Fe(bipy)3]3+/[Fe(bipy)3]2+ (13); [Fe(CN)6]3-/[Fe(CN)6]4- (14,15); [Fe(citrate)]0/[Fe(citrate)]1(16)) or calculated from Gibbs free energy (Fe(OH)3/Fe2+ (17); Zn°/Zn2+ and H2S/S2O32- (15)). Redox
potential values for the iron complexes were only available for the reaction stoichiometry 1:3 with
bipyridyl, 1:1 with citrate and 1:6 with cyanide. Eh0 values were adjusted for in situ pH conditions and
furthermore corrected for the ratio of reactant species found in the experiments at initial and final
conditions.
(1)

[Fe(bipy)3]3+ + e-

E h , Fe
(2)

0.059 lg

E h0

E h0

E°h = +1.11 V

a ([ Fe(bipy ) 3 ] 2 )

0.177

S2O32- + 8 e- + 10 H+

a ([ Fe(CN ) 6 )]3 )

E°h = +0.36 V

a ( [ Fe(CN ) 6 )] 4 )

[Fe(citrate)]1-

0.059 lg

Fe(OH)3 + e- + 3 H+

E h, Fe
(5)

E h0

a ([ Fe(bipy ) 3 ] 3 )

[Fe(CN)6]4-

[Fe(citrate)]0 + e-

E h , Fe
(4)

0.059 lg

[Fe(CN)6]3- + e-

E h , Fe
(3)

E h0

[Fe(bipy)3]2+

a ([ Fe(citrate )]0 )
a ([ Fe(citrate )]1 )

E°h = +0.372 V

Fe2+ + 3 H2O

pH

0.059 lg

1
a( Fe 2 )

2 H2S + 3 H2O
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E°h = +0.84 V

2

E h, Fe

E h0

Zn2+ + 2 e-

(6)

E h ,Zn

E h0

0.073 pH

a (S2 O3 )
0.059
lg
8
a (H 2 S ) 2

E°h = +0.34 V

Zn°

0.059
lg a ( Zn 2 )
2

E°h = – 0.76 V

Table 4
Standard redox potentials Eh0 for used half reactions and potential values taking into
account the in situ pH and initial, respectively final, reactant concentrations.

Redox Couple

Eh0

pH

Eh

Eh

Eh

(in situ)

(in situ pH)

(initial)

(final)

V

V

V

V
[Fe(bipy)3]3+/[Fe(bipy)3]2+

1.11

5

1.11

1.49

1.15

[Fe(bipy)3]3+/[Fe(bipy)3]2+

1.11

6

1.11

1.49

1.17

[Fe(bipy)3]3+/[Fe(bipy)3]2+

1.11

7

1.11

1.49

1.23

[Fe(bipy)3]3+/[Fe(bipy)3]2+

1.11

8

1.11

1.49

1.25

[Fe(citrate)]0/[Fe(citrate)]1-

0.372

5

0.372

0.77

0.49

[Fe(citrate)]0/[Fe(citrate)]1-

0.372

6

0.372

0.77

0.49

[Fe(citrate)]0/[Fe(citrate)]1-

0.372

7

0.372

0.77

0.49

[Fe(citrate)]0/[Fe(citrate)]1-

0.372

8

0.372

0.77

0.51

[Fe(CN)6]3-/[Fe(CN)6]4-

0.36

6

0.43

0.83

0.50

Fe(OH)3/Fe2+

0.84

5

-0.042

0.56

0.22

Fe(OH)3/Fe2+

0.84

6

-0.219

0.38

0.06

Fe(OH)3/Fe2+

0.84

7

-0.396

0.20

-0.06

Fe(OH)3/Fe2+

0.84

8

-0.573

0.03

-0.21

S2O32-/H2S

0.34

6

-0.1

-0.13

-0.09

Zn2+/Zn0

-0.76

6.5

-0.76

-1.06

-0.88

6 Redox kinetics: Quality of kinetic modelling results and additional kinetic experiments
To evaluate the quality of the kinetic modelling, we collated model results for the FeBiPy and
colloidal Fe(OH)3 experiments, which were conducted at more than 2 DOM concentration levels. Pool
sizes and rate constants were determined for each DOM concentration. Average pool size in % of the
total reactive pool and rate constant are depicted in Figure 3, including minimum and maximum values
as error bars. The results suggest that fitted pool sizes were robust with respect to different
experimental conditions. With the exception of experiments with colloidal iron, fast rate constants
were in a narrow range from 0.2 to 0.5 min-1. The fraction of reactive pool sizes was different for the
two DOMs analyzed but was fairly constant for the various assays.
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Figure 14

30

MB-DOM, pH
4.5

Large reactive pool (% of total pool)

100

Average relative size of large reactive pool DOM (2) (left) and fast rate constant

(1)
k (obs
)

(right) calculated from kinetic model fits. Error bars indicate minimum and maximum and, therefore, the
range of values found.

More kinetic experiments were performed than are depicted in the main part of the manuscript.
This additional data is presented in here, and show the similar course of reaction progress for the
various iron methods.
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Production of Fe(II) over time by DOM; A FeBiPy method at pH 4.5 with PP-HA; B
FeBiPy method at pH 4.5 with MB-DOM; C FeCi method different pH with PP-HA (50 ppm C); colloidal
Fe(OH)3 method at pH 6 with PP-HA;
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7 Literature values for capacity and rate constant of electron transfer reactions
Table 5
Literature values of experimentally determined electron transfer capacities and rate
constants for humic acids (HA) or fulvic acids (FA) with a variety of inorganic reactant.

DOM type

HA
HA
FA
FA
HA
HA

Predominant
redox couple

pH

HA
HA

3
7
6
8
3
7
6.
8
6.
8
6.
8
67
67
67
5
7

HA

3

HA
HA
HA
Syn. HA
HA
HA

3+

Fe /Fe

2+

Fe(OH)3/Fe2+

Fe(citrate)]0/
[Fe(citrate)]1-

Eh (in situ pH)
(V)
0.31
-0.39
-0.22
-0.57

(1)
k (obs
)

(h-1)
2
1.1
0.21

ETC

Author

(mequiv (g C)-1)
1.4
0.7
0.25
0.08
0.4
0.125

(18)
(18)
(19)
(19)
(18)
(18)

0.34

(20)

0.35-0.7

(21)

0.68

(22)

3.5-8

(14)

0.3-0.7

(23)

2.5

(24)

3.3
1.5

(25)
(25)

0.4-1.8

(26)

0.372

3-

[Fe(CN)6]
/[Fe(CN)6]4-

0.43

I2/2 II2/2 I-

0.621
0.621

CrO42-/Cr3+

1.1

0.05
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Abstract
Information about the chemical electron accepting capacity (EAC) of dissolved organic matter
(DOM) is scarce owing to a lack of applicable methods. We quantified the electron transfer from
metallic Zn to natural DOM in batch experiments at DOC concentrations of 10 – 100 mg L-1 and
related it to spectroscopic information obtained from UV-, synchronous fluorescence, and FTIRspectroscopy. The electron donating capacity of DOM and pre-reduced DOM was investigated using
Fe(CN)63- as electron acceptor. Presence of DOM resulted in release of dissolved Zn, consumption of
protons, and slower release of hydrogen compared to reaction of metallic Zn with water at pH 6.5.
Comparison with reaction stoichiometry confirmed that DOM accepted electrons from metallic Zn.
The release of dissolved Zn was dependent on pH, DOC concentration, ionic strength, and organic
matter properties. The reaction appeared to be completed within about 24 hours and was characterized
by pseudo first order kinetics with rate constants of 0.5 to 0.8 h-1. EAC per mass unit of carbon ranged
from 0.22 mmol g-1 C to 12.6 mmol g-1 C. Depending on the DOM, 11 – 65 % of the electrons
transferred from metallic Zn to DOM could be subsequently donated to Fe(CN) 63-. EAC decreased
with DOC concentration, and increased with aromaticity, carboxyl, and phenolic content of the DOM.
The results indicate that an operationally defined EAC of natural DOM can be quantified by reaction
with metallic Zn and that DOM properties control the electron transfer. Shortcomings of the method
are the coagulation and precipitation of DOM during the experiment and the production of hydrogen
and dissolved Zn by reaction of metallic Zn with water, which may influence the determined EAC.
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Introduction
Dissolved organic matter (DOM) influences microbial activity (Lovley et al., 1996), pollutant
degradation, and metal mobility in the subsurface due its involvement in complexation, sorption, and
redox processes (Redman et al., 2002; Schwarzenbach et al., 1990). Humic substances are of
importance with respect to redox processes because they contain redox-active units, such as
polyphenolic quinones (Schwarzenbach et al., 1990), which are ubiquitous structures in DOM (Cory
and McKnight, 2005; Scott et al., 1998). A redox transfer of two electrons per quinone unit has been
postulated based on studies with model compounds (Scott et al., 1998). Other moieties are likely also
involved in redox reactions, because quinone content did not suffice to explain electron transfer
(Struyk and Sposito, 2001). This concept is supported by redox titrations showing similar results for
humic substances and mixtures of quinones and other phenols (Helburn and Maccarthy, 1994). The
capacity of DOM to transfer electrons by this mechanism is especially important in environments poor
in other electron acceptors and donors, such as peatlands and dystrophic lakes. In these environments,
electron transfer of DOM may drive a relevant fraction of chemical and microbially mediated
elemental transformations, for example by oxidation of hydrogen sulfide and organic intermediates of
organic matter decomposition, and by reduction of ferric iron (Fulton et al., 2004; Heitmann and
Blodau, 2006; Heitmann et al., 2007).
From reaction with redox active elements, such as mercury, vanadium, iron, and iodine, standard
Eh values of 0.4 to 0.8 V have been determined for DOM of varying acid-base properties and origin
(Skogerboe and Wilson, 1981; Struyk and Sposito, 2001). A range of redox potentials was also
indicated by application of cyclic voltametry of DOM dissolved in the organic solvent dimethyl
sulfoxide (Nurmi and Tratnyek, 2002). Also relevant for electron transfer from DOM to redox partners
are complexed ferric iron contents and conformational changes of the DOM structure, which depend
on pH and dissolved organic carbon (DOC) concentration (Chen et al., 2003a; Coates et al., 2000;
Struyk and Sposito, 2001). Electron transfer capacities (ETC) of DOM samples have been shown to
vary from 0.02 mmolc g-1 C to more than 6 mmolc g-1 C, depending on the particular redox couple,
experimental assay and DOM used (Chen et al., 2003a; Kappler and Haderlein, 2003; Klapper et al.,
2002; Matthiessen, 1995; Scott et al., 1998; Struyk and Sposito, 2001).
Quinones and DOM serve as organic electron acceptors for a variety of microorganisms, such as
Geobacter and Shewenella species (Cervantes et al., 2000; Coates et al., 2000; Coates et al., 2002;
Straub et al., 2004). This capability has been utilized to quantify an electron accepting capacity of
DOM (EAC), combining microbial reduction and quantification of electron transfer by chemical reoxidation with complexed ferric iron (Scott et al., 1998). To date, however, we are lacking robust
chemical methods to determine EAC directly. An exception in this respect is the determination of an
EAC by reduction of DOM with H2S and the subsequent analysis of reaction products (Heitmann and
Blodau, 2006). The applicability of this method, however, is limited by the complexity of possible
reactions between sulfur and DOM, and by presence of ferrous iron and other scavengers for sulfide.
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To alleviate the lack of methods to quantify EAC, we tested an approach using granular metallic Zn as
reductant and applied it to several DOM samples in batch experiments varying in origin and structural
characteristics. The reaction taking place can be written as reaction (1) with -Q standing for quinone, QH2 for reduced hydroquinone groups and Zn(0) for metallic Zn:
DOM-Q + Zn(0) + 2 H+

DOM-QH2 + Zn2+

(reaction 1)

As metallic Zn is thermodynamically instable in aqueous solution, also reaction (2) with water has to
be considered:
Zn(0) + 2 H+

Zn2+ + H2

(reaction 2)

Molecular hydrogen is a reductant itself and may react with DOM according to reaction (3):
DOM-Q + H2

DOM-QH2

(reaction 3)

Our specific objectives were (I) to characterize the occurrence and kinetics of reaction (1) across a
range of DOC concentrations, (II) to relate EAC to structural properties of DOM, and (III) to
determine the ‘reversibility’ of the electron transfer. Reversibility in this context means that electrons
accepted by DOM can be subsequently donated to an oxidant. This process allows a DOM moiety to
repeatedly undergo oxidation-reduction cycles and to effectively shuttle electrons between reduced
and oxidized compounds that do not react, or that are spatially separated. A full reversibility of the
electron transfer of DOM cannot be assumed a priori. A one electron transfer oxidation of phenols, for
example, can involve a subsequent polymerization of phenoxy radicals, which may inhibit further
redox reactions (Helburn and Maccarthy, 1994).
In our investigation, batch experiments were carried out comparing the release of dissolved Zn in a
DOM solution (‘treatment’) to release of Zn in an experiment without DOM (‘control’ or ‘blank’). The
difference in dissolved Zn release was then used to infer the reaction of DOM with metallic Zn, i.e.
reaction (1) and to calculate the electron accepting capacity of DOM. In a selected number of
experiments, also hydrogen partial pressures and proton balances were determined in pH-stat.
experiments. The difference in proton consumption between ‘treatment’ and ‘control’ was used to
independently verify the stoichiometry of reaction (1) and (2). The difference in hydrogen release
between ‘treatment’ and ‘control’ was further calculated to assess a possible contribution of reaction
(3) to the overall reduction of DOM. Finally, we also recorded DOM concentrations in the
experiments, as DOM may precipitate and adsorb on metallic Zn surfaces.

Materials and methods
Dissolved organic matter
DOM was sampled in Canada and the United States (Mer Bleue, Ontario; Suwannee River,
Georgia; Black River, upper Michigan; Everglades, Florida; Table 1). All solutions were directly taken
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from open water in opaque canisters, stored in the dark at 4°C and filtered (0.45 µm, nylon) before
use. Additionally, Pahokee peat (PP-HA) reference humic acid standard, obtained from IHSS, was
dissolved at pH ~ 8, acidified to pH 6 (HCl), filtered (0,45 µm), and diluted to 100 mg C L -1. Assays
were prepared by dilution.
DOM was characterized by UV-VIS spectrometry between 250 – 600 nm in diluted form of 10 mg
L-1 on a Varian Cary 1E spectrophotometer using quartz cuvettes. An ‘aromaticity’ index (SUVA254 nm)
in units of L (mg C

cm)-1 was calculated by standardizing UV absorption at 254 nm to DOC

concentration (Chin et al., 1994; Kalbitz et al., 1999). Fourier-transformed infrared (FTIR) spectra
were determined on freeze-dried samples on a Bruker Vector 22 instrument using KBr pellets (200 mg
KBr + 1 mg sample, 32 scans from 4000 to 500 cm-1 at 1 cm-1, automatic background correction).
Spectra were baseline corrected. Relative changes in peak intensity ratios, as proposed by Niemeyer
et al. (1992), were used to identify structural differences among DOM. Synchronous scan fluorescence
spectra were recorded on a SFM 25 spectrometer (BIO-TEK Instruments) in the excitation wavelength
range 300–550 nm with a scan speed of 100 nm min-1,

of 18 nm (Miano and Senesi, 1992), and 1

-1

cm cuvettes. Samples were diluted to 10 mg C L for these analyses.

Table 6
Total elemental (ash) contents, spectroscopic characteristics (absorbance intensity of
characteristic peaks of UV-VIS; FTIR and synchronous fluorescence ratios) of DOM used, and results of
EAC and EDC measurements (mmolc g-1 C; mean of n = 3 – 5) at pH 6.5. ‘EDCZn’ represents the electron
transfer of DOM, pre-reduced with metallic Zn (mmolc g-1 C), to FeCN. (n.d. = not determined)
DOM

Pahokee Peat

Mer Bleue

Suwannee River

Black River

Everglades

50

44.5

41.2

31.5

60

1.7

0.5

0.7

0.5

7.1

0.3

0.9

0.5

0.2

0.0

6.2

14.6

17.8

7.9

23.2

0.060

0.051

0.045

0.045

0.036

Parameter
[DOC] (mg L-1)
[Ash]* (mmol L-1)
-1

[Fe] (µmol g )
E 465/665

**

SUVA254nm
-1

(L (mg C cm) )
IR 1725/1150 (cm-1)

1.83

2.01

1.10

0.34

0.68

-1

1.72

2.68

1.25

1.23

2.40

-1

IR 1270/1150 (cm )

1.34

1.19

0.75

0.27

0.13

F 400/360 (nm)

1.69

1.63

1.35

1.34

0.84

F 470/360 (nm)

2.55

1.11

0.78

0.62

0.32

F 470/400 (nm)

0.66

0.68

0.58

0.46

0.38

EACZn

4.57

3.32

2.86

2.77

0.22

EDC

0.70

n.d.

0.076

0.28

0.36

EDCZn

0.50

n.d.

1.78

1.80

0.30

IR 1620/1150 (cm )

*

ash (Na, K, Ca, Mg, Fe, Mn, Si)

**

Ratio of UV/VIS absorption at 465 to 665 nm (E 465/665)
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Identification of reactions between metallic Zn, water and DOM
To identify the occurrence and relative importance of reactions (1-3) and the removal of DOM
from solution we conducted a series of pH-stat. experiments on a autotitrator (716 DMS Titrino.
Metrohm). In the first type of experiment (‘blank’), only deionized water was added to the metallic
Zn; in a second type, the deionized water was replaced with a DOM solution. In the experiments,
which were carried out each in four replicates, headspace concentrations of H 2, dissolved
concentrations of dissolved Zn and DOC, and proton consumption were recorded.
To this end, 5 grams of Zn were washed with HCl (1M) for 30 minutes and subsequently rinsed
twice with degassed (1 h) deionized water and filled into butyl-rubber stoppered, air tight flasks as
described by Heitmann and Blodau(2006). The flasks were equipped with sealed pH-electrodes (WTW
Sentix 21/Schott Blue Line 22 pH), a canula for adding titration solution, and a magnetic stirrer. The
titration solutions (0.1 M HCl and NaOH) were degassed before use as well. A volume of 50 mL of
degassed blank or DOM solution, respectively, was then added under an argon stream to the reaction
flask with the electrode mounted, leaving a headspace of 163.5

3.5 mL. Immediately thereafter, the

autotitrator was started to correct deviation from the starting pH of 6.5. The first samples were taken
immediately and then 1, 3, 8, and 24 hours thereafter. Three replicate gas samples of 0.5 mL were
withdrawn for the quantification of H2, two replicates of 0.5 mL water for dissolved Zn, and one
sample of 1 mL volume for DOC analysis. The solutions added to the metallic Zn contained none or
50 mg C L-1 Pahokee Peat DOM and 10 mM NaCl to keep ionic strength constant. In another series of
experiments, the stirring rate of the magnetic stirrer was changed from 500 rpm, which was the
standard in all other experiments, to 250 rpm, and 1000 rpm. These experiments were carried out in
duplicates.

Reduction of DOM
Five grams of acid-washed (50 mL of 1 M HCl for 30 min) and twice rinsed coarse metallic Zn
grains (Riedel-de-Haen granular Zn,

> 0,1 mm) were added to 50 ml of N2-purged DOM sample

solution and cautiously shaken under exclusion of oxygen. Preliminary tests showed that fine Zn
powder (

< 0.45µm) could not be used due to excessive Zn release in blank samples. The ionic

strength was 5 mM (KCl) and the pH was repeatedly adjusted to 6.5 with dilute HCl or NaOH. For the
experiments, DOM solutions were vacuum degassed and purged with nitrogen for at least 30 min.
Assays were carried out in an oxygen-free glove box, containing an atmosphere of 95 % nitrogen and
5 % hydrogen. All flasks used for reactions and reagent storage were wrapped in aluminum foil to
prevent photoreactions (Fukushima and Tatsumi, 1999). Blank experiments were conducted
analogously to batch assays in the absence of humic acid. The following experiments were carried out
with three or four replicates:
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(1) To test the limits of applicability of the method across a pH range, the release of dissolved Zn
by reaction with deionized water was determined after 24 h at different pH values (2.0, 2.8, 4.0,
6.0, and 6.8), adjusted with HCl (0.1 M).
(2) In a separate experiment, the reaction progress over time was determined by taking aliquots at
regular intervals. In these experiments pH was regularly readjusted to 6.5 at intervals < 12 h using
0.01 M NaOH or HCl. After the experiment, additional samples were taken for DOC
measurements.
(3) To determine the dependency of dissolved Zn release on DOC concentrations, metallic Zn was
incubated with DOM solutions diluted to 75, 50, 25, and 10 % of the original concentrations.

Reoxidation of DOM
To test the reversibility of electron acceptance by DOM, the DOM that had been reduced with
metallic Zn was re-oxidized with potassium ferricyanide ([Fe(CN)6]3-) (‘FeCN’) as oxidant according
to (Matthiessen, 1995). The use of this oxidizing agent has long standing history, especially with
respect to the oxidation of phenols (Haynes et al., 1959) and the detection of polyphenolic compounds
such as tannins (Hagerman and Buttler (1989)and Graham (1992)). Four millilitres of untreated or Znreduced DOM solution were mixed with 1 ml FeCN solution in centrifuge tubes inside the glove box
to final concentrations of 0.25 mM Fe, 5 mM MES buffer, and a pH of 6.5. Transformation of the
coloured ferric iron complex to the ferrous iron complex, which remains colourless under the chosen
chemical conditions, was determined photometrically at 420 nm. Mean values were determined as

Absorption

M ( Abs Fe (CN )6 ) M ( Abs DOM ) M ( Abs Fe (CN )6

DOM

)

Analytical methods
Iron was measured photometrically in capped plastic cuvettes at 420 nm (FeCN; (Matthiessen,
1995)). DOC concentration was determined after filtration (0.45 m, nylon) on a Shimadzu 5050 TOC
analyzer, and elemental composition of DOM and dissolved Zn concentrations by ICP AES (Perkin
Elmer Optima 3000) and flame AAS (Varian SpectrAA-20), respectively. Hydrogen (H2) was
quantified with a mercury bed oxidation analyzer (Trace Analytical TA3000r); samples were taken
directly from the headspace of the reaction flasks. Dissolved H2 concentrations were recalculated by
Henry’s law (KH, H2 = 7.8 * 10-4 mol L-1 atm-1, at 22 °C, from Sander (1999)) and volumes of
headspace and liquid phase. Reagent grade chemicals and deionized water with an electric
conductivity < 0.06 µS were used in all experiments.

Calculations
Electron acceptor (EACZn) and electron donor (EDC) capacities of DOM were calculated from
formation of dissolved Zn and ferrous Fe, respectively, and standardized on electron equivalents
(charge, subscript c) and mass units of carbon (mmolc g-1 C). Complexation of dissolved Zn by DOM
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was modelled using the WINHUMIC equilibrium model, which is based on humic ion binding Model
V, and considers aqueous speciation of Zn (Tipping, 1994; Tipping and Hurley, 1992). The model
calculates the binding of metals by DOM functional groups in monodendate and bidendate complexes.
The concentration of carboxyl and phenol functional groups contained in DOM was taken from IHSS
data and calculated from own titration experiments (Bauer and Blodau, 2008).
Standard potentials (E°h) for the oxidation of Zn to Zn2+ and reduction of ferric iron complexed by
cyanide were taken from (Matthiessen, 1995; Stumm and Morgan, 1996). An experimental ‘in situ’
potential of the redox couples was calculated from standard potentials according to stoichiometries
and equations (1) and (2), and the chemical composition of the solution at the endpoint of the reaction.
We did not consider complexation by DOM, which may have accounted for 20 to 30% of total
dissolved Zn at the endpoint of the reaction (see results). Iron and Zn speciation in solution was
calculated using the PhreeqC algorithm, version 2.11.0, and Minteq database.
Zn2+ + 2 e-

Zn0

[Fe(CN)6]3- + e-

[Fe(CN)6]3-

E h ,Zn

E h0

0.059
lg a ( Zn 2 )
2

E h , Fe

E h0

0.059 lg

a ([ Fe(CN ) 6 )]3 )
a( [ Fe(CN ) 6 )]4 )

E°h = – 0.76 V

(1)

E°h = +0.431 V

(2)

Zinc was in surplus in the experiments. For estimating kinetic constants we assumed a pseudo-first
order kinetics with two redox-active DOM pools (Pullin and Cabaniss, 2003) and apparent (observed)
time constants kobs (eq. 3). For simplicity, the total redox active pool is labelled DOM-Q(uinone) in
equation (3).

d [Znaq ]
dt

d[ DOM Q]
dt

(1)
k obs
[ DOM Q](1)

( 2)
k obs
[ DOM Q]( 2)

(3)

The time dependent solution to equation (3) is:

[ Znaq ](t ) [ DOM

Q](01) (1 10

1
k obs
t

) [ DOM

Q](02 ) (1 10

1
k obs
t

)

(4)

The total reactive DOM pool was estimated from formation of dissolved Zn after completion of the
reaction. The DOM pools are thus only constrained by dissolved Zn release. Calculations were carried
out using the statistics package SPSS, release 13.01.
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Results
Identification of reactions between metallic Zn, water and DOM
In the pH-stat experiments, at pH 6.5, metallic Zn reacted with water under release of hydrogen
and dissolved Zn (Fig. 1). The stoichiometry of the release essentially followed reaction (2) with
average stoichiometric factors of 0.96 – 0.99 for H2/Zn(aq) and -2.11 – -2.17 for H+/Zn(aq), based on
the last two sampling times. Before, less H2 was liberated into the headspace than expected, possibly
due to incomplete equilibration between water and gas phase. Replacement of deionized water by the
Pahokee Peat DOM solution resulted in increased dissolved Zn release, increased proton consumption,
and decreased dissolved hydrogen release (Fig. 1). The additional Zn release was completed after
about 8 hours in this experiment and afterwards, concentrations declined on average by 9 %.
After 24 hours, the mean additional Zn release of 146 to 166 µmol L-1 in the DOM treatment was in
rough agreement with a mean additional proton consumption of 352 µmol L-1 and the stoichiometry of
the reaction of DOM-Q with metallic Zn (1). Before, however, fewer protons were consumed than
expected based on this stoichiometry. The slower release of hydrogen in the DOM compared to the
blank experiments (Figure 1) suggests that hydrogen produced from reaction of metallic Zn with water
was incorporated into DOM, possibly by reduction of DOM-Q to DOM-QH2, or that the release of H2
was restricted by the addition of DOM. Calculations with the WINHUMIC model indicated that 40 –
60 µmol Zn(aq) could be potentially complexed by the Pahokee Peat DOM, given the DOM
concentrations employed.
Measured DOM concentrations decreased with time on average from 18 mg L-1 to 4 mg L-1 when
results from experiments were lumped together (Supporting Information, Figure 1S). After 24 hours, a
brownish layer was present on the Zn grains and the previously dissolved organic matter thus probably
partly adsorbed on the solid surfaces, partly it may have hydrophobically coagulated due to the
presence of dissolved Zn. Hence, the organic matter was fairly homogeneously distributed in the flasks
only for the first hours of the experiments. A variation of stirring speed in another series of
experiments did not produce conclusive information; the results are presented in the supporting
information (Fig. 2s).
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Figure 16
Release of dissolved Zn and dissolved H2, and consumption of protons in pH-stat.
experiments. ‘Blank’ represents assays in which metallic Zn reacted with water only, and ‘DOM’
represents assays in which Pahokee Peat DOM was used. (n = 4, s.e.)

Zinc release by reaction with water versus pH
Between pH 4.0 and 6.8, Zn(aq) concentrations ranged from 21 to 26 µmol L-1 after 24 hours in
blank experiments in the absence of DOM, and increased up to 4700 µmol L-1 when the batch was
acidified to pH 2 (Fig. 2 A). Zinc release by reaction with water does thus restrict the applicability of
the method to a pH equal or higher than 4. Even at near neutral pH this reaction occurs, which
increases the error in EAC with decreasing DOC concentration or EAC per unit mass of carbon.
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Figure 17
Dissolved Zn (Znaq) release in deionized water in dependency of pH and measured after
24 hours. ( s.d., n = 3)

Kinetics of Zn release
DOM was initially rapidly reduced by contact with metallic Zn, which reached dissolved
concentrations of 112 to 172 µmol L-1 in excess of concentrations in blank samples after 24 to 48 h
(Fig. 3). The total release of Zn(aq) was thus very similar as observed in the more strictly controlled
pH-stat. experiments but it occurred more slowly (compare Fig. 1 and 3). In these experiments also
less DOC, i.e. 17 – 26 %, was eliminated from solution, in comparison to the pH-stat. experiments
(Supporting Information, Table 1s).
The release of Zn(aq) roughly followed a log-linear relationship, suggesting a pseudo-first order
reaction with respect to redox-active groups in DOM (R2 = 0.93 – 0.95). However, the fitted function
overestimated concentrations from 4 to 24 hours, and underestimated them before and after. A better
fit could be obtained using equation (4), assuming presence of two DOM pools of differing reactivity.
Reaction rate constants were 6.5 h-1 and 0.07 h-1 (Pahokee Peat). With respect to Suwannee River
DOM the fit could not be improved using two DOM pools. The rate constant obtained was 0.48 h-1.
Dissolved Zn release decreased in the order Pahokee Peat > Black River > Suwannee River >
Everglades, but reaction progress was similar in all samples (not shown). This suggests that DOM
samples contained different quantities of functional groups of similar reactivity. Zinc release increased
steadily with DOC concentration (Fig. 4) at low and high ionic strength, albeit not strictly linearly at
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lower DOC concentrations (also compare Fig. 5). The dissolved Zn release by application of Pahokee
Peat and Mer Bleue DOM was characterized by a similar dependency on DOC concentration, whereas
Suwannee River DOM relatively released more dissolved Zn at higher DOC concentrations (Fig. 4).
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Reaction progress of dissolved Zn (Znaq) release with different DOM. In panel A., release
was fitted to a first order expression with one DOM pool (Suwannee River) and two DOM pools (Pahokee
Peat) The dotted line represent the calculated contribution of the slow DOM pool to Znaq release for the
Pahokee Peat sample. Panel B. shows Znaq release with blanks not considered, owing to an analytical
problem with some of the blank measurements in this assay. ( s.d., n = 3 – 4)
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Determination of EAC
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The EAC of undiluted samples (Suwannee and Black Rivers, Everglades) and samples diluted to
50 mg L-1 (Pahokee Peat) and 45 mg L-1 (Mer Bleue) ranged from 0.22 to 4.6 mmolc g-1 C (Table 1).
EAC increased in the order Everglades < Black River ~ Suwannee River < Mer Bleue < Pahokee Peat
(Table 1). EAC was dependent on DOC concentration. Standardized on unit mass of carbon, EAC
increased when DOC concentrations were lowered to less than 40 mg L-1 and reached 11.9 mmolc g-1
C (Pahokee Peat) and 12.6 mmolc g-1 C (Mer Bleue, Fig. 5). EAC decreased with DOC concentration
roughly following a power function (Fig. 5). Increasing ionic strength decreased EAC consistently in
Mer Bleue samples by 19 – 40 %, and increased them by –1 – 29 % in Pahokee peat solutions. Ionic
strength thus had an influence on EAC quantification with metallic Zn but not in a predictable
direction. The calculated in-situ redox potential (Eh) of Zn(0)/Zn2+ was –0.88 V when the reaction was
completed.
EDC and ‘reversibility’ of electron transfer
The EDC of untreated DOM ranged from 0.08 to 0.70 mmolc g-1 C using FeCN as oxidant and
increased in the order Suwannee River ~ Black River < Everglades < Pahokee Peat (Fig. 6). The insitu redox potential (Eh) was +0.50 V. DOM pre-treated with metallic Zn reduced much larger
quantities of FeCN than untreated DOM, but reduction with metallic Zn was not fully reversible with
values of 11 % (Pahokee Peat), 62 and 65 % (Suwannee and Black River). The Everglades sample
donated more electrons to FeCN than it had received from metallic Zn. As the EAC of this DOM
solution was very small (Fig. 6), the accuracy of the EAC value was probably limited and may have
caused this phenomenon.

Spectroscopic DOM properties vs. EAC
The different DOM distinctly differed in their UV, IR, and fluorescence spectroscopic properties
(Fig. 7; Fig. 8, Table 1). Pahokee Peat and Mer Bleue in particular were characterized by high
SUVA254nm of 0.06 and 0.051 L (mg C)-1 (cm)-1, strong IR-absorption at characteristic wave number
of 1725 cm-1 (C=O stretch of COOH) and 1620 cm-1 (aromatic C=C stretch/asymmetric –COOstretch), an absorption peak/shoulder at 1270 cm-1 (C–OH stretch of phenolic –OH), and weak
absorption in the range of 1050 – 1200 cm-1 (mostly aliphatic –OH typical for carbohydrates
(Niemayer et al., 1992). A similar spectrum was also recorded with respect to Suwannee River DOM
but absorption in the range of 1050 – 1200 cm-1 was more prominent. The terrestrial DOM was further
characterized by a maximum of fluorescence intensity at high wave lengths of 400 to 470 nm. This
pattern has been linked to a high degree of polycondensation and larger relative quantities of
conjugated aromatic -electron systems (Chen et al., 2003b), owing to their electron-withdrawing
qualities (Pullin and Cabaniss, 1995).
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Figure 21
Electron accepting capacity (EAC) of DOM using metallic Zn and electron donor
capacity (EDC) of the DOM using [Fe(CN)6]3- as oxidant. EDC was determined for untreated DOM,
labelled ‘EDC (ox)’, and Zn-prereduced DOM, labelled ‘EDC (red)’. Full reversibility of the electron
transfer is given when EAC equals the difference between EDC (ox) and EDC (red).
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EAC (mmol c g-1 C)

A.

The other DOM samples (Black River River and Everglades) were characterized by lower
absorption around 1725 cm-1 and 1270 cm-1, and relatively strong absorption in the 1620 cm-1 IR range
(Fig. 7). The Everglades DOM was furthermore characterized by strong absorption bands around 1450
cm-1, likely related to carbonate precipitates. A relatively larger contribution of less humified, low
molecular weight compounds is typical for a maximum in fluorescence peak intensity at low wave
lengths of about 350 nm (Fig. 8) (Chen et al., 2003b). Standardized on IR absorption at 1150 cm-1, the
relative contribution of carboxylic moieties decreased in the order Mer Bleue> Pahokee Peat >
Suwannee River > Everglades> Black River and of phenolic moieties in the order Pahokee Peat > Mer
Bleue > Suwannee River > Black River> Everglades (Table 1).
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Figure 22
FTIR spectra of DOM used (A.), correlation of EACZn against SUVA254nm (B.), and
correlation of EACZn with FTIR absorption intensity in the range of 1725 cm-1 (C=O stretch in COOH),
1620 cm-1 (aromatic C=C stretch) and 1270 cm-1 (C–OH stretch of phenolic C), standardized to the range
of 1150 cm-1 (C–OH stretch of aliphatic OH) (Niemayer et al., 1992). For the calculation of ratios a
maximum of absorption within ± 25 cm-1 of reported absorption maxima was used. Regression equations
are as follows:
EACZn = 8.8 ln [SUVA] + 29
R2 = 0.95
EACZn = 2.7 [E (1270/1150)] + 0.88
R2 = 0.77
EACZn = 1.6 [E (1725/1150)] + 0.96
R2 = 0.47

EAC was related to ‘aromaticity’ as determined by SUVA254nm, the relative contribution of
phenolic and to a lesser degree carboxylic moieties, as obtained by FTIR spectroscopy (Fig. 7 B. and
C.), and the relative contents of aromatic, polycondensed moieties, as determined by characteristic
fluorescence intensity ratios (Fig. 8 B.). No relationship existed with respect to normalized IR
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absorption at 1620 cm-1 since the Everglades DOM spectrum absorbed strongly in this range but had
only a very small EAC. High relative contents of carboxylic and phenolic groups, and likely also
aromatic structures overall seemed to promote electron uptake by DOM. A best fit with respect to
SUVA254nm and fluorescence data could be obtained using logarithmic relationships between the
spectroscopic properties and EAC (Fig. 7, 8).
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Synchronous fluorescence spectra of DOM used (A.) and correlation of EACZn with
fluorescence ratios characteristic (B.) of the degree of ‘polycondensation’ (470 nm / 360 nm and 470 nm /
400nm), and phenolic- and quinone-type moieties (400 nm / 360nm) (Chen et al., 2003a). Regression
equations are as follows:
EACZn = 5.8 [E (400/360)] + 1.2
R2 = 0.98
EACZn = 2.0 ln [E (470/360)] + 3.2
R2 = 0.90
EACZn = 6.1 ln [E (470/400)] + 6.58
R2 = 0.85

Discussion
Reaction of metallic Zn with DOM
In the pH-stat. blank experiments, the evolution of dissolved Zn and hydrogen, and the
consumption of protons were in agreement with the described reaction (2) of metallic Zn with water
(Stumm and Morgan, 1996). Exchange of water by Pahokee Peat DOM increased dissolved Zn release
and proton consumption, which is in agreement with a reduction of DOM by metallic Zn according to
reaction (1), and furthermore reduced hydrogen production. The fate of the produced hydrogen in the
experiments with DOM cannot be clarified conclusively. A reduction of DOM by hydrogen, for
example according to reaction (3), has been documented in presence of palladium (Pd) as catalyst and
also been used to quantify an electron accepting capacity indirectly (Benz et al., 1998; Kappler et al.,

- 77 -

2004). We are not aware that metallic Zn surfaces could have a similar catalytic function as Pd but
cannot exclude this possibility.
More likely than such an effect, however, seems a developing passivation of metallic Zn surfaces
by precipitation of DOM, which may have reduced the propensity of the metallic Zn to react with
water. Such an effect is argued for by the small difference between treatment and control with respect
to hydrogen release in the beginning and the increasing lag of hydrogen release with increasing DOC
loss in the DOM treatments (Fig. 1). If correctly interpreted, the difference of hydrogen release
between control and DOM treatment in Figure 1 does not reflect a reduction of DOM by hydrogen,
which would have to be added to the electron accepting capacity of the DOM, as quantified from the
release of dissolved Zn. A potential passivation of metallic zinc poses a similar problem, however,
because the EAC is calculated by subtraction of zinc release in blank assays from DOM assays. An
overestimation of the dissolved Zn release in the DOM assay thus leads to an underestimate of the true
EAC of the DOM.
The loss of DOM from solution possibly also influenced the release of dissolved Zn and the
dissolved Zn concentration, and consequently the calculation of the EAC. In the pH-stat. experiments
with Pahokee Peat DOM (Fig. 1), the additional release of dissolved Zn in DOM treatments was
completed after only 8 hours and thereafter a decline in concentrations of 9 % occurred on average,
which may have been caused by the co-precipitation of Zn complexed with DOM. Using the
WINHUMIC software, we estimated that 40 to 60 µmol L-1 Zn, or about 20 – 30 %, were potentially
complexed by DOM in our experiments. Given the average decrease in DOC concentration of 6 mg L 1

, or 30 % of the initial DOC concentration in the period between 8 h and 24 h, a co-precipitation of Zn

with DOM in the recorded order of magnitude seems plausible. In the kinetic experiments with the
same DOM (Fig. 3) reaction progress occurred more slowly and asymptotically reached a
concentration maximum only after 24 to 48 hours, which also raises the question if the stronger DOM
precipitation in the pH-stat. experiments reduced the capacity of the DOM to react with metallic Zn.
This was apparently not the case, though, as the total dissolved Zn release was similar (compare Figs.
1 and 3).
Regardless of the obvious methodological difficulties encountered in this heterogeneous chemical
system the pH-stat. experiments suggested that humic DOM was reduced by metallic Zn and that the
additional dissolved Zn release compared to blank samples cannot be solely attributed to a catalytic
effect of DOM on the reaction of metallic Zn with water, as no additional H2 was concurrently
released. This conclusion is substantiated by the fact that the total dissolved Zn released increased
linearly with the DOC concentration used (Figure 4). An increase in electron accepting capacity in the
solution resulted in the predicted increase in oxidation of metallic Zn. The study thus demonstrates
that an EAC of DOM can be quantified by reaction with metallic Zn in a DOC concentration range of
10 – 100 mg L-1, which is a range typical for carbon rich aquifers, soils, sediments, and dystrophic
lakes. It must be emphasized, however, that this capacity is operationally defined for the specific
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experimental conditions chosen and that changes in the redox state of a particular DOM, as well as
comparisons between different sources of DOM, can only be quantified when the experimental
conditions are kept constant and no strong differences in DOM precipitation occur between
experimental runs.
Apart from DOM precipitation, DOC concentration itself was a factor influencing the EACZn of
DOM, particularly at DOC concentration below 40 mg L-1, and ionic strength also alter EACZn in a
direction that could not be predicted a priori. Both effects are not easily explained based on the data
obtained, and are likely related to conformational changes of the DOM that were not analyzed. Higher
DOC concentration, for example, may lead to coagulation of DOM molecules(Buffle and Leppard,
1995) reduce the accessibility of reactive structures (Coates et al., 2000) and thus lower EAC per mass
unit of carbon (Fig. 5). The reaction of DOM with metallic Zn represents a heterogeneous reaction that
will require contact of DOM with a Zn surface that is probably partly charged due to the release of
Zn2+ and local formation of Zn hydroxide. It was shown previously that increasing DOM
concentrations may reduce surface tension and increase hydrophobicity of humic acids (Coates et al.,
2000). It can be speculated that the propensity of DOM to undergo a reaction with metallic Zn surfaces
was lowered by such changes. Regardless of the exact cause of such effects these observations also
emphasize that EACZn cannot be considered an intrinsic quality of the DOM and that experimental
conditions need to be standardized if comparability between samples is sought.

Electron accepting and donating capacities
EAC values of 2.8 mmolc g-1 C to 4.6 mmolc g-1 C, as determined for four of the five DOM
solutions used, are in the upper range of electron transfer capacities determined. Reported ETC values
for various isolated humic acids have ranged from 0.01 to 21 (median: 0.9) mmolc g-1 C (Chen et al.,
2003a; Kappler et al., 2004; Lovley et al., 1996; Struyk and Sposito, 2001). This range reflects
differences in pH, redox potential of oxidants and reductants, and structural properties of DOM (Bauer
and Blodau, 2006; Chen et al., 2003a). Heitmann and Blodau (2006) reported an EAC of 0.6 mmolc g-1
C by reducing Pahokee Peat humic acid with H2S. An EDC of 0.41 mmolc g-1 C was determined at pH
6.9 using FeCi as oxidant (Scott et al., 1998), and of 4.1

mmolc g-1 C at pH 5.0 using iodine as

oxidant (Struyk and Sposito, 2001). Comparatively small EDC values of 0.001 to 0.7 mmolc g-1 C
were determined also in the study by Struyk and Sposito (2001).
The reasons for such differences in ETC have not been systematically investigated, but are
probably to some extent related to the redox potentials of the oxidants and reductants employed (Bauer
and Blodau, 2006). For the experimental conditions used (pH 6.5, composition of the solution after 24
h) we obtained in situ Eh values of – 0.88 V (Zn/Zn2+, eq. 1) and +0.50 V (FeCN, eq. 2). Previously,
E°h values of 0,4 to 0,8 V have been determined for DOM of varying acid-base properties and origin
(Skogerboe and Wilson, 1981; Struyk and Sposito, 2001). Standard redox potentials of quinone model
compounds range from < 0,3 V to > 0,69 V (Helburn and Maccarthy, 1994; Rosso et al., 2004).
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Considering the relative differences in redox potentials between DOM and reactants, the differences in
magnitudes of EAC and EDC determined in this study are not surprising. The electromotive force
applied by reduction with metallic Zn was much larger than by oxidation with ferric iron. It is thus
likely that a wider range of redox active moieties were involved in the electron transfer. However,
differences in electromotive force do not explain the incomplete reversibility of the electron transfer,
as moieties reduced at low potentials should transfer electrons to ferric iron. The structure of the DOM
may, therefore, have been irreversibly altered by the reduction with metallic Zn. Such a process is, for
example, known from one electron transfer oxidation of phenols, involving subsequent polymerization
of phenoxy radicals (Helburn and MacCarthy, 1994).
From a practical point of view, it further has to be considered that metallic Zn is also an
extraordinary strong reductant compared to relevant electron donors in the aqueous environment, such
as H2 and H2S. Reduction of DOM with metallic Zn may thus be seen as an upper limit of EAC
present in aqueous environmental samples and may not be reached in situ. This conclusion is further
emphasized because electron transfer from metallic Zn to DOM was only partly reversible using
complexed ferric iron as oxidant (Fig. 6).

Electron accepting capacity versus DOM characteristic
The comparison between spectroscopic properties and EAC suggested that the electron transfer
from metallic Zn to DOM was related to particular structural moieties in the DOM (Fig. 7). The
relationships obtained should not be viewed as general and reliable, though. The number of samples
was small and the analytical parameters are semiquantitative, albeit metrically scaled (Kalbitz et al.,
1999; Niemayer et al., 1992). The intensity of IR absorption was found not to correlate with DOM
concentration in FTIR measurements. Therefore, we standardized absorption intensity of bands
characteristic for structural moieties related to ETC on absorption intensity bands unrelated to ETC
(Fig. 7). Such a procedure has previously been shown to provide fairly consistent information about
structural characteristics across a range of organic matter concentrations (Niemayer et al., 1992).
It has been shown that ETC is related to quinone content by means of electron spin resonance
spectroscopy and to contents of aromatic structures by

13

C NMR spectroscopy (Scott et al., 1998).

Furthermore it has been conjectured that other moieties, such as polyphenols, are also redox-active
units within humic substances because mixtures of model compounds provided very similar redox
titration results compared to humic acids (Helburn and Maccarthy, 1994). This conclusion was
supported comparing ETC to quinone contents, because contents did not suffice to explain electron
transfer (Struyk and Sposito, 2001). The authors furthermore suggested that contents of complexed
iron were partly responsible for the observed electron transfer and may constitute an important
electron shuttle.
In this study, contents of iron were very small and iron content appeared not to be related to the
determined EAC, as the comparison between EAC values and iron contents in Table 1 illustrates. EAC
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increased with phenolic and to a lesser degree also carboxylic content within the DOM, when
standardized to an IR absorption band window unrelated to electron transfer (Fig. 7). The results from
FTIR spectroscopy were further supported by synchronous fluorescence spectroscopy. The EAC
increased with shifting synchronous fluorescence intensity to wave lengths > 350 nm. This patterns
has been linked to relative contents of phenols and ketones (wave lengths of 380 - 430 nm) and to
polycondensed conjugated aromatic structures in DOM (wave lengths of about 450 - 480 nm; (Chen et
al., 2002; Chen et al., 2003b; Kalbitz et al., 1999). The consistency of reaction progress of electron
transfer over time among the DOM solutions (Fig. 3) further suggested that the reactivities of the
structures responsible for electron transfer were similar among different DOM samples, and that
apparently primarily the contents of these structures varied among the DOM solutions. The relative
importance of functional moieties responsible for the electron transfer cannot be conclusively
evaluated from the results obtained. Still, the analysis confirms that the strongly aromatic, phenolic,
and carboxylated humic substances of terrestrial origin carry a particularly high potential to accept
electrons.

Conclusions
The study demonstrates that the reaction of DOM with metallic Zn can be used to quantify an
operationally defined electron accepting capacity of DOM at pH > 4 and DOM concentrations of 10 –
100 mg L-1. The electron transfer was dependent on DOC concentration, was mostly completed within
48 h, and could be reproduced using a pseudo first order kinetics with one or two DOM pools. The
electron transfer was furthermore at least partly reversible using dissolved ferric iron cyanide as
oxidant. Since DOM concentration and ionic strength affected EAC, the obtained EAC has to be
viewed as operationally defined for particular conditions. Shortcomings of the method are in particular
the precipitation of DOM on the metallic Zn surfaces, and the production of hydrogen by the reaction
of Zn with water, which is also a potential reductant for DOM. Both processes would cause an
experimental underestimate of the true potential of the DOM to accept electrons from metallic zinc. It
needs to be considered further that the obtained DOM likely represents an upper estimate in aqueous
natural environments owing to the large electromotive force applied. The correlation to spectroscopic
properties suggested that the strongly humified and carboxylated humic substances of terrestrial origin
carry a particularly high EAC.

Acknowledgements
We thank K. Kalbitz for providing access and help with a fluorescence spectrometer at the
Department of Soil Ecology, University of Bayreuth. The technical assistance of Jan Schwieker, S.
Hammer and K. Soellner was much appreciated. The study was funded by DFG grant BL 563 2/1 to

- 81 -

C. Blodau. M. Bauer was in part supported by a fellowship from DAAD and S. Regenspurg by a
postdoctoral fellowship (DFG RE 1679 1/1).

References
Bauer M. and Blodau C. (2006) Mobilization of arsenic by dissolved organic matter from iron oxides, soils and
sediments. Sci. Tot. Environ. 354, 179-190.
Bauer M. and Blodau C. (2008) Experimental colloid formation in aqueous solutions rich in dissolved organic
matter, ferric iron, and As. Geochim. Cosmochim. Acta submitted.
Benz M., Schink B., and Brune A. (1998) Humic Acid Reduction by Propionibacterium freudenreichii and other
Fermenting Bacteria. Appl. Environ. Microbiol. 64(11), 4507-4512.
Buffle J. and Leppard G. G. (1995) Characterization of Aquatic Colloids and Macromolecules .1. Structure and
Behavior of Colloidal Material. Environ. Sci. Technol. 29(9), 2169-2175.
Cervantes F. J., Van der Velde S., Lettinga G., and Field J. A. (2000) Competition between methanogenesis and
quinone respiration for ecologically important substrates in anaerobic consortia. FEMS Microbiol. Ecol.
34, 161-171.
Chen J., Gu B. H., LeBoeuf E. J., Pan H. J., and Dai S. (2002) Spectroscopic characterization of the structural
and functional properties of natural organic matter fractions. Chemosphere 48(1), 59-68.
Chen J., Gu B. H., Royer R. A., and Burgos W. D. (2003a) The roles of natural organic matter in chemical and
microbial reduction of ferric iron. Sci. Tot. Environ. 307(1-3), 167-178.
Chen J., LeBoef E. J., Dai S., and Gu B. H. (2003b) Fluorescence spectroscopic studies of natural organic matter
fractions. Chemosphere 50(5), 639-647.
Chin Y.-P., Aiken G. R., and O'Loughlin E. (1994) Molecular weight, polydispersity and spectroscopic
properties of aquatic humic substances. Environ. Sci. Technol. 28(1853-1858).
Coates J. D., Chakraborty R., O'Connor S. M., Schmidt C., and Thieme J. (2000) The geochemical effects of
microbial humic substances reduction. Acta hydrochim. hydrobiol. 28(7), 420-427.
Coates J. D., Cole K. A., Chakraborty R., O'Connor S. M., and Achenbach L. A. (2002) Diversity and ubiquity
of bacteria capable of utilizing humic substances as electron donors for anaerobic respiration. Appl.
Environ. Microbiol. 68(5), 2445-2452.
Cory R. M. and McKnight D. M. (2005) Fluorescence Spectroscopy Reveals Ubiquitous Presence of Oxidized
and Reduced Quinones in Dissolved Organic Matter. Environ. Sci. Technol. 39(21), 8142-8149.
Fukushima M. and Tatsumi K. (1999) Light acceleration of iron(III) reduction by humic acid in the aqueous
solution. Colloids Surf., A 155, 149-258.
Fulton J. R., McKnight D. M., Foreman C. M., Cory R. M., Stedmon C., and Blunt E. (2004) Changes in fulvic
acid redox state through the oxycline of a permanently ice-covered Antarctic lake. Aquat. Sci. 66(1), 2746.
Graham H. D. (1992) Stabilization of the Prussian Blue color in the determination of polyphenols. J. Agric. Food
Chem. 40, 801-805.
Hagerman A. E. and Butler L. G. (1989) Choosing appropriate methods and standards for assaying tannin. J.
Chem. Ecol. 15, 1795-1810.
Haynes C. G., Turner A. H., and Waters W. A. (1959) The oxidation of monohydric phenols by alkaline
ferricyanide. J. Americ. Chem. Soc. 81, 2323-2331.

- 82 -

Heitmann T. and Blodau C. (2006) Oxidation and incorporation of hydrogen sulfide by dissolved organic matter.
Chem. Geol. 235, 12-20.
Heitmann T., Goldhammer T., Beer J., and Blodau C. (2007) Electron transfer of dissolved organic matter and
its potential significance for anaerobic respiration in a northern bog. Global Change Biol. 13(8), 17711785.
Helburn R. S. and Maccarthy P. (1994) Determination of Some Redox Properties of Humic-Acid by Alkaline
Ferricyanide Titration. Analyt. Chim. Acta 295(3), 263-272.
Kalbitz K., Geyer W., and Geyer S. (1999) Spectroscopic properties of dissolved humic substances-a reflection
of land use history in a fen. Biogechemistry 47, 219-238.
Kappler A., Benz M., Schink B., and Brune A. (2004) Electron shuttling via humic acids in microbial iron(III)
reduction in a freshwater sediment. FEMS Microbiol. Ecol. 47, 85-92.
Kappler A. and Haderlein S. B. (2003) Natural organic matter as reductant for chlorinated aliphatic pollutants.
Environ. Sci. Technol. 37(12), 2714-2719.
Klapper L., McKnight D. M., Fulton J. R., Blunt-Harris E. L., Nevin K. P., Lovley D. R., and Hatcher P. G.
(2002) Fulvic acid oxidation state detection using fluorescence spectroscopy. Environ. Sci. Technol.
36(14), 3170-3175.
Lovley D. R., Coates J. D., BluntHarris E. L., Phillips E. J. P., and Woodward J. C. (1996) Humic substances as
electron acceptors for microbial respiration. Nature 382(6590), 445-448.
Matthiessen A. (1995) Determining the redox capacity of humic substances as a function of pH. Vom Wasser 84,
229-235.
Miano T. M. and Senesi N. (1992) Synchronous excitation fluorescence spectroscopy applied to soil humic
substances chemistry. Sci. Tot. Environ. 1992(117/118), 41-51.
Niemayer J., Chen Y., and Bollag J. M. (1992) Characterization of humic acids, composts, and peat by diffuse
reflectance fourier-transformed infrared spectroscopy. Soil Sci. Soc. Am. J. 56, 135-140.
Nurmi J. T. and Tratnyek P. G. (2002) Electrochemical properties of natural organic matter (NOM), fractions of
NOM, and model biogeochemical electron shuttles. Environ. Sci. Technol. 36(4), 617-624.
Pullin M. J. and Cabaniss S. E. (1995) Rank analysis of the pH-dependent synchronous fluorescence spectra of
six standard humic substances. Environ. Sci. Technol. 29, 1460-1467.
Pullin M. J. and Cabaniss S. E. (2003) The effects of pH, ionic strength, and iron-fulvic acid interactions on the
kinetics of nonphotochemical iron transformations. I. Iron(II) oxidation and iron(III) colloid formation.
Geochim. Cosmochim. Acta 67(21), 4067-4077.
Redman A. D., Macalady D. L., and Ahmann D. (2002) Natural organic matter affects arsenic speciation and
sorption onto hematite. Environ. Sci. Technol. 36(13), 2889-2896.
Rosso K. M., Smith D. M. A., Wang Z. M., Ainsworth C. C., and Fredrickson J. K. (2004) Self-exchange
electron transfer kinetics and reduction potentials for anthraquinone disulfonate. J. Phys. Chem. A
108(16), 3292-3303.
Sander R. (1999) Compilation of Henry's Law constants for inorganic and organic species of potential
importance

in

environmental

chemistry

mainz.mpg.de/~sander/res/henry.html.

- 83 -

(Version

3).

http://www.mpch-

Schwarzenbach R. P., Stierli R., Lanz K., and Zeyer J. (1990) Quinone and Iron Porphyrin Mediated Reduction
of Nitroaromatic Compounds in Homogeneous Aqueous-Solution. Environ. Sci. Technol. 24(10), 15661574.
Scott D. T., McKnight D. M., Blunt-Harris E. L., Kolesar S. E., and Lovley D. R. (1998) Quinone moieties act as
electron acceptors in the reduction of humic substances by humics-reducing microorganisms. Environ.
Sci. Technol. 32(19), 2984-2989.
Skogerboe R. K. and Wilson S. A. (1981) Reduction of Ionic Species by Fulvic-Acid. Analyt. Chem. 53(2), 228232.
Straub K. L., Kappler A., and Schink B. (2004) Enrichment and isolation of iron(III) and humic acid reducing
bacteria. Methods Enzym. 397, 58-77.
Struyk Z. and Sposito G. (2001) Redox properties of standard humic acids. Geoderma 102, 329-346.
Stumm W. and Morgan J. J. (1996) Aquatic chemistry. Wiley Interscience.
Tipping E. (1994) WHAM - A chemical equilibrium model and computer code for water, sediments, and soils
incorporating a discrete/electrostatic model of ion-binding humic substances. Computer Geosciences
20, 973-1023.
Tipping E. and Hurley M. A. (1992) A unifying model of cation binding by humic substances. Geochim.
Cosmochim. Acta 56, 3627-3641.

- 84 -

Study 3
submitted to Water Research

Oxidation of As(III) and reduction of As(V) in dissolved organic matter
solutions

Markus Bauer1, Christian Blodau1
1

Limnological Research Station and Department of Hydrology, University of Bayreuth, D-95440
Bayreuth, Germany

Abstract
The redox state of arsenic significantly affects the mobility and transport behaviour of this toxic
element. In this study we tested influence of different dissolved organic matter (DOM) samples on the
abiotic As(V) reduction and As(III) oxidation at circumneutral pH. Experimental assays were carefully
sterilized and kept under anoxic conditions. As(III) oxidation could not be observed under these
conditions on time scales of 4-7 d. As(V) reduction to As(III) instead occurred in assays with different
DOM samples and DOC concentrations. Amount and rate of As(III) production, however, varied
strongly for different experiments and could not be ascribed to systematic variations in experimental
protocols. Microbial processes are a potential cause for this high variability in As(V) reduction, but
also chemical reactions may have contributed. In summary, a direct chemical effect of organic matter
on the redox speciation of As could not be proven. The observed effects were mostly slow and
possibly microbially induced. This leads us to the conclusion that direct effects of humic substances on
As speciation may be negligible compared to microbial processes in natural systems.

- 85 -

Introduction
The mobility of the toxic element As is strongly related to redox processes. The oxidative
weathering of As containing sulfide minerals or the reductive dissolution of metal oxides are just two
examples for mechanisms of As mobilization involving redox reactions (Mandal and Suzuki, 2002;
Smedley and Kinniburgh, 2002). Arsenic release under reducing conditions from iron oxides
endangers the groundwater resources of millions of people in Southeast Asia, and has been linked to
the presence of degradable organic matter in sediments and water phase (McArthur et al., 2004;
Meharg et al., 2006).
Microbial activity and degradation of organic matter causes Fe(III) reduction, leading to the
dissolution of the As containing iron oxide phases and the release of As into the water phase (Herbel
and Fendorf, 2006; Kocar et al., 2006). Additionally, microorganisms may also use As(V) as an
electron acceptor and mediate the transformation to the more toxic and mobile As(III) species
(Oremland and Stolz, 2003). Reoxidation of aqueous As(III) can take place microbially (Cullen and
Reimer, 1989). Abiotic As(III) oxidation, however, is known to be slow with oxygen and higher
reaction rates require the presence of radical species, irradiation or catalysts (Chui and Hering, 2000;
Hug and Leupin, 2003).
It has previously been shown that humic substances are capable of electron transfer reactions with
metals or organic pollutants (Kappler and Haderlein, 2003; Schwarzenbach et al., 1990). Quinones and
similar structural entities were made responsible for these reactions (Scott et al., 1998). The redox
potential of organic matter redox active functionalities and the electron transfer capacities were found
to vary over a wide range (Bauer et al., 2006). Dissolved organic matter is often found in high
concentrations in aquifers affected by reductive dissolution of Fe oxides and As release (Harvey et al.,
2002; McArthur et al., 2004) and might therefore be a possible reaction partner in redox
transformations of aqueous or solid phase As. Yet, it is unknown whether abiotic reactions with
organic matter molecules could have the potential to affect the mobility of As mobilization in these
environments.
Irradiation substantially increased the oxidation of As(III) in humic acid solution by inducing the
formation of organic radicals, but no As(V) reduction occurred (Buschmann et al., 2005). Laboratory
experiments in darkness, however, had strongly contrasting results. Redman et al. (2002) found high
As(III) oxidation in whole water DOM solutions under oxic conditions after 48 h. Tongesayi and
Smart (2006) also found As(III) transformation in Suwannee River fulvic acid solution after 50 to 250
h, but Buschmann et al. (2005) observed As(III) oxidation in Suwannee River humic acid solution
only after weeks of incubation and in the presence of phosphate buffer. As(V) reduction in the same
humic acid solution was found only after an initial lag phase of 19 h and attributed to microbial
reactions, as the reaction could be prevented by application of the biocide NaN3 (Buschmann et al.,
2005). In contrast other studies reported abiotic As(V) reduction in time scales of 200 min to 200 h by
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different organic matter samples (Palmer et al., 2006; Redman et al., 2002; Tongesayi and Smart,
2006).
The contradictory results of these previous studies do not provide a consistent pattern concerning
the conditions and time scales for As redox transformation by aqueous organic matter. Comparison of
these studies is furthermore impeded by the fact that various organic matter samples and experimental
protocols were used. Additionally different methods As speciation measurements were applied,
including HPLC-ICP-MS to detect both As(V) and As(III), but also ion chromatography and
voltametry, which allow only the quantification of one As species. Our aim was therefore to elucidate
(1) rate and capacity of abiotic As(III) and As(V) redox transformation in (2) a simple experimental
setup with (3) different organic matter samples.

Materials and methods
All reaction vials and storage bottles were preconditioned with 1 % HNO3, rinsed twice with
deionized water, and sterilized by autoclaving (121°C, wet heat), annealing (250°C, glassware) or
rinsing with isopropanol (plastic). Sterile pipette tips, canules and syringes were used for solution
transfer and sampling. Stock solutions were prepared with MilliQ water from Na 2HAsO4, NaAsO2
(Fluka) and NaCl (Merck) salts and purified Pahokee Peat humic acid (PPHA) powder. The whole
water DOM samples from Suwannee River (Georgia/USA; SRDOM), Black River (Upper
Michigan/USA; BRDOM), the Mer Bleue peatland (Quebec/Canada; MBDOM), the Everglades
(Florida/USA; EVDOM), and Monitoring Well 6 in the Tennessee Park wetland (Colorado/USA,
MWDOM) were used after sterile-filtered (0.2 µm Nylon, Roth). All solutions were purged with
nitrogen (99.99 %) for at least 30 min and transferred into an anaerobic glovebox with N 2/H2
atmosphere (95 % N2, 5 % H2).
The experiments were started by mixing different volumes of stock and DOM solution in 20 ml
glass headspace vials to reach final concentrations shown in Table 1 for the experiments 1-6. Ionic
strength was 5-10 mmol L-1 NaCl and pH was adjusted manually to the values shown. The headspace
vials were then wrapped in aluminum foil and sealed with teflon lined butyl rubber stoppers.
Hydrogen was removed by a threefold evacuation and purging of the vial with nitrogen. NaN 3 in a
final concentrations of 1 mol L-1 was added to experiment 4 after this step. The assays were incubated
in dublicates, respectively triplicates for experiment 3, in a climate chamber at 20°C on a horizontal
shaker. Blank experiments lacking organic matter solution were executed in dublicates for all
protocols.
Sampling was carried out by syringe after different periods of time (Table 1). Total As
concentrations were quantified on a Graphite Furnace AAS (Analytik Jena, Zeenith 60). The arsenic
speciation was measured by HPLC-ICP-MS (PRP X100 column, Hamilton; Agilent 7500ce). The
separation method of (Francesconi et al., 2002) allows for the quantification of arsenite, arsenate,
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dimethylarsinic acid (DMA) and monomethylarsonic acid (MMA). Dissolved organic carbon (DOC)
was measured as non-purgable organic carbon (NPOC) on a Shimadzu TOC analyzer (TOC V CPN).

Table 7

Reaction conditions in the different experimental assays
Humic substance

C(DOM)

As species

-1

c(As)

pH

-1

mg L

µg L

Time

Sterilization

h

1

PPHA

20

As(III), As(V)

45

7

0-120

Annealing and

2

PPHA

25

As(V)

60

7

0-200

Isopropanole

3

PPHA

25

As(V)

60

7

0-350

rinsing

4

PPHA + NaN3

25

As(III), As(V)

60

7

0-350

5

PPHA

25, 50, 75

As(III), As(V)

60

6.5

48

6

PPHA
SRDOM
BRDOM
MBDOM
EVDOM
MWDOM

50
56
15
62
39
45

As(III), As(V)

75

4, 6, 8

120

Autoclaving

The direction of electron transfer in redox reactions depends on the energy yield during reaction of
two redox partners (Eq. 1). Positive net values for the electro motive force (EMF) indicate energy
yield and therefore a thermodynamically favourable process. Half cell redox potentials Eh were
calculated from Eh0 values for in assay pH conditions for the reactions of H2AsO4-/H3AsO3, HAsO42/H3AsO3, different organic matter model compounds and bulk organic matter. The concentration ratio
of oxidized versus reduced species, as shown in the Nernst equation (Eq. 2), was not considered. E h0
values were determined from standard energy of formation values (Eq. 3).
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Results and Discussion
Thermodynamic considerations
Half reaction Eh (pH 6.5) values for different As species and different quinone organic compounds
were estimated for pH 6.5 (Table 2). While As redox pairs have an Eh value of +70 mV to +90 mV,
redox potentials of quinoid type organic molecules vary over a wider range from -130 mV to +320
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mV, depending on the quinone molecular structure. For positive EMF, calculated according to Eq. 3
with the Eh (pH 6.5) values shown in Table 2 for the reaction of As with model quinones, the reduction
of As(V) proceeds under energy yield, while for negative EMF As(III) oxidation is the
thermodynamically favourable process. The EMF values for the different model quinones vary
between -250 mV for reaction As I with hydroquinone and +220 mV for reaction As II with AQDS.
For juglone and lawsone, which are known to occur in the environment, low positive EMF values of
30 mV to +120 mV suggest that As(V) reduction should take place. The direction of electron flow
therefore is controlled by the type of quinone involved in the reaction.

Table 8
Reduction half reactions of As, model quinones and bulk humic substance, the respective
standard redox potential Eh0 and the redox potential Eh calculated for the reaction at pH 6.5
Reaction

As I

H2AsO4- + 2 e- + 3 H+ = H3AsO3 + H2O

As II

HAsO42-

Eh0

Eh (pH 6.5)

mV

mV

+ 640

+ 70

Source

(Stumm and Morgan,
1996)

-

+

+ 2 e + 4 H = H3AsO3 + H2O

+ 860

+ 90

(Stumm and Morgan,
1996)

Hydroquinone

-

+

Q + 2 e + 2 H = H2Q

+ 699

+320

(Helburn and Maccarthy,
1994)

Juglone

-

+

Jug + 2 e + 2 H = H2Jug

+ 430

+40

(Schwarzenbach et al.,
1990)

Lawsone

Law + 2 e- + 2 H+ = H2Law

+ 350

-30

(Schwarzenbach et al.,
1990)

AQDS
Humics

-

+

+ 250

-130

(Rosso et al., 2004)

+

+228

-180

(Oesterberg and

to

to

Shirshova, 1997)

+528

+250

(Palmer et al., 2006)

AQDS + 2 e + 2 H = AH2QDS
-

DOM(ox) + 2e + 2H =DOM(red)

Dissolved bulk organic matter redox properties are hard to measure and depend on the molecular
structure of the DOM sample. Redox activity of heterogeneous humic molecules may in fact not only
be limited to different quinone structures and have been suggested to cover a wide range of redox
active moieties with different redox potentials and possibly include DOM bound metal (Bauer et al.,
2006; Redman et al., 2002). Differences in determined bulk Eh values of humics are, therefore, not
surprising and the uncertainty and variability concerning the redox potential of humic substance
functionalities prevents to derive conclusions regarding the direction of electron transfer reactions
between DOM and As(V) or As(III). Moreover the low EMF values calculated for reaction of As with
juglone or lawsone also suggest that small changes in experimental conditions, i.e. pH or species
concentrations might result in large differences in direction, rate and or capacity of electron flux.
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As(III)-Oxidation
Oxidation of As(III) by humic substances was low in the dark using different DOM samples,
carbon concentrations, and pH values between 4 and 8 for up to 120 h (Figure 1). As(III) was
substantially oxidized to As(V) only in the EVDOM solution (Figure 2). This is consistent with
previous findings of negligible dark As(III) oxidation by Suwannee River humic acid over 26 d
(Buschmann et al., 2005). Other studies, however, showed substantial formation of As(V) in oxygen
containing DOM solutions. Tongesayi and Smart (2006) reported a oxidation of 20 % of initially
present As(III) in purified Suwannee River fulvic acid solution, and Redman et al. (2002) found
substantial As(III) oxidation in MWDOM and SRDOM solutions also used in our study. The latter
suggested that Fe or Mn contained in their whole water organic matter solutions might be involved in
electron transfer reactions. Given the negligible As(V) production in our study, however, a trace
contamination with oxygen is a more likely explanation for the observed As(III) oxidation in their
experiments. The high As(III) oxidation in the EVDOM sample, which had a high natural ionic
strength, possibly indicates that electron exchange between As(III) and redox active organic matter
functionalities is limited by electrostatic or steric effects at the DOM surface. Compression of the
electric double layer at high ionic strength might ease direct molecular interactions and therefore
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Figure 24
Concentrations of As(III) and As(V) as determined by HPLC-ICP-MS in MilliQ water
(left) and PPHA solution (right) in experiment 1. Error bars depict the standard deviation between assays,
which was low in all samples.
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Figure 25
Concentration of As(III) and As(V) as determined by HPLC-ICP-MS after 24 h in
different DOM solutions of experiments 4 and 5. Error bars depict the standard deviation between assays.

As(V)-Reduktion
In contrast to the low fraction of As(III) being oxidized in DOM solution, As(V) was reduced in
most experiments with humic substances at neutral pH. However, the time scales and the fraction of
As(V) reduced varied strongly, not only between different DOM samples, but also between different
assays with similar experimental protocols (Table 1).
Three different time series experiments with PPHA and the corresponding respective blank
experiments lacking DOM illustrate this clearly (Figure 3). Little As(III) was produced after 120 h in
experiment 1. More As was reduced in experiments 2 and 3, in which 20-60 % of initial As(V) had
disappeared already after 24 h and more than 75 % were in As(III) form at the end of the experiments.
In the blank experiments 1 and 2, As speciation was mostly unchanged for up to 200 h, but in
experiment 3 As was reduced to a similar extent as in PPHA containing assays. Astot concentrations
determined by graphite furnace AAS were within 10 % of initial values at all time steps and the sum
of As(III) and As(V) accounted for more than 90 % of Astot, increasing our confidence in the quality of
our speciation measurements.
When the added quantity of PPHA was altered, the fraction of As(V) being reduced after 48 h
varied from 20 to 90 %. A relationship to the initial DOC concentration was not apparent (Figure 4).
As(III) production varied in a similar range with different DOM samples and deviations between the
transformation at pH 4, 6 and 8 were low (data not shown). In EVDOM solution, no As(V) was
reduced, and in MWDOM solution As recovery was diminished, supposedly due to the high natural
iron concentration. Between 0.02 and 0.1 mequiv (g C)-1 electrons were transferred from DOM to
As(V) in our experiments.
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The reduction of As(V) in solutions containing humic substance was observed also in other
studies. Within periods of 48 h to 200 h, the electron transfer to As ranged from 0.03 to ~0.6 mequiv
(g C)-1 (Redman et al., 2002; Tongesayi and Smart, 2006), which is similar to the values found in our
experiments. The experiments of Palmer et al. (2006), in contrast, found much higher As(V) reduction
rates which led to a completeion of the reaction after only 2 h. The calculated electron transfer
capacities amounted to 14-42 mequiv (g C)-1 and were partly higher than the maximum capacities of
~20 mequiv (g C)-1) estimated for hydroquinone assuming an uptake of two electrons for every 6
carbon atoms. We thus believe that consumption of aqueous As(V) on that scale must have been partly
caused by other processes, such as complexation reactions, or by measurement artefacts in these
experiments with very high DOC concentrations.
With the exception of EVDOM solution, in all of our DOM samples, and also in the experiments
of (Tongesayi and Smart, 2006) with Suwannee River fulvic acid, As(V) reduction occurred. Reaction
rates and capacities, however, varied strongly in our assays and were independent of DOC
concentrations. In contrast, only 1 out of 6 DOM samples was capable to reduce As in the study by
Redman et al. (2002). This raises the question whether redox active humic functionalities indeed
facilitate a chemical electron transfer to As.
The reduction of As(V) in experiments with Suwannee River humic acid was reported to be
caused by microbial processes (Buschmann et al., 2005). As(V) reduction by microbes is a
thermodynamically favourable dissimilatory process when electron donors such as acetate or hydrogen
are available and oxygen and nitrate are absent (Heimann et al., 2007), and also serves as an important
detoxification mechanism in heterotrophic bacteria (Oremland and Stolz, 2003). The occurrence of
microbial processe is supported by the observation that the reactivity increased only after an initial lag
phase of 19 h (Buschmann et al., 2005). Also in our experiments and the assays of Tongesayi and
Smart (2006), As(V) was reduced at an increasing rate over time. This is an unlikely kinetics for
chemical reactions, as the driving force of the reaction and the concentrations of the reactants are at
maximum initially. Additionally, the application of the biocide NaN3 completely prevented formation
of As(III) for long periods of time in our own and other experiments. Differences in microbial activity
seem a reasonable explanation for the high variability in the extent of As(V) reduction observed in
experiments lacking an inhibitor of microbial respiration.
The data available in the literature to date is insufficient to make the case for a microbially
mediated As transformation in such, supposedly sterile, batch experiments conclusively. The
precautions taken, i.e. a filtration to 0.2 µm, commonly known as ‘sterile-filtration’, the sterilization of
laboratory hardware, and the use of purified and refractory humic material should impede the
development of a microbial community in the short periods of time used in the experiments. NaN3
does not oxidize As(III) in aqueous solution, as preliminary test indicated, but an effect of the electron
rich N3- molecule on the electron transfer reactions of DOM and As cannot be excluded. Our
thermodynamic calculations furthermore showed that energy yield and direction of electron flow in
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systems with As and DOM is difficult to predict and may vary for little changes in experimental
conditions or protocols. This might have contributed to the high variability and inconsistency of the
data obtained.
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Figure 26
Concentration of As(III) and As(V) determined by HPLC-ICP-MS over time in MilliQ
water (top) and PPHA solution (bottom) in experiment 1 to 3. Error bars depict the standard deviation
between assays, which was low in all samples.

- 93 -

90
As(V)

c(As) (µg L-1)

As(III)

60

30

M

M

W
D

O

O
M

EV
D

O
M
D
BR

O
M

M
O

D
SR

C

BD
M

PP
H

A,
5

0

pp
m

C
pp
m

C
5

pp
m
PP
H

A,
7

0
A,
5
PP
H

PP
H

A,
2

5

pp
m

C

0

Figure 27
Concentration of As(III) and As(V) determined by HPLC-ICP-MS after 24 h in different
DOM solutions of experiment 4 and 5. Error bars depict the standard deviation between assays.

Conclusions
This study suggests that DOM does not chemically oxidize As(III) in darkness at circumneutral
pH. Whether this finding is caused by a thermodynamic limitation or a kinetic slowness of the process
could not be resolved by our data set. Regardless, the potential of DOM to chemically oxidize As(III),
for example in reduced aquifers, is likely low. In contrast, As(V) was reduced in almost all DOM
solutions, albeit with different rates and quantities. Initially, As(III) production was slow in most cases
and increased over time. If we take the high variability in reduction rates in consideration this suggests
that –unknown- microbial processes were the cause for As(V) reduction. In summary a chemical effect
of DOM on the redox speciation of As could not be proven. The observed effects were mostly slow
and possibly microbially induced. This leads us to the conclusion that direct effects of humic
substances on As speciation may be negligible compared to microbial processes in natural systems,
which often operate at high rates.
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Abstract
Due to the widespread contamination of groundwater resources with arsenic (As), controls on As
mobility have to be identified. In this study we focused on colloid formation in solutions rich in ferric
iron, natural dissolved organic matter (DOM) and As(V). Laboratory filtration experiments were used
to quantify the elemental concentrations in different size fractions. A steady-state particle size
distribution with stable elemental concentration in the different particle size classes was attained
within 24 hours. The presence of humic substances partly inhibited the formation of large Fe oxide
particles when initially adjusted molar Fe/C ratios in solution were < 0.1. DOM thus stabilized Fe in
complexed and colloidal form. Dissolved As concentrations and the quantity of As bound to particles
smaller than 0.2 µm increased in the presence of DOM as well. Dissolved As concentrations increased
due to the competition between As and organic molecules for sorption sites on Fe phases and the
amount of As bound to small particles was raised because Fe oxide colloids with sorbed As fell into
smaller size fractions. At intermediate Fe/C ratios of 0.02 – 0.1, a strong correlation between As and
Fe concentration occurred in all size fractions (R2=0.989). At Fe/C ratios < 0.02, As was mainly
present in the free ionic form. The size of As containing colloidal particles also depended strongly on
the initial size of the humic substance, which was larger for purified humic acids than for natural river
or soil porewater samples. Arsenic in the size fraction larger than 0.2 µm additionally decreased in the
order of pH 4 >> 6 > 8. The presence of As in the ionic form and in small colloids affects the
retention and transport behavior of the toxic element. Under organic matter rich solution coprecipitation and immobilization of As will be of lesser importance than expected in iron rich waters
and this has to be considered in aquifers, wetland draining rivers, and water treatment facilities.
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Introduction
Due to the contamination of groundwater resources in many regions worldwide, the identification
of As mobilizing processes has become an important scientific challenge. Arsenic mobilization at
solid-solute interfaces was often linked to zones of low redox potential and high aqueous Fe and
organic matter concentrations (McArthur et al., 2004). Adsorption, desorption, precipitation, and
dissolution processes in these environments are fairly well understood. The presence of Fe and
organic matter is an important factor controlling the exchange processes of As between aqueous and
solid phase, as a number of field observations and experimental results suggested. Under oxic
conditions As has a strong affinity for Fe oxides (Dixit and Hering, 2003) and sulfate reducing
conditions promote the formation of As containing Fe sulfides (O'Day et al., 2004). Humic substances
can change the redox speciation of free As (Buschmann et al., 2005; Redman et al., 2002), and
compete with DOM for sorption sites on mineral phases (Bauer and Blodau, 2006; Grafe et al., 2002).
Much less is known about the fate of dissolved As in the aqueous phase in the presence of high
dissolved Fe and organic matter concentrations. Humic substances were shown to bind As by covalent
mechanisms (Buschmann et al., 2006). Moreover, high concentrations of Fe, Mn and Al, which are
chelated by functional groups of DOM (Christl and Kretzschmar, 2001; Pullin and Cabaniss, 2003;
Tipping, 1994), have been suggested to increase As binding by organic matter through ternary
bridging complexes (Lin et al., 2004; Redman et al., 2002). Arsenic was also found in DOM-Fe
particles, which formed by Fe precipitation (Ritter et al., 2006) or by mobilization of particles from
the solid phase (Davis et al., 2001; Tadanier et al., 2005).
The resulting colloids are entities with a supramolecular structure and a size range 1 nm - 1 µm,
and are small enough as not to quickly sediment without further aggregation (Buffle et al., 1998).
Colloids often represent mineral particles or precipitates that are mobilized and stabilized by organic
matter (Kretzschmar et al., 1999). An important factor regarding the stability of colloids is the surface
charge. High negative or positive surface charges imply large repulsing forces between particles, low
attachment efficiency and therefore a high colloid stability (Liang and Morgan, 1990; Mikutta et al.,
2006). Solution properties, like pH and ion concentration, influence surface charge. Of particular
importance is furthermore DOM, such as humic substances, which can neutralize and reverse the
positive charge of Fe oxide surfaces and may induce a mobilization of particles (Amirbahman and
Olson, 1995; Liang and Morgan, 1990; Tiller and O'Melia, 1993).
The formation of As bearing complexes and colloids changes the mobility of the element
compared to the free ionic form. The resulting mobility may not always be lowered, though. Even
large colloidal structures or spheroids were shown to travel up to some kilometers in aquifers (Harvey
et al., 1995; Kaplan et al., 1995), and also the transport velocity of colloids was found to be higher
than of water due to size exclusion effects (Kretzschmar and Sticher, 1997). Mobile Fe colloids
stabilized by association with DOM are furthermore common in soils (Pokrovsky et al., 2005),
aquifers (Schmitt et al., 2003), and surface waters (Pokrovsky and Schott, 2002). Co-transport has
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thus been recognized as an efficient mechanism of trace metal and organic chemical mobility
(Kretzschmar et al., 1999), but little attention has yet been paid to co-transport of As. Among the few
reports available, As was found in rivers of Finland draining contaminated peatland sites, and was
bound to colloids rich in DOM and Fe (Astrom and Corin, 2000). Organic matter rich soils or
sediments with a high Fe content may therefore be preferred environments for the formation of mobile
and As containing particles or complexes, especially under transient geochemical conditions
(McArthur et al., 2004; Meharg et al., 2006).
The interactions of DOM with aqueous Fe and Fe oxides have been studied thoroughly, but the
effect of these interactions on As dynamics has not yet been sufficiently examined. We are lacking
information about the effects of geochemical conditions on the formation of colloids in solutions rich
in Fe, DOM, and As, data about the size range of forming aggregates, and about the influence of
DOM properties on the aggregation process. In our laboratory experiments we induced the formation
of As containing complexes or colloids in Fe and DOM rich solutions. The setup was designed to
elucidate, whether and in what way factors such as DOM properties, pH, ionic strength, Fe and
dissolved organic carbon (DOC) concentration change the distribution of As between dissolved and
colloidal phase. An ultrafiltration method was used to separate size fractions and to determine the
elemental composition and speciation in the solutions passing the filter. We examined a variety of
DOM samples and the effects of pH, ionic strength and initial dissolved Fe/C ratios. The occurrence
of complexation reactions and colloid formation were considered for the interpretation of the
experimental results. Our aim was to identify (I) the effect of DOM on the amount of As present in
certain molecular weight and size classes, (II) the rate of colloid formation and (III) the key factors
controlling the distribution of As, Fe and DOM among molecular weight and size classes. We
furthermore aimed at identifying the mechanism controlling the fate of As in this chemical system, i.e.
sorption competition between DOM and As, and stabilization of colloids by interactions of Fe and
DOM.

Materials and Methods
Dissolved Organic Matter Samples
Stock solutions of Pahokee Peat humic acid (PPHA), Suwannee River humic acid (SRHA) and
Suwannee River fulvic acid (SRFA) were prepared with MilliQ water at pH 8-9 from the purified
samples acquired from the International Humic Substances Society (IHSS). We also used whole water
DOM samples from Suwannee river (Georgia/USA; SRDOM), Black river (Upper Michigan/USA;
BRDOM), the Mer Bleue peatland (Quebec/Canada; MBDOM), the Everglades (Florida/USA;
EVDOM), and from Monitoring Well 6 in the Tennessee Park wetland (Colorado/USA, MWDOM).
MBDOM was frozen at -29°C and all other DOM samples were stored in PE bottles in darkness at 4
°C. Before use each solution was filtered (0.45 µm; Nylon, Roth).
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Specific UV absorption at 254 nm (SUVA254nm), calculated from measurements on a Varian Cary
1E spectrophotometer in quartz cuvettes, and Fourier-transformed infrared (FTIR) spectra, determined
with freeze-dried samples on a Bruker Vector 22 instrument, were used to estimate aromaticity and
relative carboxyl content of DOM samples (Kalbitz et al., 1999). Acid-base titrations were conducted
from pH 3.5 to 10 in 50 mmol L-1 NaCl solution. A volume of 50 ml of each DOM solution was
adjusted to pH 3 (1 M HCl s.p.) in a 100 ml glass reaction vessel sealed with a septum, and purged
with N2 for 30 min to remove dissolved inorganic carbon. An autotitrator (716 DMS Titrino,
Metrohm) equipped with a Mettler Toledo pH electrode was employed to measure solution pH and to
control addition of titration solution (0.05 M NaOH). Titrations were performed continually in
increments of 6 µl NaOH every 30 s. The total proton donor capacity of DOM was calculated by
difference from water blank experiments and divided on the basis of pH between carboxylic (pH 3.58) and phenolic (pH 8-10) groups (Ritchie and Perdue, 2003). DOM solution chemistry was
characterized by ion chromatography (Metrosep Anion Dual 3 column, 0.8 mL min-1, with chemical
suppression) and ICP-OES (Varian Vista-Pro).

Experimental Setup
A flow diagram with the setup of the standard experiments is provided in Figure 1. Stock solutions
of 10 mmol L-1 FeCl3 (Merck), 6 mg L-1 As(V) (Fluka), 1 mol L-1 NaCl (Merck), 10 mmol L-1 HCl
(from 32 % HCl stock, Merck), and 10 and 100 mmol L-1 NaOH (from pellets, Merck) were prepared.
To start the experiment As, NaCl, and DOM solution were mixed and adjusted to pH 3 with HCl in
preconditioned 50 ml PE centrifuge tubes (VWR) wrapped in aluminum foil. Fe solution was added
under constant stirring to reach a final solution volume of 40 ml with concentrations of 60 µg L -1
As(V), 80 µmol L-1 Fe(III), 20 mg L-1 DOC and 5 mmol L-1 NaCl. After immediate adjustment to pH 6
with NaOH the centrifuge tubes were capped and mounted on a horizontal shaker (100 rpm) at 20°C.
The pH was controlled after 0.5 and 2 h and readjusted when required. After 24 h of incubation,
aliquots were fractionated by size using frontal (0.2 µm; Nylon syringe filters; Roth) and centrifugal
filtration (50 kDa and 5 kDa; regenerated cellulose; Millipore; 15 ml; 5000 rpm, 35 min). All filters
were rinsed with 10 mmol L-1 NaOH followed twice by Millipore water prior to the experiments. This
standard protocol was carried out in duplicates with the different DOM samples. Blank experiments at
pH 6 contained As(V) but were either lacking Fe or DOM or both (Figure 1). Time series experiments
with the organic matter samples PPHA and SRDOM were also carried out under standard conditions.
The sensitivity of the experimental system regarding different initial reaction conditions was tested by
varying the parameters pH, ionic strength, DOC concentrations and Fe concentrations in separate
experiments (Table 1, Figure 1).
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Figure 28
Flow diagram for the standard experiment with PPHA and SRDOM (left). Experimental
variations of the standard Fe and C conditions including the blanks are depicted in the Fe vs. DOC
diagram (right). Additional variations include pH, ionic strength and DOM sample and are summarized in
table 1.
Summary of experimental assays; c(As) = 60 µg L-1

Table 9
Experiment
type

DOM type

c(DOC)
-1

c(Fe)

Variation
-1

mg L

µmol L

Time series

PPHA, SRDOM

20

80

t = 2, 24, 72, 144 h

pH

PPHA, SRDOM

20

80

pH = 4, 6, 8

Ionic strength

PPHA

20

80

I = 0.5, 5, 50 mmol L-1

Fe/C ratio

PPHA

20

0, 8, 20, 80, 200

Fe/C = 0.005-0.12

Fe/C ratio

PPHA

0, 5, 10, 20,40

50

Fe/C = 0.02-0.019

Fe/C ratio

SRDOM

0, 5, 20

0, 8, 80

Fe/C = 0.005-0.019

Natural OM

various

9 - 22 (by DOM)

80

DOM type

Analytical Techniques and Calculations
Filtrate solutions were analyzed for As, Fe(II), Fe(tot), and DOM concentrations. Fe(II) was
analyzed spectrophotometrically on a Varian Cary 1 E using absorption of [Fe(bipyridyl) 3]2+ at 562
nm. Fe(III) was determined by difference between total Fe after reduction with ascorbate and
measurement of Fe(II) (Tamura et al., 1974). Total As concentrations were quantified on a Graphite
Furnace AAS (Analytik Jena, Zeenith 60). DOC was measured as non-purgable organic carbon
(NPOC) on a Shimadzu TOC analyzer (TOC V CPN).
Statistical correlations were determined with the SPSS software (Version 10.0; Pearsson
correlation coefficients; significance level of 0.05; 2-tailed). Chemical equilibrium calculations were
carried out using c(H3AsO4) = 60µg L-1, c(Fe3+) = 80 µmol L-1, c(Cl-) = 5.24 mmol L-1 and c(Na+) = 5
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mmol L-1 as input data. Saturation indices for ferrihydrite (Log K sp = 4.89) and goethite (Log Ksp =
0.50) were determined by the Phreeq C computer code (Parkhurst and Appelo, 1999). Complexation
of dissolved ferric iron by DOM was modeled using the WINHUMIC equilibrium model, which is
based on humic ion binding Model V, and considers aqueous speciation and precipitation of Fe
(Tipping, 1994; Tipping and Hurley, 1992). The model calculates the binding of metals by DOM
functional groups in monodendate and bidendate complexes (Eq. 1+2). The concentration of carboxyl
and phenol functional groups contained in DOM was taken from IHSS data and calculated from our
own titration experiments. Model calculations were run for varying pH, ionic strength, Fe/C ratio, and
in- and excluding Fe precipitation.

RAH Z
RAH Z

RAZ
Mz

1

H
RAM Z

(Eq. 1)
z 1

H

(Eq. 2)

RA: DOM compound with carboxylic or phenolic group; M: metal, Z and z: humic and metal charge.

Results
DOM Chemistry
DOM chemistry is only briefly discussed here and a summary of DOM characteristics is presented
in Table 2 and Figure 2. Anion and cation concentrations were low in the DOM samples except for
EVDOM, which was characterized by high salinity, and MWDOM, which contained high
concentrations of Fe and sulfate. PPHA had the highest SUVA254nm values. The aromaticity index
decreased in the order PPHA > MBDOM > BRDOM > SRDOM > EVDOM. The FTIR ratio for
carboxyl to aromatic content (1725 nm/1620 nm) indicated that the IHSS samples PPHA, SRHA and
SRFA were relatively enriched in carboxyl groups compared to the BRDOM, EVDOM and MWDOM
samples. The high carboxylic content of these samples was in agreement with their large capacity to
donate protons in titration experiments. A similar carboxylic and phenolic group content was reported
by IHSS (Ritchie and Perdue, 2003) and confirmed our confidence in the quality of our titration
experiments. The non-purified DOM in whole water samples had a distinctly lower content of proton
donating groups. The DOM samples were characterized by very different molecular size distributions
(Figure 2) While PPHA derived molecules had a size maximum in the 50 kDa - 0.2 µm range, the
highest abundance of SRDOM molecules was in the size fraction smaller than 5 kDa.
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Figure 29
Carbon amounts in the different size classes for PPHA and SRDOM before and after 24
h incubation with 80 µmol L-1 Fe(III) at pH 6 (left) and for the other DOM samples without Fe addition
(right).
Table 10

Chemical characterization of DOM samples
FTIR ratio

DOM

Carboxylic
groups

Phenolic
groups

meq (g C)-1

SUVA
254 nm

1725 nm
1620 nm

Ca

Fe

Al

Cl-

SO42-

mmol L-1

µmol L-1

1.06

0.1

0

0

0

0.1

0

L/(m*mg)
0.06

Na

µg L-1

PPHA

8.1 / 8.9*

1.3 / 2.0*

SRFA

13.4 / 11.2*

1.8 / 2.8*

1.68

0.1

0

0

0

0.1

0

SRHA

8.7 / 9.1*

1.4 / 3.7*

1.16

0.1

0

0

0

0.1

0

MBDOM

5.4

1.8

0.05

0.75

0.7

0.1

40

27

11.4

1.7

SRDOM

6.4

2.1

0.04

0.88

0.5

0.35

18

63

5.9

7.1

BRDOM

2.3

0.7

0.05

0.28

0.1

0.31

6

0

1.8

3.0

EVDOM

4.6

1.8

0.04

0.28

8.8

3.1

0

6

154

12.9

MWDOM

7.2

5.3

0.06

0.20

0.6

1.3

740

27

1.8

109

*Values provided by the IHSS

Colloid and Particle Formation Experiments
The blank experiments at pH 6 contained As(V) but were either lacking Fe or DOM or both
(Figure 1). In blank experiments over 24 h without Fe and DOM, As was almost unaffected by
filtration and 93 2 % of total As were found in size fraction smaller than 5 kDa. In the presence of
PPHA the portion of As in the size fraction > 5 kDa increased but still 84

2 % of total As passed the

5 kDa filter membrane. In contrast, in blank experiments with iron and without DOM, 100 % of Fe
and As were in the size fraction larger than 0.2 µm after 24 h of reaction time.
The additional presence of DOM in the standard experiments lead to higher concentration of Fe
and As in small size fractions, i.e. limited aggregate growth. This was the case in the PPHA solution
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in which 27 µmol L-1 Fe (34 %) and 26 µg L-1 As (47 %) were contained in aggregates <0.2 µm
(Figure 3). As and Fe concentrations also increased in the smaller size fraction in the DOM containing
assays compared to those lacking DOM. As the aggregates were stable in the solution and did not
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Figure 30
Kinetics of colloid formation with PPHA (top) and SRDOM (bottom) solution. The data
points represent the concentration of DOC, Fe and As (left to right) found in the original solution
(diamonds) and in the solution after size fractionation with a 0.2 µm (squares), 50 kDa (triangles) and 5
kDa (cross) filter. Initial conditions: 5 mmol L-1 NaCl, 60 µg L-1 As, 80 µmol L-1 Fe(III), ~20 mg L-1 C, pH
6.

Organic molecules were integral parts of the forming colloids, and the nature of the used DOM
was of some importance for colloid formation. The size of the DOM containing particles increased
substantially in the presence of Fe compared to reference assays without Fe (Figure 2). While the
percentage of DOC in the size fraction >0.2 µm increased from 8 to 50 % in PPHA solution, SRDOM
molecules were much less affected. Also in the SRDOM solution the amount of Fe and As contained
in the small size classes < 0.2 µm was higher and amounted to 71 µmol L-1 Fe (88.0 %) and 57 µg L-1
As (93.2 %).
The formation of aggregates was fast in PPHA and SRDOM solutions and lead to constant
concentrations of DOC, Fe and As in the unfiltered and the 0.2 µm filtered solution after 24 h reaction
time (Figure 3). DOC and As concentrations in the size fractions smaller 50 and 5 kDa increased over
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longer reaction time periods of up to 144 h. The concentration of Fe was correlated with the
concentration of As (R2=0.989) and DOC (R2=0.739) in very same size class of the PPHA and
SRDOM experiments (Figure 4). Thus the experimental assay induced the formation of colloids
containing Fe, DOM and As. The size of these aggregates varied with the type of DOM sample used,
but in any case the size of As containing aggregates was smaller than in the reference assays with iron
only.
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Figure 31
Correlation of Fe and As (left) respectively Fe and C (right) concentration in the size
classes of PPHA and SRDOM

Influence of pH, Ionic Strength and Fe/C Ratio on Colloid Formation
The pH had a considerable influence on the colloid formation. In contrast to experiments
conducted at pH 6, incubation of Fe, As and PPHA at pH 4 resulted in the immediate formation of
clearly visible, fluffy, brown aggregates > 0.2 µm, containing 80-90% of all Fe, DOM and As after 24
h of reaction time (Figure 5). The remainder of the elements was contained in the size fraction smaller
than 5 kDa. In contrast, no flocs were visible at pH 6 and 8, and Fe, As and DOC concentrations were
elevated in particles and molecules smaller than 0.2 µm. The effect of ionic strength on the size
distribution of DOM, Fe, and As was small. An ionic strength increase from 0.5 to 50 mmol L-1 NaCl
did not alter Fe concentration in any size fraction. Concentrations of As and DOM increased by 16 20 % in aggregates smaller than 50 and 5 kDa.
Changing the initial concentration of DOC relative to ferric iron had a substantial effect on the
formation of aggregates in experiments with PPHA. Increasing the DOC concentration from 5 to 40
mg L-1 at a constant Fe concentration of 50 µmol L-1 raised the amount of Fe contained colloids < 0.2
µm from 4 to 92 % and the Fe concentration increased also in the <50 kDa and < 5 kDa fractions
(Figure 6). Likewise As association with particles in the small size classes increased with DOM
concentrations.
Plotting Fe, As and DOC filtration results against the molar Fe/C ratio the amount of colloids
larger than 0.2 µm increased sharply above Fe/C = 0.02 (Figure 7). At lower Fe/C ratios substantial
amounts of Fe and DOC were present in particles between 5 kDa and 0.2 µm in size, but As was
predominantly in the size class smaller than 5 kDa (> 80 %). When Fe/C ratios were between 0.02 and
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0.1 the quantity of colloids > 0.2 µm continually increased, affecting the concentration of all three
components. Above Fe/C = 0.1 all Fe and As was present in aggregates larger than 0.2 µm.
The dependence of colloid formation on pH and Fe/C ratios was similar when the SRDOM
solution was used. However, as could be seen already for the time series experiment, the particles
forming were generally smaller than in the PPHA solution. The amount of Fe and As in compounds <
0.2 µm was considerably higher using SRDOM (Figure A1 of the appendix). Even at a Fe/C ratio of
0.15 some Fe and As was present in particles smaller than 0.2 µm, which was not the case using
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Figure 32
The pH dependence of colloid formation with PPHA solution. The data points represent
the concentration of DOC, Fe and As (left to right) found in the original solution (diamonds) and in the
solution after size fractionation with a 0.2 µm (squares), 50 kDa (triangles) and 5 kDa (cross) filter. Initial
conditions: 5 mmol L-1 NaCl, 60 µg L-1 As, 80 µmol L-1 Fe(III), ~20 mg L-1 C.
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Colloid formation at different concentration of PPHA. The data points represent the
concentration of DOC, Fe and As (left to right) found in the original solution (diamonds) and in the
solution after size fractionation with a 0.2 µm (squares), 50 kDa (triangles) and 5 kDa (cross) filter. Initial
conditions: 5 mmol L-1 NaCl, 60 µg L-1 As, 80 µmol L-1 Fe(III), 0-40mg L-1 C, pH 6.
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Figure 34
Colloid formation at different molar Fe/C ratios in PPHA solution. The data points
represent the concentration of DOC, Fe and As (left to right) found in the original solution (diamonds)
and in the solution after size fractionation with a 0.2 µm (squares), 50 kDa (triangles) and 5 kDa (cross)
filter. Initial conditions: 5 mmol L-1 NaCl, 60 µg L-1 As, 0-200 µmol L-1 Fe(III), 0-40mg L-1 C, pH 6.

Influence of DOM Chemistry on Colloid Formation and Model Calculations
The quantity of Fe contained in aggregates larger than 0.2 µm increased in the order SRDOM (12
%) < SRFA (21 %) < SRHA (34 %) < PPHA (60 %) ~ MBDOM (62 %), and of As in the order
SRDOM (7 %) < SRHA (18 %) < SRFA (47 %) < PPHA (59 %) ~ MBDOM (62 %) (Table 3). In
solutions of BRDOM, EVDOM and MWDOM at least 90 % of As and Fe were found in aggregates
of that size fraction.
A statistical analysis was carried out including the experimental results shown in Table 3. The
amounts of As and Fe in each individual size class, in % of the original concentration, were positively
correlated (R2>0.9), but no correlation was found for As and Fe with DOC. A positive correlation was
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also found between the initial Fe/C ratio and the Fe contained in the particle size class larger than >
0.2 µm (R2=0.70). Weak negative correlations occurred between the percentage of Fe and As in
colloids >0.2 µm and the carboxyl content and the 1725nm/1620nm FTIR peak ratio of DOM (R 2
between -0.58 and -0.79).
Table 11
Concentrations of C, Fe and As in the size fractions of different DOM samples in the
experimental assays under standard conditions
DOM sample

Original sample

< 0.2 µm

< 50 kDa

< 5kDa

DOC (mg L-1) / Fe (µmol L-1) / As (µg L-1)
PPHA

17.2 / 76.6 / 59.3

8.6 / 30.4 / 24.1

4.9 / 5.7 / 9.9

3.3 / 1.4 / 8.5

SRHA

19.4 / 74.8 / 66.4

14.5 / 49.3 / 54.3

12.8 / 14.6 / 24.1

7.5 / 3.3 / 21.4

SRFA

21.9 / 68.2 / 60.6

20.2 / 53.9 / 32.1

17.0 / 17.4 / 16.9

8.7 / 3.8 / 10.3

SRDOM

22.5 / 80.3 / 60.1

21.8 / 71.1 / 56.0

16.9 / 15.5 / 10.4

7.5 / 2.2 / 3.8

MBDOM

16.1 / 74.6 / 62.6

14.9 / 28.3 / 23.8

10.7 / 10.19 / 7.8

3.8 / 2.7 / 6.2

BRDOM

9.2 / 77.1 / 64.5

7.3 / 4.1 / 0.4

6.8 / 3.1 / 0

4.4 / 0.6 / 0

EVDOM

19.2 / Nd / 67.8

17.7 / Nd / 15.9

14.9 / Nd / 4.5

10.9 / Nd / 4.5

MWDOM

12.2 / 196.5 / 58.6

8.8 / 17.7 / 4.4

6.9 / 2.2 / 0

5.4 / 1.3 / 0

According to thermodynamic equilibrium calculations, Fe(OH)2- predominated in solution among
aqueous Fe species at pH 6 and the solution was supersaturated with respect to ferrihydrite. The
maximum of Fe complexation by PPHA, SRHA and SRFA at pH 6 amounted to 46 mmol Fe (mol C)-1
in WINHUMIC calculations, not considering iron precipitation. Including the process of iron oxide
formation into the model, the modeled Fe complexation in equilibrium decreased to 17-20 mmol Fe
(mol C)-1, corresponding to 28 - 33 % of the total Fe present in the experiment. These calculations
were based the standard experimental conditions of 5 mmol L-1 NaCl, 80 µmol L-1 Fe(III), a DOC
concentration of 20 mg L-1 and a DOM carboxylic group content of 100-130 mmol (mol C)-1 with an
average pKa of 3.5-4.5, as suggested by IHSS data (Ritchie and Perdue, 2003).

Discussion
Impact of DOM on Colloid Formation
The presence of DOM strongly increased the amount of dissolved As and of As contained in small
and more mobile colloids in our batch experiments. Furthermore, the size of As containing iron oxide
aggregates decreased when compared to a solution containing only Fe and As, which is also an
important finding. Ferric iron oxides are one of the most important natural As scavengers (Dixit and
Hering, 2003) and easily form at a near neutral pH, which we also used in our experiments. A straight
forward explanation for the increased presence of As in the water phase is a competition between
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DOM and As for sorption sites. A strong affinity of DOM for Fe oxides has been documented.
Sorption capacities of 0.7-1 mol kg-1 DOC have been reported, based on experiments with ferrihydrite
at pH 6, and the competition for sorption sites mobilized As (Grafe et al., 2002). However, a
competition between DOM and As for sorption sites on Fe oxide colloids alone is not adequate for
explaining our experimental results. First, As containing particles remained in an intermediate size
range of 0.2 µm to 5 kDa in the presence of DOM; As was not predominantly in the free ionic form.
Second, Fe was also found in smaller size classes in presence of DOM. This implies that the DOM
altered the type of associations that developed, and thus the surface area available for As adsorption.
And third, the presence of Fe lead to a bigger portion of As contained in larger particle sizes, when
compared to solutions containing only DOM and As. This result implies that Fe oxides were still
involved in the As binding reactions, even in presence of DOM. The binding of As in dissolved metalDOM bridging complexes or metal-DOM associations of intermediate particle size may explain such
observations (Lin et al., 2004; Redman et al., 2002; Ritter et al., 2006; Thanabalasingam and
Pickering, 1986).
Before evaluating the relative importance of complexation reactions and colloid formation with
regard to As behavior, it is necessary to inspect the interactions between DOM and Fe more closely.
The presence of DOM decreased the retention of Fe and increased the retention of DOM during
filtration. This suggests that DOM induced the formation of small, DOM and Fe bearing associations,
likely due to the aqueous complexation of Fe(III) by humic carboxyl or phenol groups. As we were
unable to quantify the amount of complexed Fe directly, the WINHUMIC model was used for this
purpose. We estimated a maximum Fe complexation capacity of to 46 mmol Fe (mol C) -1. Metal
complexation by fulvic and humic acids in equilibrium titrations has been reported at similar levels,
i.e.72 mmol Cu (mol C)-1 (Christl and Kretzschmar, 2001).
In natural DOM solutions often less Fe is found in aqueous complexes and values of 0.1 to 30
mmol complexed Fe (mol C)-1 have been reported by Tipping et al. (2002). In addition to Fe aquatic
chelation, however, organic molecules have also been shown to prevent mineral growth and
sedimentation by covering mineral surfaces and changing surface charge (Liang and Morgan, 1990;
Peiffer et al., 1999; Pullin and Cabaniss, 2003). In rivers and soils the substantial aqueous transport of
Fe occurs in colloidal associations with DOM of 1 kDa to 0.8 µm size (Pokrovsky et al., 2005;
Pokrovsky and Schott, 2002), supporting that DOM stabilized Fe oxide particles are a relevant and
important fraction of iron also in natural waters.
The complexation of Fe by DOM dropped to 17-20 mmol (mol C)-1 or 28-33 % of Fe present in the
WINHUMIC calculations for standard conditions when a precipitation of Fe oxides to thermodynamic
equilibrium was allowed. This leaves about 70 % of the total Fe available for the formation of DOM
stabilized Fe oxide particles under the specific conditions in our batch experiments. Several
observations suggest that surface adsorption of DOM on Fe oxides played a role in inhibiting the
formation of larger Fe oxide particles in our experiments (Figure 2, 3 and 7): (I) Fe addition increased
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the portion of the DOC in larger size classes. (II) The solutions were supersaturated with respect to
ferrihydrite at pH 6, but no observable sedimentation of Fe oxides occurred. (III) The particle size
changed with the Fe/C ratio of the experiment.
The relative importance of Fe complexed by DOM to Fe in colloids stabilized by DOM depended
on the Fe/C in the solution. (Ritter et al., 2006) found a positive and nearly linear correlation between
Fe removal by filtration and the initial Fe/C ratio, showing that the potential of organic molecules to
suspend Fe decreased with an increasing Fe/C ratio. Our results suggest that this relationship is not
always linear. Retention of Fe during filtration in our experiments rose strongly only between Fe/C =
0.02 and 0.1 in presence of PPHA. The reasons for this non-linearity in the growth of iron oxide
colloids in presence of DOM can be understood by applying the WINHUMIC model. In the
calculations, the fraction available for Fe colloid formation increased when Fe concentrations
exceeded the DOM complexation capacity (Figure 8). The DOM complexing groups were saturated
with Fe above Fe/C = 0.018 according to the model, and this value corresponds well to the
experimentally determined increase of Fe retention during filtration above Fe/C = 0.02. With lower
Fe/C ratios, Fe can be considered as mainly complexed and chelated by organic matter in solution,
whereas at higher ratios the colloidal Fe particles accounted for a growing fraction of the initially
added Fe. Both experimental observations and model calculations agree that at Fe/C ratios > 0.1 Fe is
predominantly precipitated and present in the large colloidal fraction > 0.2 µm (Figure 7 and 8).
In accordance with findings of (Pullin and Cabaniss, 2003), the ionic strength had a negligible
impact on colloid formation in our experimental systems. This suggests that specific surface reactions,
such as As and DOM surface complexation on Fe oxide, were more important than electrostatic
interactions (Gu et al., 1994; Sun and Doner, 1998; Tiller and O'Melia, 1993). Reduction of ferric Fe
by DOM was observed previously (Bauer et al., 2006), but did not influence Fe concentration in
different size fractions in these experiments. Less than 5 % of the total Fe was present in form of
Fe(II) after 24 h at pH 6. In addition, any potential effect on the mobility of Fe was small, as Fe(II)
was also associated with the formed colloids. In summary, we believe that during our standard
experiments and at pH 6, a maximum of 20-30% of the initially added Fe remained complexed in
solution, <10 % was reduced by DOM, and the remaining amount was present in form of particles.
These conclusions are only valid for pH 6 and 8, at which small DOM-Fe colloids prevailed. In
contrast, reducing the pH to 4 induced the development of large Fe and DOM containing flocs. At this
pH, metal binding was likely strongly reduced due to protonation and steric inaccessibility of
carboxylic groups (Christl and Kretzschmar, 2001) and excess metal concentrations caused the
complete neutralization of negative DOM charge and induced the hydrophobic coagulation of DOMmetal flocs (Kaiser, 1998). The flocs larger than 0.2 µm formed in our experiments at a Fe/C ratio of
0.05 contained more than 90 % of Fe and C. Nierop et al. (2002) found only 50 % of iron and carbon
in large coagulates at the same Fe/C ratio, but this might be due to different DOM properties and the
lower size selectivity of their separation method.
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Figure 35
Fe/C ratio effect on Fe concentrations in different size classes of PPHA (left) and
SRDOM (middle) experiments and on Fe complexation as calculated with the WINHUMIC model (right).

Impact on the Binding of As by Colloids
As shown in the previous chapter, the size of Fe containing colloids varied with Fe/C ratio of the
experiment. For Fe/C < 0.02 most Fe was found in small aggregates supposedly chelated with organic
molecules. Larger Fe colloids became more important with increasing Fe/C ratio and large mineral
particles prevailed at Fe/C > 0.1. Arsenic binding in complexes or colloids was strongly related to
these variations in colloid formation. Arsenic binding is thus also discussed with respect to
experimental Fe/C ratio when the nature of As interactions with Fe and DOM is interpreted.
When Fe concentrations and Fe/C ratios were large, i.e. > 0.1 in experiments with PPHA, Fe and
As were completely removed by 0.2 µm filtration even though 20-30 % DOC remained in solution.
This pattern implies that large amorphous Fe oxides rapidly formed and that organic molecules were
unable to limit the growth of these Fe colloids. Arsenic was retained when filtered due to the well
known and efficient binding in surface complexes on the iron oxide particles (Dixit and Hering,
2003). Concurrently 70-80 % of the present DOM were also retained, presumably because of sorption
on the iron particles surfaces (Gu et al., 1994; Kaiser and Zech, 1997). This did apparently not result
in considerable competition for sorption sites between As and DOM anions (Grafe et al., 2002).
When Fe/C ratios were small, i.e. < 0.02 in experiments with PPHA, Fe chelation in solution was
the predominant form of Fe binding according to calculations with the WINHUMIC model. This
prediction was supported by our filtration results as Fe was mainly present in the small molecular size
fractions (Figure 8). In this small Fe/C range, most As was in the size class smaller than 5 kDa and,
therefore, either contained in small aggregates or present in the free ionic form. In our experiments the
amount of As in particles larger than 5 kDa was unaffected by changes in Fe/C ratio for Fe/C < 0.02,
suggesting the presence of As in the free ionic form rather than in aqueous DOM-Fe bridging
complexes or colloids. This interpretation is in agreement with the fact that high concentration of
negatively charged DOM likely neutralized the positive charge of ionic Fe or Fe oxide particles, thus
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preventing interactions As(V). Alternatively low amounts of As might also have been associated with
organic molecules as proposed by Buschmann et al. (2006).
Most of our experiments were carried out with intermediate Fe/C ratios of 0.02 to 0.1. The Fe
concentration in the large particles size fractions increased almost linearly in this range with rising
Fe/C ratio, and the same pattern was found for As concentrations. Iron and As concentrations were
correlated (R2=0.989) in the different size fractions of the PPHA and SRDOM time series
experiments (Fe/C = 0.048). Intermediate Fe/C ratios, between 0.02 and 0.1 in experiments with
PPHA, represent the transition zone between the low Fe/C range, where As is predominantly in the
free ionic form, and the high Fe/C, where As is efficiently adsorbed to large iron oxide mineral
particles.
A linear correlation of As and Fe concentrations was previously observed for dialysis experiments
with dissolved organic matter solution (Ritter et al., 2006). The authors stressed that the iron
concentration of a DOM solution was critical to its ability to bind As(V). Other studies documented
that As binding to DOM increases with the concentration of metals, especially Fe, Al and Mn, in
solution (Lin et al., 2004; Redman et al., 2002).
In contrast to experiments with PPHA solution, the use of SRDOM lead to a larger amount of As
in colloids smaller than 0.2 µm, and even for a Fe/C ratio as high as 0.15 As was still present in
aggregates smaller than 0.2 µm. The higher presence of Fe and As in particles of small size classes
compared to PPHA was observed for all Fe/C ratio > 0.02, and suggests that SRDOM limited particle
growth more strongly. We attribute this to differences in the molecular properties of both DOM
samples. SRDOM initially had a larger portion of structures with a low molecular weight than PPHA
and the small fulvic molecules have a higher density of carboxyl group and lower acidity constants
(Amirbahman and Olson, 1995). Consequently, a more efficient Fe binding in aqueous chelates or
colloids is likely due to the greater charge of DOM. Furthermore, the formed aggregates were smaller
because of the lower initial molecular weight of SRDOM.
The initial molecular size of the carbon structures was the only DOM property, which could be
linked to the size of the forming aggregates. No dependence on the DOM carboxyl group density or
aromaticity parameters (SUVA, FTIR ratio) was found. SRDOM contained more small molecules in
the fulvic acid size range and was more representative for organic matter from surface waters, while
the high amounts of larger humic molecules like in PPHA may naturally only be found in peatland
waters. Therefore we expect smaller colloids to form in surface waters at similar solution
composition, reducing colloid sedimentation and increasing As mobility.
The reaction progress of complex formation and development of colloidal aggregates was fast and
occurred mainly within the first 24 h. Similar reaction time scales were previously documented with
respect to iron oxide precipitation, the formation of colloids in the presence of organic matter, and As
binding reactions to iron phases in the presence and absence of organic matter (Dixit and Hering,
2003; Grafe et al., 2002; Pullin and Cabaniss, 2003). The formation of As containing aggregates must
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therefore be considered for most natural water bodies, in which residence times of DOC, Fe and As
containing waters are generally longer than 24 h.
Our experiments simulated a natural environment with high aqueous Fe, DOC and As
concentrations with redox conditions changing from reduced to oxidized, causing the precipitation of
ferric iron minerals at circumneutral pH. Examples for this scenario are found where reduced As
contaminated groundwater is subjected to oxic conditions, i.e. during water treatment or during
groundwater exfiltration into surface waters or wetlands (Bauer et al., 2008; Smedley and Kinniburgh,
2002; Szramek et al., 2004). Peat or wetland soils were previously found to accumulate considerable
amounts of As (Gonzalez et al., 2006; Pfeifer et al., 2004; Steinmann and Shotyk, 1997), which was
released to the porewater under reducing conditions and may discharged together with mobilized Fe
and DOC (Astrom and Corin, 2000; Blodau et al., 2007; Huang and Matzner, 2006). The presence of
As in colloidal form thus must be considered when the mobility of As is studied in these
environments. Only at low pH, the forming As containing flocs were large and sedimented quickly. A
negligible transport of As with colloids may thus be expected in acidified soils or naturally acidic
peatlands.
Laboratory and field studies documented a formation of colloids involving iron and containing
arsenate or phosphate, which are structural analogons (Astrom and Corin, 2000; Gschwend and
Reynolds, 1987; Tadanier et al., 2005). Occurrence of these aggregates may strongly affect As
mobility as colloidal transport can take place over considerable distances (Kaplan et al., 1995) and
size exclusion effects may lead to a faster movement of colloids compared to free ions (Kretzschmar
and Sticher, 1997; Puls and Powell, 1992). Furthermore particle bound As makes predictions about
retention or transport in soils, aquifers, rivers or treatment plants more complicated. Arsenic
contained in colloids will not be removed from the solution by adsorption to positively charged
adsorption sites. Instead the mobility of the element will be controlled by chemical conditions
inducing coagulation and settling of colloids, such as changes in pH or increasing solution salt
concentrations (Liang and Morgan, 1990). Arsenic bearing colloids also have to be considered during
sampling and analysis of natural waters to avoid erroneous concentration estimates.

Conclusions
The presence of organic matter in our experimental system substantially influenced the size of As
containing iron oxide aggregates. Arsenic was completely sorbed and sedimented with iron oxide
precipitates at neutral pH only in the absence of DOM. In presence of DOM, a precipitation and
sedimentation of iron oxides and associated As was impeded by the formation of aqueous Fe chelates
and inhibition of Fe colloid growth. Arsenic remained partly in solution, was partly complexed in
aqueous state and partly contained in small colloids. The relative importance of the different pools of
As varied strongly with the Fe/C ratio of the solution. A smaller initial Fe/C ratio promoted a transfer
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of As into the small molecular size fractions. The size of forming aggregates also depended on pH and
the initial size of DOM molecules.
The occurrence of As containing colloids in DOM and Fe rich solutions likely has important
implications for the mobility of As in aquatic systems, particularly near anoxic-oxic boundaries. The
mobility of As in the ionic and colloidal form will be promoted in runoff when DOM and Fe are
concurrently present and conditions change from anoxic to oxic. Under such conditions, coprecipitation and immobilization of As will be of lesser importance than expected in iron rich waters.
The geochemical and hydrological setting necessary for the outlined processes supporting As mobility
are for example given in wetlands, surface waters draining wetlands, and aquifers with transient redox
conditions (Astrom and Corin, 2000; Smedley and Kinniburgh, 2002; Szramek et al., 2004). In
agreement with this idea the MWDOM groundwater, for instance, has been shown to contain large
amounts of Fe colloids stabilized by DOM (Peiffer et al., 1999). The role and extent of dissolved
organic matter facilitated As transport in natural environments should be addressed by future research
on the basis of this study.
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Dialysis experiments with arsenate and three different
NOM samples amended with Fe(III) showed evidence
confirming the formation of aquatic arsenate-Fe(III)NOM associations. A linear relationship was observed
between the amount of complexed arsenate and the
Fe(III) content of the NOM. The dialysis results were
consistent with complex formation through ferric iron
cations acting as bridges between the negatively charged
arsenate and NOM functional groups and/or a more
colloidal association, in which the arsenate is bound by
suspended Fe(III)-NOM colloids. Sequential filtration
experiments confirmed that a significant proportion of the
iron present at all Fe/C ratios used in the dialysis
experiments was colloidal in nature. These colloids may
include larger NOM species that are coagulated by
the presence of chelated Fe(III) and/or NOM-stabilized
ferric (oxy)hydroxide colloids, and thus, the solution-phase
arsenate-Fe(III)-NOM associations are at least partially
colloidal in nature.

Introduction
Arsenic is a toxic substance and a carcinogen threatening
the drinking water of millions within the Unites States and
around the world (1-3). Hence, understanding the factors
influencing its aqueous concentration and mobility is an
issue of current concern. An important control on arsenic
mobility in natural systems is adsorption to iron and other
metal (oxy)hydroxides (4-8). Natural organic matter (NOM)
is ubiquitous to aquatic systems, including those affected by
arsenic. Arising from the decomposition of biomass, it is a
complex material possessing carboxylic, amino, nitroso,
sulfhydryl, hydroxyl, and phenolic moieties (9-11). It has
recently been shown that natural organic matter can influence
arsenic adsorption to iron oxides (12, 13). It was found that
NOM competes with arsenic for adsorption to iron oxide
surfaces (12, 13) and possibly forms aquatic associations with
arsenic (12). The net result of both of these processes, the
latter of which being the focus of this study, is higher concentrations and greater mobility of arsenic in aquatic systems.
Arsenic has two oxidation states relevant to natural
environments and is typically present as either arsenite or
* Corresponding author. Phone: (303)273-3610. Fax: (303)2733629. E-mail: dmacalad@mines.edu.
† Colorado School of Mines.
‡ U.S. Geological Survey.
§ Permanent address: Limnological Research Station and Department of Hydrology, University of Bayreuth, D-95444 Bayreuth,
Germany.
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arsenate, depending upon redox conditions. Arsenite, with
pKa’s of 9.2, 12.1, and 13.4, exists as a neutral species in most
natural systems. Arsenate has pKa’s of 2.2, 6.9, and 11.5 and
thus takes the form of H2AsO4- and/or HAsO42- in waters of
circum-neutral pH (14). The suggestion that arsenate and
NOM form aquatic complexes is hence somewhat surprising,
as NOM functional groups are also predominantly negatively
charged at circum-neutral pH (9 and refs therein). However,
it has been suggested that natural organic matter may
associate with anions in solution through bridging mechanisms. The solubilities of transition metal cations such as
Fe(III) increase significantly due to complexation with NOM
functional groups, such as carboxyls (15-17). Thanabalasingam and Pickering (18) proposed that these cations could
then link negatively charged NOM functional groups and
inorganic anions in tertiary complexes. Warwick et al. (19)
provide some evidence for aquatic binding of arsenic by
organic matter through ultrafiltration experiments. Lin et al.
(20) report to have identified arsenate-cation-NOM complexes through dialysis experiments. Though interesting, their
results cannot be exclusively attributed to the formation of
As-organic matter associations, as the observed arsenic
behavior could also be explained by inorganic associations
involving dissolved cations present in their system.
Iron and NOM are also known to form colloidal associations, in which the NOM is coagulated by chelating iron
cations and/or NOM molecules bind and suspend iron
(oxyhydr)oxide colloids in solution (21-27). NOM-Fe colloids have been reported to be 50-100 nm in diameter (21)
and hence are considered to be within the dissolved phase,
as defined by filtration at 0.45 µm. The iron in these suspended
colloids could then provide binding sites for oxyanions such
as arsenate. The result for arsenate would then be stable,
colloidal As-Fe-NOM associations that may involve As
bridging with chelated Fe(III) cations and/or (oxy)hydroxide
surface complexation. It has been suggested that such NOMsuspended iron colloidal associations occur with phosphate
(28), and hence they might also occur with arsenate.
There are many implications of the formation of aquatic
associations between arsenate and Fe-bearing NOM. Aside
from resulting in greater arsenic concentrations and mobility
than would be otherwise predicted in oxide-sorption controlled systems, such associations may influence the bioavailability of arsenic (29). Further, there are possible
deleterious implications for arsenic treatment processes that
are based on the removal of arsenic through adsorption/
coprecipitation with iron (and/or aluminum) oxides. We
hypothesized that arsenate does form aquatic associations
with NOM, occurring via one or both of the discussed
mechanisms involving ferric iron. Accordingly, the purpose
of this work was to investigate the formation of aquatic
associations between arsenate and NOM, and the role of
NOM-suspended Fe(III) in such complexes, through dialysis
experiments.

Experimental Section
NOM Samples. Three different natural organic matter
samples were employed: a Suwannee River (SR-WW) whole
water, the hydrophobic acid fraction of a Suwannee River
water sample (SR-HPOA), and the fulvic acid fraction of a
water sample collected in the Everglades (EG-FA). The
SR-WW NOM sample, originating from the outlet of the
Okefenokee Swamp in Georgia, was collected in April 2002
and was stored in the dark at 4 °C until use. The SR-HPOA
and EG-FA water samples were collected and the fractions
isolated in 1995 and 1997, respectively. HPOA consists of

ENVIRONMENTAL SCIENCE & TECHNOLOGY / VOL. 40, NO. 17, 2006

10.1021/es0519334 CCC: $33.50

- 121 -

 2006 American Chemical Society
Published on Web 07/25/2006

filled with iron-amended NOM solutions and surrounded
by an electrolyte solution spiked with arsenate, after a period
of equilibration, the formation of As(V)-Fe(III)-NOM associations is indicated by higher total arsenic concentrations
inside (arsenate anions + As(V)-Fe(III)-NOM complexes)
than outside (arsenate anions only) the dialysis bags.

TABLE 1. Characteristics of the Natural Organic Matter
Solutions
NOM

molecular
weight (Da)

specific UV absorption
(L cm-1 (mg C)-1)

Fe
(µg/L)

SR-HPOA
SR-WW
EG-FA

810
710
700

0.044
0.038
0.040

280
500
(bdl)

TABLE 2. Other Inorganic Constituents of the Natural Organic
Matter Samples Present in the Original NOM Solutions (and
in the Dialysis Bags after Equilibration)a,b,c
NOM

Al

Ca

Cu

Mg

Mn

S

Zn

SR-HPOA

bdl
(bdl)
72.3
(37.3)
bdl
(bdl)

31.0
(9.32)
94.2
(4.68)
75.8
(23.7)

24.2
(bdl)
bdl
(bdl)
bdl
(bdl)

74.8
(2.47)
73.8
(bdl)
42.8
(bdl)

bdl
(bdl)
bdl
(bdl)
bdl
(bdl)

61.9
(bdl)
248
(bdl)
135
(bdl)

5.37
(bdl)
5.77
(bdl)
2.80
(bdl)

SR-WW
EG-FA

a All values are in µg/L. b bdl ) below detection limit. c Detection
limits in µg/L: Al ) 29.6; Ca ) 3.40; Cu ) 4.70; Mg ) 1.57; Mn ) 0.759;
S ) 46.1; Zn ) 2.62.

90-95% fulvic acid and 5-10% humic acid, and the HPOA
and FA fractions were prepared according to the method
described by Aiken et al. (30). The whole water sample,
SR-WW, was not subject to any fractionation or treatment,
other than filtering at 0.45 µm immediately prior to use. The
NOMs were characterized according to their molecular
weight, specific UV absorption (SUVA) at 254 nm, acidity,
and metals content (Tables 1 and 2).
NOM Characterization. SUVA values of the three NOMs
were determined by dividing their UV absorbance at 254
nm, measured with a Hatch DR/4000U spectrophotometer,
by the dissolved organic carbon (DOC) concentration (31).
Molecular weights of the NOMs used in this study were
obtained by size exclusion chromatography, using a Superdex
peptide column (Amersham Pharmacia Biotech), which
separates compounds within the approximate MW range of
7-0.1 kDa, coupled to a UV detector set to 254 nm (Dionex),
according to the method described by Jackson et al. (32).
Reagents. Arsenate stock solutions were made from
reagent grade sodium arsenate and adjusted to pH 6 using
0.1 M HNO3. Fe(III) stock solutions for the dialysis experiments were made with reagent grade Fe(NO3)3‚9H2O and
acidified to pH 2 with 1 M HNO3. High-purity (18 MΩ)
deionized water was used throughout.
Analyses. Arsenic analyses were performed with a PerkinElmer Analyst 800 graphite furnace atomic absorption
(GF-AAS) spectrometer, with a detection limit of 4 µg/L As
(0.05 µM As). Dissolved organic carbon was determined using
a Sievers total organic carbon analyzer, model 800, with a
detection limit of 80 µg/L (6.67 µM) organic carbon. Total
iron and other metals content of the NOM solutions were
measured employing a Perkin-Elmer Optima 4300DV ioncoupled plasma atomic emission spectrometer (ICP-AES),
with a total iron detection limit of 4 µg/L (0.07 µM). The
detection limits of other relevant metals are given in the text.
All samples were stored at 4 °C in the dark and were analyzed
for As, DOC, and metals within 1 week of sampling.
Dialysis Experiments. Comparable to dialysis studies by
Van Loon et al. (33) for characterizing radionuclide-NOM
complexes, the aquatic binding of arsenate by Fe-bearing
NOM was identified through arsenate concentration differences across a dialysis membrane. Ideally, the membrane is
chosen such that its pore size allows the passage of arsenate
anions but not of the larger NOM or As(V)-Fe(III)-NOM
complexes. Hence, in experiments in which dialysis bags are

Arsenate-Fe(III)-NOM Experiments. The dialysis experiments were conducted with Spectra-Por CE (cellulose
ester) 1000 molecular weight cutoff (MWCO) dialysis membranes. This pore size was chosen based on arsenate kinetics
experiments (described below) because it allowed As equilibration within a reasonable time period, while minimizing
NOM bleed through the membrane. All experiments were
undertaken at pH 6, 10 mM NaNO3. Acid-cleaned, autoclaved
125 mL borosilicate glass jars with Teflon-lined caps were
filled with 95 mL of the 10 mM NaNO3, pH 6 solution. Dialysis
bags to be placed in the jars were filled with 5 mL of the
appropriate NOM solution and were sealed by tying knots.
The NOM-filled dialysis bags were prerinsed in pH 6, 10
mM NaNO3 solutions for 1 week. In recognition of the large
membrane pore size relative to the MWs of the NOMs (Table
1), the purpose of the prerinse was to flush out smaller NOM
molecules, thereby avoiding excessive leaching during the
course of the experiments. The rinsing solutions were
sampled for DOC for mass balance purposes. For consistency,
the dialysis bags containing control solutions (no NOM) were
also prerinsed.
After completion of the 1 week prerinse, the dialysis bags
were placed in the jars. The electrolyte solution in the jars
was then spiked with the arsenate stock, resulting in a
concentration outside the bags of 90 µg/L (1.2 µM) arsenate
in the case of initial SR-HPOA experiments or 720 µg/L (9.6
µM) arsenate for all subsequent experiments. After a 2 week
equilibration period, aliquots were taken from the solutions
in the jars and in the dialysis bags. These were analyzed for
total arsenic, DOC, total iron, and metal content. The 2 week
equilibration period was determined based on the kinetics
experiments described below.
Preparation of NOM and Fe(III)-Amended NOM Solutions. The SR-HPOA and EG-FA solutions were made by
dissolving 10 mg of the freeze-dried material into 100 mL of
water, resulting in a concentration of 100 mg NOM/L (or
∼50 mg C/L; 4.2 mM C) and were filtered at 0.45 µm. The
SR-WW sample (60 mg C/L; 5 mM C) was also filtered at 0.45
µm. All three NOMs were adjusted to pH 6 with 0.1 M HNO3
and/or 0.1 M NaOH. Note that while iron was below detection
in the EG-FA NOM, both the SR-HPOA and the SR-WW had
inherent iron contents (Table 1), and all iron concentrations
reported henceforth refer to total iron (inherent + added).
To make the Fe(III)-amended NOM solutions, the NOM
solutions were spiked with the Fe(III) stock solution. In the
case of the initial SR-HPOA studies conducted with 90 µg/L
(1.2 µM) arsenate, the SR-HPOA was spiked to make 1 mg/L
(0.02 mM) Fe(III). The solution was allowed to equilibrate
for 24 h, filtered again at 0.45 µm, and the pH readjusted to
6. The second filtration step removed some of the added
Fe(III). A portion of the Fe(III) was also leached during the
1 week prerinse period (presumably iron that was associated
with bled NOM), resulting in final Fe(III) concentrations
measured in the dialysis bags upon completion of the
experiment of 0.6 mg/L (0.01 mM) Fe(III). Following the same
procedure, the Fe(III)-amended EG-FA and SR-WW NOM
solutions used in the experiments with 720 µg/L (9.6 µM)
arsenate were spiked to make 5 mg/L (0.09 mM) Fe(III).
Filtering removed approximately 1 mg/L (0.020 mM) Fe(III)
from the amended EG-FA and 0.5 mg/L (0.009 mM) Fe(III)
from the amended SR-WW solution. The final solutions in
the dialysis compartments were approximately 2 mg/L (0.04
mM) Fe(III).
VOL. 40, NO. 17, 2006 / ENVIRONMENTAL SCIENCE & TECHNOLOGY
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Experiments were also undertaken with solutions of
SR-HPOA and 720 µg/L arsenate with incremental amounts
of Fe(III), in which the final concentrations measured in the
dialysis bags were 0.3 mg/L (0.005 mM), 2.4 mg/L (0.04 mM),
6.1 mg/L (0.1 mM), and 11.6 mg/L (0.21 mM) Fe. Ferric iron
control experiments (no NOM) were conducted with solutions of Fe(III) prepared following the same procedure (pH
6, 10 mM NaNO3, 0.45 µm filtered), with and without spiking
with arsenate. Other control experiments included the pH
6, 10 mM NaNO3 electrolyte solution in the jar and bag, not
spiked with arsenate, 10 mM NaNO3 in the jar and bag and
spiked with arsenate, and NOM in the bag, 10 mM NaNO3
in the jar, not spiked with arsenate. No attempt was made
to keep solutions from laboratory light.
It is noted that NOM, Fe, and As(V) are both abiotically
and bacterially mediated redox active (13, 34 and refs therein).
Hence, even though the solutions were initially oxygenated
and exposed to the atmosphere during the experiments, it
is possible that a small fraction of the iron and arsenic initially
added as ferric iron and arsenate may have been reduced to
arsenite and ferrous iron. However, this does not detract
from the validity of the experimental method nor the evidence
they provide for the aquatic interactions under study; it simply
means that a fraction of the arsenic and/or iron involved in
the aquatic interactions may have been present in reduced
form.
Arsenate Kinetics Dialysis Experiments. The purpose of
the kinetics experiments, conducted with 500, 1000, 2000,
and 3500 MWCO Spectra-Por CE membranes, was to select
an appropriate MWCO membrane for use in the NOMarsenate and NOM-arsenate-Fe(III) experiments and establish the time required to reach arsenic equilibrium across
the dialysis membrane. A similar procedure was followed as
described above, except the dialysis bags were filled with the
electrolyte solution (10 mM NaNO3, pH 6) rather than NOM,
and sampling occurred on an hourly, daily, and weekly basis,
up to a total period of 1 month.
With the exception of the arsenic kinetics and preliminary
SR-HPOA experiments, which were conducted in duplicate,
all experiments were conducted in triplicate, with error bars
depicting 1 standard deviation from the mean. The error
bars for the kinetics experiments represent the range of the
data, and individual replicate data are shown for the initial
SR-HPOA experiments, with the error bars showing 1 standard
deviation of triplicate instrument analyses.
Fe(III)-Amended NOM Sequential Filtration Experiments. To ascertain the nature of the ferric iron amended
to the NOM solutions (colloidal vs noncolloidal chelated
cations), sequential filtration experiments were conducted
with the SR-WW NOM at two different dilutions: 10 mg C/L
(0.08 mM C) and 40 mg C/L (3.3 mM C). The SR-WW NOM
was diluted from its original concentration of 60 mg C/L (5
mM C). The samples were spiked with the stock solution to
make 5.5 mg/L (0.1 mM) Fe and 0.28 mg/L (0.005 mM) Fe.
The pH was adjusted to 6 with NaOH. The samples were
allowed to equilibrate for 5 h. Aliquots were then taken and
filtered at 0.45 µm and then at 0.1 µm. Prior to filtering, and
after each filtering step, samples were taken for analysis of
total iron.

Results and Discussion
Arsenate Kinetics Dialysis Experiments. It was found that
an equilibration time of 2 weeks was required to reach
[arsenate]bag ) [arsenate]jar for the Spectra-Por CE 1000
MWCO dialysis membrane (Figure 1A), and this membrane
pore size was chosen for use in the arsenate-NOM experiments. Equilibrium was not reached with the 500 MWCO
membrane after 1 month, and hence it was not suitable for
the intended experiments. The 2000 and 3500 MW membranes reached equilibrium in a slightly shorter time than
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the 1000 MWCO membrane. However, there was concern
that these pore sizes would permit excessive passage of the
NOM. The 2 week equilibration time required for the 1000
MWCO membrane and lack of equilibrium after 1 month
with the 500 MWCO membrane, despite the small size of the
arsenate oxyanion relative to the membrane pore dimensions,
can be attributed to electrostatic effects. The rate of diffusion
of across Spectra-Por CE membranes decreases with increasing negative charge on the species, presumably due to
repulsion between the diffusing anion and negatively charged
membrane surface groups (35).
Arsenate-NOM Aquatic Associations: Initial SR-HPOA
Experiments. The results of the initial dialysis experiments
conducted with SR-HPOA, 90 µg/L (1.2 mM) arsenate, and
0.6 mg/L (0.01 mM) Fe(III) are summarized in Figure 1B.
Arsenic equilibrium in the control experiments (no NOM)
was reached in 2 weeks, as predicted by the kinetics
experiments. In contrast, the concentration of arsenate in
the dialysis bags containing SR-HPOA was approximately
6% greater than the concentration in the surrounding jar
solution. Experiments in which the equilibration time was
extended up to 4 weeks (data available upon request) showed
no further mobilization of arsenate into the dialysis bags,
indicating that, as with the arsenic-only experiments, the 2
week period was adequate to reach arsenic equilibrium in
the presence of the NOM. There is also partitioning of the
As (V) into the dialysis bags when the SR-HPOA was amended
with Fe(III) for a total concentration of 0.6 mg/L (0.01 mM)
Fe(III). Noting that the SR-HPOA has an inherent iron content
of 280 µg/L (5.1 µM) Fe (Table 1), and a final concentration
measured in the dialysis bags of 80 µg/L (1.5 µM) Fe, the
results of these experiments were consistent with the aquatic
binding of arsenate by NOM with ferric iron acting as an
intermediary.
Formation of Arsenate-Fe(III)-NOM Aquatic Associations with EG-FA and SR-WW. Experiments were conducted
with SR-WW and EG-FA to determine if the aquatic binding
of arsenic would occur with a broader range of organic matter
samples and to further evaluate the role of Fe(III). A higher
arsenate concentration of 720 µg/L (9.6 µM) arsenate was
used, in anticipation of greater arsenate partitioning due to
the higher levels of Fe(III) employed in these studies. It was
found that elevated concentrations of arsenate in the dialysis
bags relative to that of the surrounding solutions also occurred
in the experiments conducted with SR-WW and EG-FA (Figure
2A). However, analysis of the bag and jar concentrations for
EG-FA and SR-WW via a Student t-test revealed that, at the
95% confidence level, only the SR-WW bag and jar arsenate
concentrations were statistically different, while the EG-FA
data were not. The results were consistent with the importance of iron in the aquatic binding of arsenate by NOM, as
the SR-WW had an inherent iron concentration of 500 µg/L
(9.1 µM) Fe and a final concentration in the dialysis bags of
100 µg/L (1.8 µM) Fe, while Fe was below detection in the
EG-FA sample (Table 1). Amending the NOMs with approximately 2 mg/L (0.04 mM) Fe(III) resulted in significantly
more arsenate in the dialysis bags for both NOM samples,
confirming the role of the transition metal in arsenate-NOM
interactions (Figure 2B).
Arsenate mass balances were 100% ((8%) for the experiments with all three NOMs (Figure 3), with data shown for
the iron-amended SR-WW and EG-FA experiments (∼2
mg/Fe(III)), as well as for the SR-HPOA experiment with 2.5
mg/L (0.05 mM) Fe(III) that is discussed below. The DOC
mass balances were 100% ((10%) and show that the 1 week
prerinse successfully flushed out a significant portion of the
smaller NOM molecules, which amounted to roughly
35-50% of the total initial DOC. A further 12-20% of the
initial DOC concentration passed through the bags to the
surrounding jar solution during the course of the 2 week
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FIGURE 1. (A) Diffusion kinetics of arsenate for the 1000 MWCO Spectra-Por CE dialysis membrane. Fourteen days were required to reach
[arsenate]bag ) [arsenate]jar. The error bars show the range of data. (B) The results of dialysis experiments conducted with SR-HPOA, 90
µg/L arsenate, and 0.6 mg/L Fe.
equilibration period (Figure 4A). Hence, the prerinsing
effectively minimized the amount of leaching that occurred
during the 2 week equilibration period, and the leaching
that did occur was not significant enough to inhibit the
experiments. Final NOM concentrations in the dialysis bags
were approximately 20 mg C/L (1.7 mM C), and 0.3 mg C/L
(0.03 mM C) in the jars (Figure 4A). The Fe(III) mass balances
show that there were low levels of iron measured in the
jars at the completion of the 2 week equilibration period
(SR-HPOA ) 24 ( 10, EG-FA ) 13 ( 8, and SR-WW ) 42 (
16 ppb). However, these values are within experimental
uncertainty of the iron level in the jar blank of 19 ( 9 ppb
(no iron, no As(V), no NOM added) and, hence, are comprised
mainly iron from the background electrolyte, only a small
fraction resulting from leakage from the dialysis bags during
the course of the experiments (Figure 4B). While the presence
of low levels of both iron and NOM in the jars may have
resulted in the binding of a small fraction of the arsenate
outside of the dialysis bags (rather than inside as intended),
this would have had only a minimal effect on the experiments.
The average Fe(III) content of the jars was 0.05 µmol of
Fe(III), assuming the iron was complexed to NOM, and on
the basis of the relationship between iron concentration and

complexed arsenate given below, this would result in a
maximum of 0.009 µmol of arsenate bound by Fe(III)-NOM,
or 1% of the average arsenate content of the jars of 0.84 µmol
of As. The worst case scenario, with SR-WW, assuming a jar
Fe(III) level 1 standard deviation above the mean would
involve less than 3% error.
Complexation of Arsenate by HPOA Amended with
Incremental Levels of Fe(III). The importance of Fe(III) in
the aquatic association of arsenate with NOM was further
delineated when experiments were conducted with SR-HPOA
to which was added incremental amounts of Fe(III). Figure 5 shows that within the wide range of iron concentrations used here, there was a strong linear relationship (r2 )
0.97) between the total Fe(III) content of the NOM and the
amount of complexed arsenate. Figure 5 includes data from
the Fe-amended EG-FA and SR-WW NOM experiments.
These combined results strongly indicate that it is the iron
content of the NOM that is critical to its ability to bind
arsenate, with little evidence to support aquatic interactions
of arsenate with NOM that do not involve iron. Instead, the
lack of aquatic interactions between arsenate and EG-FA
(iron below detection), and the fact that the linear relationship
shown in Figure 4 passes near the origin, both suggest that
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FIGURE 2. (A) Results of dialysis experiments with EG-FA and SR-WW, showing an increase in arsenate in the bag relative to that
of the solution in the jar when NOM was in the bag. Control ) no NOM. (B) Effect of amending the NOMs with Fe(III). Fe(III) control )
Fe(III) in the dialysis bag but no NOM (the initial solution was 5 mg/L Fe(III), but the final concentration in the bag was much lower, see
Figure 5).

FIGURE 3. Arsenate mass balance for the dialysis experiments conducted with the three NOMs and ∼2 mg/L Fe(III). The total arsenate
added was 0.96 µmol. Control ) no NOM. The jar blank ) no added arsenate, Fe(III), or NOM and no dialysis bag.
aquatic interactions of arsenate and NOM are not significant
in the absence of iron.
The possibility that the increased concentration of arsenate measured in the dialysis bags was due to the formation
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of inorganic Fe(III)-arsenate associations is largely discounted by the results obtained in the control experiments.
In the Fe(III) controls (no NOM), no increase in arsenic in
the dialysis bags occurred relative to that of the surrounding
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FIGURE 4. (A) DOC mass balance for the dialysis experiments conducted with the three NOMs and ∼2 mg/L Fe(III). Control ) no
NOM. (B) Fe(III) mass balance for the same experiments. Fe(III) control ) no NOM and an initial solution of 5 mg/L Fe(III). The balance of the Fe(III) is assumed to have leached from the bags during the 1 week prerinse, presumably associated with the smaller NOM
molecules that were also flushed from the bags during the prerinse. For both graphs, the jar blank ) no added arsenate, Fe(III), or NOM
and no dialysis bag.
solution (Figure 2). When the control solutions were made,
there was visible iron precipitation upon adjusting the pH
to 6, consistent with the low solubility of ferric iron above
pH 3.5 (36 and refs therein). Subsequent filtration at 0.45 µm
then removed most of the Fe(III) from solution, as indicated
by the total Fe measured in solution (Figure 4B). Hence, at
the pH of these experiments, and in the absence of NOM,
dissolved Fe(III) is largely absent from the solution phase,
and as such, inorganic Fe(III)-arsenate cannot account for
the observed aquatic complexation of arsenate. Instead, the
data are interpreted as follows: the NOM served to suspend
the added Fe(III) in solution, through the formation of
noncolloidal NOM-Fe complexes and/or through colloidal
Fe(III)-NOM interactions. The NOM-suspended iron then
served as binding sites for the arsenate, resulting in the
formation of dissolved, noncolloidal As(V)-Fe(III) cationNOM complexes and/or NOM-suspended Fe(III)-arsenate
colloidal associations. Hence, both the NOM and the Fe(III)
have a critical role to play, and both are necessary compo-

nents for the aquatic binding of arsenic observed in our
system.
Nature of the Arsenate-Fe(III)-NOM Association. Sequential filtration experiments revealed that even at the
lowest molar ratio of Fe/C of 0.001, 23% of the dissolved
iron (i.e., iron in solution after filtration at 0.45 µm) was
present as colloids between the size range of 0.1 and 0.45
µm (Table 3). Note that the total fraction of colloidal iron
may have been even larger, due to the possible presence of
colloids smaller than 0.1 µm in diameter. At the upper
Fe/C molar ratio of 0.12, upward of 84% of the dissolved iron
was present within the 0.1 and 0.45 µm size fraction. Hence,
while the possible presence of noncolloidal ferric cations
chelated to NOM molecules cannot be discounted in our
system, a significant proportion of the iron is colloidal at
all Fe/C ratios. The suspension of colloidal iron by NOM
has been demonstrated by numerous authors, including
Pullin and Cabaniss (21), who showed that at an Fe/C ratio
of 0.024, roughly 35% of the Fe(III) suspended by a Suwannee
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FIGURE 5. Complexed arsenate concentration in the dialysis bags
as a function of the Fe(III) content of SR-HPOA (squares). For
comparison, the EG-FA + 2.5 mg/L Fe (open circle) and the SR-WW
+ 2.3 mg/L Fe (open triangle) are also plotted.

TABLE 3. Results of the Sequential Filtration Experiment with
SR-WW at Two Different Dilutions (10 and 40 mg C/L) and
Two Different Concentrations of Amended Ferric Iron (0.1 and
0.005 mM Fe(III))a
Initial Amount of Iron Added: 100 µM Fe(III)
Fe(III) measured in solution (µM)
organic
matter
content

unfiltered

0 mg C/L
10 mg C/L
40 mg C/L

66.1
82.9
82.9

0.45
µm

0.1
µm

0.18 0
61.0
9.75
73.4 36.4

% of Fe(III)
filtered between
Fe/C
0.45 and 0.1
mol ratio
µm
0.12
0.03

84
50

Initial Amount of Iron Added: 5 µM Fe(III)
Fe(III) measured in solution (µM)
organic
matter
content

unfiltered

0.45
µm

0.1
µm

Fe/C
mol ratio

% of Fe(III)
filtered between
0.45 and 0.1
µm

0 mg C/L
10 mg C/L
40 mg C/L

1.86
3.79
4.89

0.32
3.43
4.00

0.11
2.39
3.07

0.006
0.001

30
23

a

n ) 1.

River fulvic acid NOM sample was present in the colloidal
size range.
Dzombak and Morel (37) summarize data showing that
ferrihydrite colloids at pH’s near 6 have densities of type 2
surface sites capable of complexing cations, oxyanions such
as arsenate, and neutral species such as arsenite, in the range
of 0.1-0.2 mol of sorption sites/total mol of Fe. The slope
of the graph shown in Figure 5 is 0.2. Hence, our data are
consistent with arsenate binding through adsorption to NOMsuspended iron oxide colloids, if it is assumed that all of the
iron in the system is present as ferrihydrite colloids and that
all available iron surface sites are occupied by arsenic. While
this is possible, it is not likely, as a fraction of the sites would
be by necessity occupied by NOM moieties suspending the
colloids, and it is likely that at least a small percentage of the
iron in our system is not colloidal. Alternate forms of
As-Fe-NOM interactions are also consistent with our results.
Clearly, a significant fraction of the iron is colloidal. However,
the issue of whether these colloids are dominantly NOMstabilized (oxy)hydroxides or formed by Fe(III)-induced
coagulation of NOM is unresolved, and the constancy of the
ratio of complexed arsenate to iron through a wide range of
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9

iron concentrations (Figure 5) suggests that the latter may
be more important in our system. If this is the case, then
arsenate chelation by ferric cations entrained within the
coagulated NOM may be the dominant arsenate binding
mechanism.
While the exact nature of arsenic binding by NOMsuspended Fe(III) is not yet fully characterized, and is worthy
of further study, the results of this work are nonetheless
striking, as they have clearly established the formation of
aquatic complexes between arsenate and natural organic
matter. The work has further shown the critical role that
ferric iron plays in the aquatic association and the importance
of stable colloidal moieties in these systems. The dominant
effect of iron, independent of the NOM sample employed,
suggests a broader role of Fe (and perhaps Al (38)) in other
studies of binding of species such as arsenite (13) and Sb (39)
to solution-phase NOM.
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Abstract
The arsenic contamination of aquifers has been linked to the input of dissolved organic matter (DOM). In light of this
suggestion, the aim of this study was to quantify chemical effects of DOM on desorption and redox transformations of arsenic
bound to synthetic iron oxide and natural samples from different geochemical environments (soils, shallow aquifer, lake
sediment). In batch experiments, solutions containing 25–50 mg/L of two different types of DOM (purified peat humic acid and
DOM from a peat drainage) were used as extractants in comparison to inorganic solutions. DOM solution was able to mobilize
arsenic from all solid phases. Mobilization from iron oxides (maximum: 53.3%) was larger than from natural samples
(maximum: 2.9%). The mobilization effect of extractants decreased in the order HCl N NaH2PO4 N DOM N NaNO3. DOM
solutions, therefore, mainly targeted weakly sorbed arsenic. Mobilization was complete within 24–36 h and DOM was sorbed
during incubation indicating competition for sorption sites. The same patterns were observed for different DOM types and
concentrations. Addition of DOM lead to (a) enhanced reduction (maximum 7.8%) and oxidation (6.4%) of arsenic in aqueous
solution and (b) the appearance of arsenite in aqueous phase of soil samples (5.5%). As the primary mechanism for the arsenic
release from solid phases we identified the competition between arsenic and organic anions for sorption sites, whereas redox
reactions were probably of minor importance. The results of this study demonstrate that sorption of DOM has a strong potential
to mobilize arsenic from soils and sediments.
D 2005 Elsevier B.V. All rights reserved.
Keywords: Arsenic; Dissolved organic matter; Iron oxide; Groundwater

water resources (Smedley and Kinniburgh, 2002).
Problems with arsenic arise on a local scale related to
mining or abandoned hazardous sites (Stueben et al.,
2001) and on a regional scale, as in the aquifers of
Bangladesh (Anawar et al., 2003). In natural waters,
the oxyacids arsenite (H3AsO3; pK1=9.2; uncharged
at neutral pH) and arsenate (H3AsO4; pK1=2.2;
anionic at neutral pH) are the most important arsenic

1. Introduction
Arsenic is widely recognized as a dangerous
contaminant and as a threat to some of the world’s
T Corresponding author. Tel.: +49 921 552170; fax: +49 921
552366.
E-mail address: markus.bauer1@uni-bayreuth.de (M. Bauer).
0048-9697/$ - see front matter D 2005 Elsevier B.V. All rights reserved.
doi:10.1016/j.scitotenv.2005.01.027
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species (Cullen and Reimer, 1989). Changes in
speciation may be caused by abiotic reactions, for
instance with MnO2 (Chui and Hering, 2000) or H2S
(Rochette et al., 2000). Microorganisms can oxidize
arsenite for detoxification (Cullen and Reimer, 1989)
or reduce arsenate to arsenite during respiration
(Newman et al., 1998). More reduced and organic
species represent only a minor fraction of the total
arsenic.
The mobility of arsenic is primarily determined by
processes at mineral surfaces, particularly precipitation, dissolution, ad- and desorption. These processes
are controlled by geochemical parameters such as pH,
Eh, ionic composition, and mineral type (Bissen and
Frimmel, 2003; Masscheleyn et al., 1991). At neutral
pH and oxic conditions, arsenic is effectively immobilized by sorption or co-precipitated with metal
oxides (Bissen and Frimmel, 2003; Smedley and
Kinniburgh, 2002) involving surface complexation
reactions and formation of specific inner sphere
complexes (Sun and Doner, 1996). Low pH and
reduced redox potential increase the mobility by
dissolution of metal oxides. Under strongly reducing
conditions the formation of sulfide minerals controls
arsenic concentrations (Harvey and Swartz, 2002;
Masscheleyn et al., 1991). Dissolved calcium enhances the sorption of arsenic, while in the presence of
anions like phosphate and bicarbonate, arsenic sorption is reduced by competition for sorption sites
(Appelo et al., 2002; Smith et al., 2002).
Dissolved organic matter, whose concentrations
range from 1–20 mg/L in most fresh waters and reach
higher values in wetlands (Abbt-Braun, 2002), may
also influence arsenic mobility by several mechanisms. Fulvic or humic acids form stable complexes
with mineral surfaces (Kaiser et al., 1997), effectively
blocking arsenic from adsorption on iron oxides,
alumina, quartz or kaolinite (Grafe et al., 2001; Grafe
et al., 2002; Xu et al., 1991). Organic anions have
consequently been found to enhance arsenic leaching
from soil material (Lin et al., 2002), in which arsenic
is mainly associated with the metal oxide fraction
(Lombi et al., 2000), and also from fly ashes (Janos et
al., 2002). A small but substantial increase of arsenic
mobility was also found in wetland soils in the
presence of high DOC concentrations (Kalbitz and
Wennrich, 1998). The formation of aqueous arsenic/
DOM complexes either by positively charged amino
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groups in DOM (Saada et al., 2003) or by metal cation
bridges (Redman et al., 2002) can additionally
contribute to a higher mobility of arsenic. In some
sediment layers of Bangladesh 10–30% of the arsenic
present is associated with the solid organic phase
(Anawar et al., 2003). Microbial degradation of
organic matter in these sediments therefore contributes to reductive dissolution of metal oxides and
release of arsenic bound in the oxides and in the
organic phases as well (Harvey and Swartz, 2002).
Moreover, DOM contains redox active functional
groups and can thus act as an electron shuttle between
microorganisms or H2S and iron or organic pollutants
(Lovley et al., 1996; Schwarzenbach et al., 1990).
Accordingly, it has recently been demonstrated that
the addition of arsenic to DOM solutions results in
arsenate reduction as well as arsenite oxidation
(Redman et al., 2002). Complexed metals are proposed to take part in these reactions. This observation
is important because changes in speciation would
influence the arsenic mobility.
Previous studies about chemical factors influencing
arsenic mobility primarily focussed on competition of
DOM and arsenic for sorption sites on synthetic
minerals and often did not account for redox transformations. The objective of our study was thus to
determine the abiotic effects of DOM on arsenic
mobility by investigating both desorption and redox
transformation in synthetic and natural soil samples.
Specifically we were interested in (I) what fraction of
arsenic desorbs from natural samples compared to
synthetic iron oxides, such as goethite, and how DOM
solutions compare to other extractants, (II) whether
kinetics obtained with synthetic samples can be
extrapolated to natural samples, and (III) whether
DOM chemically oxidizes or reduces arsenic.

2. Materials and methods
2.1. Materials
Goethite was synthesized according to the method
of Schwertmann and Cornell (1991) and examined
with X-ray diffraction. The BET surface area of
goethite (Goe) was 51 m2/g.
Natural samples were collected from four arsenic
contaminated sites in Germany. They covered a wide
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range of geochemical characteristics and arsenic
concentrations (Tables 2 and 3). The sandy Podsol
horizons (labelled H 1; Neumarkt/Bavaria) received
arsenic from infiltrating wood preservation solutions
(e.g. copper–chromium–arsenic salts). In H 1/2 most
arsenic was associated with metal oxides (Peiffer et
al., 2003). The loamy soil columns (labelled W 1 and
W 2; Wiesloch/Baden-Wuertemberg) were contaminated by an adjacent mining dump. Therefore primary
sulfidic and secondary oxidic arsenic phases can be
expected there (Ruede, 1996). Material from below
the groundwater table (95 cm below surface at time of
sampling) was obtained from an aquifer in the riparian
zone of the Leimbach stream (labelled A 1 and A 2;
Wiesloch/Baden-Wuertemberg). The arsenic stemmed
from accumulation of eroded mining material or
percolating solutes. A sediment core was collected
from a depth of about 3 m in Lake Trebgast (labelled
S 1; Bavaria). The lake is influenced by inflow of
groundwater containing arsenic.
All samples were homogenized and freeze dried.
Arsenic pools were quantified with the extractants
proposed by Keon et al. (2001). Individual extractions
with 0.1 M NaH2PO4 (pH 5; 24 h; strongly sorbed
fraction), 1 M HCl (1 h; carbonate and amorph metal
oxide fraction) and Aqua Regia (10 bar; 0.5 h;
Microwave; total arsenic) were made (Tables 2 and
3). Before the DOM mobilization experiments all
natural samples were autoclaved at 121 8C in wet heat
for 30 min. Autoclavation can reduce the sorption of
anions on soil material (Xie and Mackenzie, 1991) but
was necessary to reduce microbial influences.
Two DOM solutions were used in mobilization
experiments. The first solution was prepared by
dissolving dry Pahookee Peat reference humic acid
(labelled PA-HA; Florida; purchased from the International Humic Substances Society) at pH 8–9. PAHA represents a well purified material (ash content
~1,7%) and has been thoroughly characterized by the
IHSS. The peat humic acid has a carboxylic group
content of 8.8 mmol/g C (pK A=4.26) and a phenolic
group content of 2.05 mmol/g C (pK A=9.85). The
high specific UV absorbance at 280 nm (SUVA280) of
1180 L (mol organic carbon)1cm1 and the low
Absorption 465nm /Absorption 665nm ratio (Abs 465 /
Abs665) of 5.5 point out a high degree of condensation and aromaticity of this DOM (Chen et al., 2002).
The second DOM was collected as a solute from a
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drainage tube of the mesotrophic Lehstenbach wetland (labelled FI-DOM; Bavaria). It was degassed
and filtered (0.45 Am). The DOM solution also
contained nitrate (51 Amol/L), sulphate (140 Amol/
L) and ammonium (280 Amol/L). By acid-base
titration of FI-DOM no specific pK A value could be
determined, but a proton uptake capacity between 8.5
and 22 mmol/g C was calculated. The SUVA280 value
(864 L (mol organic carbon)1cm1) indicates a
lower condensation and aromaticity in FI-DOM than
in PP-HA and the Abs465/Abs665 ratio of 8.7 is within
the fulvic acid range. Before use both solutions were
brought to pH 6–6.5 and 10 mM ionic strength (NaCl
or NaNO3) and stored for up to 3 months in darkness
at 5 8C.
2.2. Batch experiments
All batch experiments were carried out in acid
conditioned PE-vessels and as triplicate assays
except for the arsenic sorption in protocol B
(duplicate assays). After the addition of any solid
phase (iron oxide or natural sample) the PE-vessels
were individually kept in nitrogen filled 300 mL
glass containers during the whole experiment.
Addition of solute and sampling was done through
a mounted septum and a syringe. The pH was
adjusted with 100 mM solutions of NaOH or HNO3.
The samples were deaerated by purging them with
N2 through a cannula for 15 min. During incubation
the assays were shaken (horizontal shaker, 100
rotations/min) at 20F1 8C in the dark. Suspended
particles in the sample aliquots were removed by
centrifugation (20 min, 18,000 u/min) for iron oxide
experiments and by filtration (0.45 Am, Nylon) for
natural samples. The clear samples were stabilized
with 1% HNO3 in 1.5 mL Eppendorf caps and stored
in darkness at 5 8C. Arsenic speciation was always
determined within 48 h after sampling. Microbial
activity was inhibited as far as possible by using
only purified substances, conditioned reaction vessels
and short reaction times.
2.2.1. Aqueous batch experiments
For the aqueous experiments 20 mL of a DOM
solution was added to 20 mL of either arsenate or
arsenite solution. The final conditions were 80 Ag/L
arsenite or 60 Ag/L arsenate and 50 mg C/L in 10 mM
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NaNO3 at pH 6.2F0.2. These assays were sampled
after 24 h.
2.2.2. Batch experiments with synthetic iron oxide
Two experimental protocols were used for the iron
oxide assays. In protocol A, experiments were carried
out in a NaCl matrix and the mobilization step was
done with dried oxides. 10 mg goethite were
suspended in 40 mL of NaCl solution (10 mM) and
equilibrated for 24 h. Either arsenate or arsenite was
added (2.5 mg/L), pH was adjusted to 6.2F0.2 and
the assays were incubated. After the sorption the
supernatant was decanted and the remainder was dried
at 50 8C and used for the mobilization experiments.
To these ends 10 mg goethite with sorbed arsenic was
resuspended in 40 mL of DOM solution (concentration 0 or 25 mg C/L; pH 6.2F0.2) using sonication.
The suspension was degassed and incubated under
nitrogen atmosphere. Sorption and desorption assays
were sampled after 2, 15 and 100 or 144 h for
arsenate/goethite and after 2, 24, 72 and 240 h for
arsenite/goethite.
In protocol B, the mobilization was carried out
without a drying step and in a NaNO3 solution.
Goethite was suspended in NaNO3 solution (10 mM)
and equilibrated for 24 h before either arsenate or
arsenite was added and pH was adjusted to 6.2F0.2.
The final concentrations were 500 mg/L goethite with
1.9 mg/L arsenate or 1.8 mg/L arsenite at pH 6.2F0.2.
Samples were taken after 24 and 160 h. Suspension
aliquots of 10 mL were then removed from these
goethite/arsenic stock solutions under strong mixing
and transferred to 50 mL PE-vessels. 20 mL of DOM
solution at pH 6.2F0.2 were added (final concentration 0 or 25 mg C/L). The mixture was degassed
and incubated under nitrogen atmosphere. Samples
were taken after 36 h and 160 h.
2.2.3. Batch experiments with natural solid phases
A series of different extraction experiments was
carried out. One gram of soil or sediment material was
suspended in 25 mL of DOM solution (concentration 0
or 50 mg C/L) solution. The suspensions were
degassed, incubated under nitrogen atmosphere and
sampled after 24 h. To investigate the mobilization
kinetics, aliquots were removed from the H 1/2 soil
assays additionally after 0.5, 2, and 100 h. The effect of
DOM concentration was tested with 1 g H 1/2 material
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in 25 mL DOM solution of 0, 10, 50 or 100 mg C/L and
sampling after 24 h. Arsenic speciation was analyzed
for one set of H 1/2 samples as described above with 1 g
soil suspended in 25 mL DOM (concentration 0 or 50
mg C/L) after 24 h of incubation.
2.3. Analytical techniques
Total arsenic (Astot) was determined by graphite
furnace atomic absorption spectroscopy (GF-AAS)
(Analytik Jena AAS Zeenit 60; Limit of detection
(LOD)=4.7 Ag/L). Arsenic speciation was measured
in a continuous HPLC-ICP-MS system, consisting of
a Kontron pump 525, two guard columns (Dionex;
AG7; 504 mm), an analytical column (Dionex;
AS7/NG1; 2504 mm) and an ICP-MS (Agilent
7500 c). The separation method of (Kohlmeyer et
al., 2002) was used. Iron and manganese was
measured by flame atomic absorption spectroscopy
(Fl-AAS; Varian Spectr AA 20; LOD=0.8 mg/L) and
dissolved organic carbon by TOC Analyzer (Shimadzu 5050; LOD=1.3 mg C/L). Solid phase
organic carbon was determined by CHN analysis.
Total reduced inorganic sulphur (TRIS) was measured photometrically as methylene blue at 665 nm
(Varian Cary 1E) after digestion (Fossing and
Jorgensen, 1989).
2.4. Thermodynamic calculations
Quinone moieties present in humic substances take
part in redox reactions (Scott et al., 1998). We
calculated Gibb’s free energies for the redox reactions
between arsenic and model quinones using data of
Cherry et al. (1979) for arsenic and Schwarzenbach et
al. (1990) for the two organic model quinones Juglone
and Lawsone, assuming equimolar concentrations of
oxidized and reduced species, and a pH of 6:
þ
H2 AsO
4 þ H2  Juglonered þ H ¼ H3 AsO3
þ Jugloneox þ H2 O dG ¼ 8:1kJ=mol
þ
H2 AsO
4 þ H2  Lawsonered þ H ¼ H3 AsO3
þ Lawsoneox þ H2 O dG ¼ 43:8kJ=mol

Arsenate reduction combined with DOM oxidation
is thus the thermodynamically favoured process under
the chosen experimental conditions.
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3. Results

As (sorbed) (µmol/g)

3.1. Arsenic speciation in the aqueous DOM solution
Both arsenite and arsenate could be detected after
incubation with DOM (Fig. 1). Other As species could
not be detected. Arsenite oxidation was strongest with
FI-DOM (7 Ag/L or 8% of total arsenic present),
whereas strongest arsenate reduction occurred with
PA-DOM (4 Ag/L or 8%). The results were reproducible with small deviations in a similar experiment
with 72 h instead of 24 h reaction time. A small
change in speciation was also observed in the
reference samples without DOM.

A; 130 µmol/g;
B; 50 µmol/g;

100

A; 130 µmol/g;
B; 50 µmol/g;

50

0
0

Sorption of arsenic was rapid in the beginning and
slowed down with experimental duration (Fig. 2).
Only for the arsenite in protocol B an equilibrium
concentration in solution was reached within 24 h.
The sorption capacity of goethite was larger for
arsenate than for arsenite in both protocols used.
Roughly twice the amount of arsenate was sorbed
compared to arsenite. Arsenic immobilization was
smaller using protocol B than protocol A (Fig. 2).

100
Arsenate

80

As concentration (µg/l)
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40

20

As(V)-PA

As(V)-FI

As(V)

As(III)-PA

As(III)-FI

0
As(III)

100

150

Time (h)

3.2. Arsenic sorption on goethite

Arsenite

50

Fig. 1. Arsenic speciation measured by HPLC-ICP-MS after
incubation of 80 Ag/L arsenite and 60 Ag/L arsenate, respectively,
in solutions containing no DOM, 50 mg C/L FI-DOM or 50 mg C/L
PA-HA (I=10 mM NaNO3). Averages of triplicate assays are
shown.

Fig. 2. Sorption of arsenic species in goethite suspensions. Closed
symbols represent arsenate experiments and open symbols arsenite
experiments. The experimental protocol applied and the initial As/
Fe relation are shown in the legend. As described in the text in
protocol A NaCl was used to adjust ionic strength while protocol B
used NaNO3.

3.3. Arsenic mobilization from goethite in DOM
solution
The addition of arsenic-free solution to dried
(protocol A) or suspended (protocol B) arsenated iron
oxides resulted in an initial increase of the total
amount of dissolved arsenic in all assays (Fig. 3). In
the protocol A experiment with arsenate, arsenic
desorption continues until the end of the incubation
after 100 h. In the other assays, arsenic was mobilised
only at the beginning (2 h in protocol A experiments
with arsenite, 36 h in protocol B experiments).
Subsequently arsenic concentration in the solution
decreased again. A maximum net mobilization of
arsenic by DOM was calculated as the maximum
release with DOM minus the maximum release
without DOM at the same time step (Table 1). Net
mobilization was higher adding PA-HA than for FIDOM. Pre-sorbed arsenite was released more easily
than pre-sorbed arsenate (Table 1).
Larger initial DOM concentrations mobilized more
arsenic and immobilized more DOM. A linear
relationship between arsenic release and DOM concentrations was not observed, though. DOM concentrations in solution decreased by about 5–10 mg C/L
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Fig. 3. Mobile Astot during incubation of goethite with pre-sorbed
(1) arsenate or (2) arsenite (I=10 mM); open symbols: solutions
without DOM; closed symbols: solutions with 25 mg/L PA-HA. The
legend shows the experimental protocol applied. As described in the
text protocol A represents the use of NaCl as ionic strength while
protocol B uses NaNO3. Protocol A also includes drying the
goethite after the arsenic sorption.

during incubation. Assuming a sorption of 5 mg C/L
for PP-HA (8.8 mmol carboxylic groups/g C), 176
Amol/g Goe of carboxylic group were immobilized,
which exceeds the maximum molar arsenic release by
a factor of 10 (maximum of 13.3 Amol/g Goe for
arsenate with protocol A; Table 1). In the protocol B
mobilization experiments only arsenate was found in
solution after incubation, no matter the arsenic species
previously sorbed and the DOM used.
3.4. Arsenic mobilization from natural samples in
DOM solution
For all samples except the lake sediments arsenic
extractability increased in the order bno DOMQ b PA-
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HA b NaH2PO4 b HCl (Table 3). Extraction with PAHA revealed a higher relative mobility of arsenic in
the H 1 and A 1+2 samples (0.43–4.3% of Astot) than
in the W 1+2 and S (b0.4%). The total amount of
arsenic released ranged from 0 (S 1) to 3.8 mg/kg (H
1/1). The biggest differences between bno DOMQ and
PA-HA extractable arsenic was found in the H 1
horizons. Release of arsenic with FI-DOM (applied to
some samples only, results not shown) was between
bno DOMQ and PA-HA extracts. Initial DOM concentrations were positively correlated to dissolved
arsenic concentrations for H 1/2 material (Fig. 4). An
almost linear relationship was found for PA-HA
(R 2=0.999) and also for FI-DOM (R 2=0.968). On a
molar basis the amount of sorbed carboxylic groups in
PA-HA (2.2–6.2 mmol/kg) exceeded the amount of
arsenic molecules released (maximum: 0.05 mmol/kg)
by more than one order of magnitude.
In the kinetic experiments with H 1/2 material two
phases were observed (Fig. 5). The first phase ended
within 24 h and was characterized by arsenic release
to the solution. In the second phase arsenic was
immobilised. DOM sorption continued throughout the
experiment. Mostly arsenate and only small amounts
of arsenite were found in the speciation analysis (Fig.
5). The addition of DOM, however, resulted in an
increase of arsenite concentrations compared to the
control.
3.5. Characterization of the natural solid phases
The analytical results of this section are summarized in Tables 2 and 3. The pH in the H 1 Podsol soil
samples was significantly lower than in the other
materials. The W 1+2 and A 1+2 samples from
Wiesloch contained between 0.23% and 2.59%
inorganic carbon. Calcite signature (1428 and 878
cm1) was visible in the FTIR spectra. Large amounts
of organic carbon were particularly present in the
sediment samples, whereas in the H 1 soils and A 2/2
aquifer amounts were low. Except for the H 1
horizons and the A 2 sediment all samples contained
substantial amounts of iron (up to 6.3%) and
manganese (up to 1.2%). The amorphous metal
oxides, comprised about 1/10th of the total metal
content in these samples, but was larger in the H 1 and
A 2 material. Total reduced inorganic sulphur (TRIS)
was increased in the aquifer material (A 2) and high in
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Table 1
Sorption and desorption of arsenic from goethite or hematite (*) in this study and estimated from literature
Protocol/author

Solute

Sorption

Desorption

Init. As/Fe-ratio

As sorbed

(Amol/g)

(Amol/g)

(%)

c(DOM)

Net mobilization (As)

(mg C/L)

(Amol/g)

(%)

Arsenate experiments
A
B
Dixit and Hering (2003)
Dixit and Hering (2003)
Grafe et al. (2002)
Redman et al. (2002) (*)

NaCl
NaNO3
NaClO4
NaClO4
NaNO3
NaNO3

130
50
100
50
200
100

130
20
90
50
160
90

100
40
90
100
80
90

25
25

13.3
6.5

10.3
32.7

12
10

46.7
0.7

23.3
22.2

Arsenite experiments
A
B
Dixit and Hering (2003)
Dixit and Hering (2003)
Grafe et al. (2002)
Redman et al. (2002) (*)

NaCl
NaNO3
NaClO4
NaClO4
NaNO3
NaNO3

130
50
100
50
200
100

70
10
75
40
240
90

55
22
75
80
N100
90

25
25

9.3
5.3

13.3
53.3

12
10

26.7
0.4

13.3
13.3

The first columns display the applied salt solution, As/Fe ratio at the beginning of the sorption experiment and the amount of As sorbed. The last
columns show the reaction condition and results of the arsenic desorption with DOM.

the lake sediment (S 1/2) compared to the soils. Total
arsenic content was highest in the W 1+2 materials
(Table 3). Arsenic in these samples was present to a
large extent in forms not extracted by phosphate or
HCl. Using these extractants the largest relative
quantities were extracted from the H 1/2 soil and
from the S 1/2 and A 2 sediments.

4. Discussion
Due to pressing concerns about arsenic contamination of water resources (Smedley and Kinniburgh, 2002), efforts have been undertaken to
identify mechanisms that can increase arsenic
mobility in soils, aquifers and sediments. The
mobilization in Bangladesh/West Bengal type aquifers has primarily been linked to an indirect
mobilization by DOM, particularly to increased
substrate availability for iron reduction, causing
enhanced release of iron oxide bound arsenic
(Harvey and Swartz, 2002). Recent studies have
also focussed on the redox activity and on electron
shuttling capacity of organic matter with some
organic pollutants and inorganic substances (Chen
et al., 2003; Gu and Chen, 2003; Lovley et al.,
1996). Chemical redox reactions and electron

shuttling between DOM and arsenic have, however,
not received much attention yet.
The results of this study suggest a strong potential
for DOM to mobilize arsenic from goethite and
natural soil and aquifer materials within short periods
of time by purely chemical interactions. Net release
from goethite was up to 46 mg/kg and 53% of the
total sorbed arsenic. These results are in agreement
with previous studies reporting arsenic desorption
from different iron oxides (goethite, ferrihydrite,
hematite) in the presence of bulk DOM (Redman et
al., 2002) and fulvic or humic acids (Grafe et al.,
2001; Grafe et al., 2002; Simeoni et al., 2003).
Adsorption capacities for arsenate and arsenite on
goethite were in agreement with previously reported
findings (Dixit and Hering, 2003, Table 1) increasing
our confidence that the results are valid.
Also in natural samples, DOM released up to 2.48
mg/kg or 2.88% of total arsenic. This was up to three
times the amount released by our weakest extractant
0.01 M NaNO3. Lombi et al. (2000), Kalbitz and
Wennrich (1998) and Keon et al. (2001) were able to
desorb 0.07–5 mg/kg of arsenic from soil and sediment samples with 1 M NH4NO3 or 1 M MgCl2.
Despite the much lower extractant concentrations
used in our study, the arsenic release was in a similar
range.
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is incorporated in minerals. So differences occur
between synthetic minerals and natural samples as
well as among natural samples. A high percentage of
arsenic release with DOM (H 1 soil, A 2 sediment)
concurred with high arsenic mobilities using phosphate and HCl as extractants. The iron content in these
samples is rather low but mostly in an amorphous
state and soluble with HCl. We therefore believe that
arsenic in these samples was primarily sorbed to metal
oxides, iron in the sediment and possibly aluminium
in the H 1 horizon. In contrast only little arsenic was
mobilized from the W 1 + 2 soils is mobile by DOM
and phosphate solutions. Roughly 70–90% of arsenic
were not accessible with HCl and therefore incorporated (not sorbed) in the structure of more stable
minerals, most likely crystalline oxides as TRIS
content was low.
The arsenic mobilization patterns for synthetic and
the H 1/2 natural samples were similar. This finding
suggests that, within limits, results obtained with
synthetic samples can be extrapolated also to natural
conditions. Arsenic release was always fast and
completed within the first 24–36 h of the experiments.
The kinetic was in agreement with competition of
DOM and arsenate for goethite sorption sites, which
has been shown to be fairly rapid (Hongshao and
Stanforth, 2001).
The experimental conditions had a substantial
influence on the sorption efficiency (Table 1) and on
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Fig. 4. Release of Astot and sorption of DOM in experiments with
soil material and the effect of different initial DOM concentrations.
Bars represent the amount of arsenic released from H 1/2 samples
during incubation with different concentrations of PA-HA and FIDOM. Lines reflect the amount of DOM removed from solution in
the same experiments.

In general the mobility of arsenic (as % of the total
content) in natural samples treated with DOM was
smaller than the mobility in the goethite assays. This
can be explained by the reduced chemical availability
of the arsenic. Arsenic bound to goethite is mainly
sorbed in surface complexes. Instead in natural
materials often only a small fraction of arsenic is in
an exchangeable state (Lombi et al., 2000) and more
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Fig. 5. Mobilization of Astot from soil material and results of redox species measurement with HPLC-ICP-MS. Lines represent the As
mobilization kinetic from H 1/2 samples in the first 100 h of incubation with different DOM types and concentrations. Bars represent the amount
of arsenite and arsenate found in the assays.
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Table 2
Characteristics of the natural samples
Sample

Type

Depth (cm)

pH

Cinorg (%)

Corg (%)

Fetot (g/kg)

FeHCl (g/kg)

Mntot (g/kg)

TRIS (mg/kg)

H 1/1
H 1/2
W 1/1
W 1/2
W 2/1
W 2/2
A 1/1
A 1/2
A 2/1
A 2/2
S 1/1
S 1/2

Soil
Soil
Soil
Soil
Soil
Soil
Aquifer
Aquifer
Aquifer
Aquifer
Sediment
Sediment

6–30
31–65
20–55
55–70
10–70
71–90
255–295
320+
130–220
250+
0–2
2–16

5.5
5.2
6.9
6.8
6.7
7.1
6.8
6.4
6.9
6.9
n/a
n/a

n/a
n/a
2.59
0.78
0.87
0.34
0.98
0.38
0.23
2.34
n/a
n/a

0.24
0.39
1.50
1.01
2.23
0.75
2.19
2.02
2.23
0.28
9.79
11.21

2F0.1
2F0.1
57F2.3
15F1.4
43F1.1
32F0.9
22F0.4
63F0.7
4F0.7
4F0.6
34F1.5
73F0.5

0.8F0.1
0.3F0.1
1.6F0.1
1.3F0.1
1.7F0.1
1.5F0.1
2.3F0.1
4.3F0.1
3.3F0.1
2.1F0.1
11.3F0.1
3.4F0.2

0.3F0.1
0.4F0.1
1.2F0.2
1.1F0.1
12.1F0.1
4.1F0.1
2.5F0.1
11.1F0.1
0.4F0.1
0.6F0.1
7.2F0.3
2.5F0.2

8.3
3.5
10.5
2.2
n/a
n/a
3.5
n/a
66.9
62.4
n/a
1008

the desorption process. Protocol A experiments
showed a higher arsenic sorption than protocol B.
These may be effects of the different anions Cl and
NO3, even though they are reported to have an
equally small effect on arsenic sorption in soils
(Livesey and Huang, 1981). Also in protocol A
assays, including a drying step at 50 8C before
DOM addition, a smaller fraction of arsenic was
accessible to DOM in the mobilization step (Fig. 3).
Intense hydrothermal treatment (150 8C; autoclave)
reduces sorption capacity of goethite for oxyanions
like phosphate as goethite crystallinity increases
(Strauss et al., 1997). But a mild treatment, like air
drying, is known to increase the sorption of oxyanions
on soil material (Haynes and Swift, 1985). That effect
is attributed to the formation of an increased number

and stronger bonds between arsenic and minerals
surfaces as water is removed. This could explain the
observed reduced mobilization of arsenic after drying
in our experiments. Another effect was a re-immobilization of arsenic when the goethite was treated
according to protocol B without the drying step. This
effect was particularly strong in samples amended
with arsenite (Fig. 3). Diffusive transport to inner
surfaces leading to higher sorption capacities and
stronger binding of oxyanions (Matthess, 1994) may
explain the re-immobilization during desorption
experiments. Also it has been reported previously
that DOM can raise the solid/solute partitioning
coefficient of arsenic in solutions containing kaolinite
(Saada et al., 2003), but such an effect was not yet
observed for iron oxides or soils. The stronger re-

Table 3
Arsenic extraction from the natural samples
Sample

Type

H 1/1
H 1/2
W 1/1
W 1/2
W 2/1
W 2/2
A 1/1
A 1/2
A 2/1
A 2/2
S 1/1
S 1/2

Soil
Soil
Soil
Soil
Soil
Soil
Aquifer
Aquifer
Aquifer
Aquifer
Sediment
Sediment

Astot

As(HCl)

As(H2PO
4)

As(NaNO3)

As(PA-HA)

Net mobilization

(mg/kg)

(%)

(%)

(%)

(%)

(mg/kg)

(%)

197F17
85F10
2122F716
842F90
1394F210
326F58
229F19
40F2
67F14
22F1
44F4
6F4

26.1
109.5
31.4
25.4
8.9
15.2
10.3
34.5
43.3
52.7
1.3
100.1

3
29
5
8
n/a
n/a
n/a
n/a
20
18
n/a
n/a

0.67
1.48
0.07
0.04
0.01
0.02
0.31
1.54
2.18
2.07
0.64
0.00

1.93
4.36
0.13
0.19
0.04
0.14
0.43
2.17
2.47
3.52
0.38
0.00

2.48F0.09
2.46F0.04
1.18F0.07
1.32F0.04
0.51F0.01
0.41F0.02
0.29F0.04
0.25F0.1
0.19F0.12
0.32F0.02
n/a
0.00F0.0

1.26
2.88
0.06
0.16
0.04
0.12
0.13
0.63
0.29
1.45
n/a
0.00
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immobilization of added arsenite (Fig. 3) is potentially
explained by oxidation to arsenate (observed in
goethite suspensions) leading to the subsequent
sorption of formed arsenate. The effects of the
experimental protocols on the exchange behaviour
suggest that the exact laboratory setup is crucial for
sorption experiments of arsenic, especially when
extrapolations on processes in the environment are
attempted.
The results of this study suggest a potential for
DOM to chemically oxidize and reduce arsenic within
short periods of time. In aqueous solution, DOM both
oxidized arsenite and reduced arsenate, albeit only a
small fraction of the total. In contrast to abiotic
chromium reduction with DOM (Gu and Chen, 2003)
the reaction was essentially completed within the first
day. Redman et al. (2002) reported comparable
quantities of arsenite oxidation with a variety of
DOM solutions but observed reduction of arsenate
only for one type of DOM. The observation of both
reduction and oxidation is in contradiction to the
results of our thermodynamic estimates using model
compounds. The thermodynamic calculations suggested arsenate reduction with DOM to be the
energetically favoured process. The redox properties
of the natural DOM are therefore not accurately
described by the model compounds suggesting that
DOM covers a wider spectrum of redox potentials.
The relative amounts of reduction of arsenate to
arsenite were larger using PA-HA than using FIDOM, which could be an effect of its higher
aromaticity as indicated by SUVA280 and Abs465/
Abs665. A further observation was that in goethite
suspensions, arsenite was completely oxidized, while
arsenate speciation did not change. This reaction was
independent of DOM presence and may have been
caused by nitrate or dissolved Fe(III) as oxidants
(McCleskey et al., 2004).
The hypothesis that reduction of solid phase
arsenate by DOM may significantly contribute to the
mobilization of arsenic could not be substantiated by
our experiments. In the H 1/2 samples which
contained only arsenate (Marx, 1993), only small
amounts of dissolved arsenite were found after
incubation. Reduction of solid phase arsenate was
not a relevant process in the goethite experiments and
was only of minor importance in the experiments with
natural samples.
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In conclusion, the results demonstrate that DOM
has the potential to chemically mobilize arsenic from
iron oxides, soils, aquifers and sediments. In goethite
suspensions with pre-sorbed arsenic, dissolved concentrations increased up to 6 times in the presence of
25 mg/L DOM compared to samples without DOM.
In a variety of natural samples, concentrations
increased by a factor of 1.5–3. It also has to be
considered that we used wide solute/solid ratios of 1
g/25 mL solution. Using narrow solute/solid ratios, as
they are found in soils, the mobile arsenic fraction
decreases, but absolute concentrations in solution
increase (Peiffer et al., 2003).
Arsenic release to ground water is a major
concern worldwide. Direct interactions of arsenic
and DOM have not yet received attention to a large
extent. Taking into account only sorption competition reactions, pore waters rich in DOM may
release more than 3 times the amount of arsenic
from some soils than waters poor in DOM. At the
narrow solute/solid ratios of natural environments,
this process has the potential to raise arsenic
concentrations to levels exceeding drinking water
standards.
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Abstract
Organic matter influences arsenic (As) mobility by abiotic reactions, i.e. desorption and redox_
transformation, but also through the stimulation of microbial activity, leading to reductive dissolution
of As binding solid phases. The relative importance of physicochemical As mobilization and the
dependence of microbial processes on concentrations of dissolved organic matter (DOM) was
analyzed in column experiments with As containing, Fe hydroxide coated and microbially inoculated
sand. Variation of DOC concentrations did not change the sequence of redox transformations and
mobilization processes in the column, but only their velocity. Arsenic mobilization increased in the
presence of high organic matter solution and was coupled to the onset of reducing conditions within
the column. This is supported by the almost concurrent appearance of Fe(II) in the mobile phase and
suggests reductive dissolution of Fe phases to be the mechanism of As release. Reducing conditions
and Fe(II) production also induced ferrihydrite transformation, possibly magnetite. When the DOC
inflow concentration was high, Fe hydroxides were rapidly depleted in the column and sulphate
reduction initiated. Arsenic mobility was little affected by the production of H2S, as it was to a large
extent already released from the columns when sulphate reduction began. This prevented an
immobilization of As with precipitation of sulphides. Before the beginning of Fe reduction As
mobility was low, indicating that physicochemical mechanisms, such DOM induced desorption or
colloid formation, were unable to substantially release As into the solute phase. The results suggest
that availability of DOC will lead primarily to microbial Fe reduction and As mobilization in pHcircumneutral aquifer materials rich in freshly precipitated and poorly crystalline Fe hydroxides. Only
after depletion of the Fe hydroxides is a sequestration of As in sulphides likely.
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Introduction
Arsenic has a high acute toxicity but is also known to be mutagenic and cancerogenic, which is
why the WHO drinking water limit for As is only 10 µg L-1 (Mandal and Suzuki, 2002; Smedley and
Kinniburgh, 2002). Numerous groundwater resources worldwide must be classified as contaminated
with As and therefore a lot of research effort has been put into elucidating the processes and
mechanisms leading concentrations of the toxic element. Besides anthropogenic causes for As
pollution, i.e. areas with mining or smelting activities, natural geogenic processes are often responsible
for high As concentrations in groundwater (Mandal and Suzuki, 2002; Smedley and Kinniburgh,
2002). Especially the reductive dissolution of As containing Fe hydroxides is seen as an important
mechanism of As release into the water phase.
Fe minerals, such as goethite or ferrihydrite, are efficient sorbents for As due to their large
positively charged surface area at neutral and acidic pH (Dixit and Hering, 2003). Binding of As to Fe
phases has been observed in terrestrial and wetland soils, and sediments (Bauer and Blodau, 2006;
Gonzalez et al., 2006). The stability of Fe hydroxides, however, is affected by changes in pH or redox
conditions and dissolution of Fe hydroxides takes place under reducing conditions. The occurrence of
this process has been documented for highly As contaminated aquifers of South Asia and was recently
linked to the presence of sedimented peat (McArthur et al., 2004; Meharg et al., 2006). Degradable
organic material in these peat layers is oxidized to CO2 by microorganisms and this leads to decreasing
redox potentials, reduction and dissolution of Fe hydroxides and the release of As.
The overall process of As release into the aqueous phase may involve different reactions,
including As(V) reduction and As desorption. In microbially active batch and column experiments
aqueous As was predominantly in the As(III) form (Herbel and Fendorf, 2006; Kocar et al., 2006;
Sierra-Alvarez et al., 2005). The redox state affects the sorption equilibrium on Fe surfaces. As(III)
was more easily released from Fe phases than As(V) in abiotic column experiments, and the presence
of As reducing bacteria increased the total As mobilization (Herbel and Fendorf, 2006; Kocar et al.,
2006). Even though similar sorption capacities for As(III) and As(V) were observed (Dixit and Hering,
2003), the affinity of uncharged H3AsO3 molecules (pKs1 = 9.2) for ferrihydrite at neutral pH was
apparently lower than that of negatively charged HAsO42- (pKs1 = 2.2). In addition to changes in redox
speciation, also competition for sorption sites between As and aquatic anions, such as phosphate or
organic substances, induces As release from Fe hydroxides (Geelhoed et al., 1998; Grafe et al., 2002).
The As mobility in the presence of Fe reducing bacteria depends mainly on the fate of the present Fe
phases. Arsenic was released from synthetic Fe hydroxide in batch experiments only after Fe(II) had
been released (Islam et al., 2004), which may be due to initial As readsorption on remaining Fe
hydroxide surfaces. Other studies found even stronger binding of As under Fe reducing conditions.
High concentrations of Fe(II) in the water phase induce transformation of ferrihydrite to magnetite or
goethite and concurrent incorporation of As in these phases (Pedersen et al., 2006). Arsenic mobility
in these Fe reducing systems was only observed at the onset of reducing conditions when Fe(II)
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concentrations were still low and after long periods of Fe reduction when the hydroxide phases are
almost completely dissolved (Herbel and Fendorf, 2006; Kocar et al., 2006; Pedersen et al., 2006). The
reductive breakup of Fe phases into smaller mineral entities and their release into the mobile phase as
colloids additionally contribute to the mobility of sorbed As (Ghosh et al., 2006; Tadanier et al.,
2005).
Under reducing conditions As can be immobilized by formation of sulphide minerals and the
adsorption and incorporation of As into these minerals. Precipitation of As sulphides was observed in
experimental column systems, requiring high aqueous H2S concentration (Koeber et al., 2005; O'Day
et al., 2004). Sulphate reduction, however, is an energetically favourable process only when other
electron acceptors, such as nitrate and poorly crystalline manganese and Fe hydroxides, are mostly
depleted. Under such conditions, sulphate reduction can account for a large portion of total anaerobic
respiration. Alternatively, a similar situation may arise when the availability of degradable organic
substrates is high, i.e. when respiration is not limited by the availability of electron donors. Under such
conditions, Fe reducing bacteria may not able to outcompete sulphate reducers for substrates, for
example by lowering hydrogen concentrations to critical levels (Lovley and Goodwin, 1988).
The fate of Fe hydroxide bound As is important in aquifers and surface waters potentially used as
drinking water supply (Smedley and Kinniburgh, 2002), but also in anoxic environments such as
landfills or contaminated sites (Ghosh et al., 2006; Koeber et al., 2005). It is currently unclear how
DOC loads influence the release and sequestration of As by competing terminal electron accepting
processes and the formation and dissolution of Fe minerals. We hypothesize that increasing DOM
concentrations (1) lead to higher rates of anaerobic microbial respiration, (2) increase the release of Fe
and As and (3) lead to conditions under which As immobilization with sulphide minerals occurs. To
this end we carried out column experiments with ferrihydrite coated sand and sorbed As, which
continually recieved percolate containing different concentrations of dissolved organic matter.

Materials and Methods
Column experiments: Setup solid phase, and percolate
Four column experiments (C1 to 4) were run with different input concentrations of dissolved
organic matter (DOM). The column filling consisted of Fe hydroxide coated quartz sand (grain size =
0.6-1.2 mm), which was prepared according to the method of (Grafe et al., 2002). Coated and
uncoated sand was mixed in a ratio of 1 to 5.6 (weight/weight) and 3 kg of the mixture were
suspended in 1 L of a solution containing 0.5 mmol L-1 Na2HAsO4. Arsenic concentration of the
sorption solution was only 0.005 mmol L-1 in experiment 3. After 24 h of As sorption the sand was
rinsed with VE water and resuspended in 1 L of a suspension containing 2 g L-1 peat material. The
peat was derived from the from the minerotrophic Schloeppnerbrunnen peatland in the
Fichtelgebirge/Germany and had previously been shown to contain Fe and sulphate reducing
organisms (Paul et al., 2006). Between 1.7 and 1.8 kg of the wet sand was subsequently filled into
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airtight plexiglass tube (l=25 cm, dia=8 cm) under constant stirring to achieve maximum packing.
Seven sampling ports were installed in intervals of 3 cm along the flow path.
The percolates contained 11 mmol L-1 NaCl, 1 mmol L-1 Na2SO4, and 2 mmol L-1 of MES buffer
(2-(N-Morpholino)-ethanesulfonic acid; Fluka; pKa=6.21). Dissolved natural organic matter was
added to the eluent in different concentrations. The DOC stock solution was prepared from leaf litter
(3.3 kg oak leafes, 40 L deionized water; (Blodau and Knorr, 2006)). After four weeks of incubation at
room temperature the suspension was filtered (0.45 µm, Nylon, Roth) and the extract diluted to reach
final inflow concentrations of 0, 5, 20, and 100 mg L-1 DOC, which were characteristic for the
experiments C1 to C4. The percolate solutions were transferred into a glass bottle, manually adjusted
to pH 6.5 and purged with nitrogen for 1 h. A constant solution flux was provided by an peristaltic
pump (Ismatec) through opaque and oxygen proof polyurethane tubing (Legris). For the duration of
the experiment a low nitrogen overpressure was maintained in the storage bottles. Both columns and
storage bottles were kept at room temperature (~21 °C) and covered in aluminium foil. All parts of the
column setup and devices used for samples or storage were preconditioned in 1 % HNO 3 solution for
24 h and rinsed twice with deionized water.
Sampling intervals of 1.5 h were used at the beginning of the experiment to capture the
breakthrough of the tracer Cl- in the outflow with an autosampler. Later the inflow and outflow
solutions were sampled manually by syringe from the percolate flux and the sampling ports. The
sampling intervals were 1 d for the column outflow, 5-7 d for the inflow, and 7-10 d for the ports. The
sampling solution was immediately acidified with 1 % HNO3, and analyzed for total As, Fe(II),
Fe(III), S(-II), DOC and dissolved inorganic carbon (DIC)CO2 concentration. A stirred flow through
cell was used for pH measurements. The experiments were terminated after between 12-40 pore
volumes.
After the experiments, the column material was removed under argon gas in segments of 2.7-2.9
cm length, which were immediately frozen in liquid nitrogen and freeze dried. Dried subsamples of 1g
mass were sequentially extracted with 1 mol L-1 MgCl2, 1 mol L-1 NaH2PO4 (pH 5) and 1 mol L-1 HCl
to analyze the exchangeable, specifically sorbed and amorph Fe hydroxide bound As (Keon et al.,
2001). Between the extraction steps the samples were rinsed with deionized water. Separate 1 g
subsample were subjected to treatment with 6 mol L-1 HCl (30 min at 60°C, (Regenspurg and Peiffer,
2005)) and the TRIS method (Fossing and Jorgensen, 1989) to extract crystalline Fe hydroxides and
reduced sulfide phases (FeS2, FeS, S°). All extractions were performed in duplicates and extract
solutions were analyzed for concentrations of total As, Fe and S. Column porosity was determined
gravimetrically.

Analytical procedures
The pH measurements were carried out with a WTW SenTix21 pH-electrode. Photometric
measurements were made immediately after sampling. Fe(II) was measured photometrically at 512 nm
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with the phenanthroline method (Tamura et al., 1974). Total Fe was determined with the same method
after reduction of present Fe(III) to Fe(II) with ascorbate and Fe(III) was calculated by difference. H2S
was measured photometrically at 660 nm with the methylenblue method (Cline, 1969). To analyze
solutions by ion chromatography, samples were filtered immediately after sampling (0.2 µm Nylon,
Roth), and diluted 1 to 10. Nitrate, sulfate and chloride were determined with a Metrohm IC system
(Metrosep Anion Dual 3 column, 0.8 mL flow rate, chemical suppression). Dissolved organic carbon
concentrations were determined as non-purgable organic carbon (NPOC) after filtration (0.45 µm
Nylon, Roth) on a Shimadzu TOC Analyzer V CPN. Solute inorganic carbon was measured by
headspace technique in 1.4 ml GC vial on an Agilent 6890 GC with TCD detection (Blodau and
Knorr, 2006) after acidification of 0.5 mL sample to pH<2. Arsenic was measured by graphite furnace
atom absorption spectroscopy (Zeenit 60, Analytik Jena).

Calulations
The breakthrough of the Cl- was approximated by inverse modelling with the CXTFIT software
(Toride et al., 1999). The model is based on convection dispersion equation (Eq. 1) and uses
concentration over time data, column geometry and porosity values to determine mean porewater
velocity and dispersion coefficient. Peclet numbers derived by Eq. 2 characterize the column flow
regime.

t
vP

Pe

*c
JW

vP * x
D

x

*D*

c
x

JW * c

Equation 1

Equation 2

Equation 3

c: concentration [M L-3]; D: Dispersion coefficient [L2 T-1]; Jw:water flux density [L T-1];

water

content [L3 L-3]; t: time [T]; x: length [L]; vP: mean porewater velocity [L T-1]; Pe: Peclet number;

Cumulative amounts of As, Fe, S, DOC and CO2 export were derived from measured
concentrations for a time interval multiplied by the water flux. Lacking concentration data was
substituted by average values from of the previous and the subsequent time step. The mass balance
calculations consider the initial input of Fe and As with the quartz sand, the aqueous inflow and
outflow of Fe, As, H2S and DIC, and the amount of Fe, As and S recovered from the solid phase
material at the end of the experiment. The electron balance was calculated for every column
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considering the redox reactions 1 to 4 and using the cumulative amounts of Fe, S and CO2 in the
outflow. Aquatic Fe was interpreted as Fe2+.

<CH2O> + 2 H2O

→

HCO3- + 4 e- + 5 H+

(Reaction 1)

Fe(OH)3 + e- + 3 H+

→

Fe2+ + 3 H2O

(Reaction 2)

SO42- + 8 e- + 9 H+

→

HS- + 4 H2O

(Reaction 3)

Results
Hydraulic and hydrochemical boundry condition
Chloride breakthrough occured after one pore volume and was similar in all four columns. The Clconcentration over time could be adequately reproduced by inverse CXTFIT modelling. Table 1 shows
the flow rates, dispersion coefficients and Peclet number for the different columns resulting from
model calculations. High Peclet numbers above 10 and low dispersion indicate an advection
dominated system. The residence times in the column were in the range of 1-2 days, such representing
sufficient time for chemical reaction.
In the input solution, the pH was between 6.5 and 6.6 and all column effluents reached this value
during the first pore volumes. For the duration of the experiments 1-3 the pH remained constant. Only
in column 4 a further increase was observed after 25 pore volumes with maximum values of pH 7.3.
Apparently MES concentration was insufficient to buffer the amount of proton consumption by other
processes in the final stage of C4 and stabilize pH.
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Column

Pore water velocity

Dispersivity

Peclet number

Residence Time

cm d-1

cm

C1

15.3

0.022

1128

1.64

C2

13.8

0.136

184

1.80

C3

14.4

0.054

460

1.74

C4

15.4

0.035

713

1.62

D

Fe, S, As and C dynamics in the outflow
Concentrations of Fe, S and As in the column outflow over time are shown in figure 2. The pore
volumes needed to induce Fe export increased in the order C4 (3 PV) < C3 (9 PV) < C2 (20 PV) and
no Fe was found in C1 after 12 PV. Maximum outflow Fe concentrations occurred within 5 pore
volumes after first Fe appearance and decreased in the order C4 (597 µmol L-1) > C3 (447 µmol L-1) >
C2 (37 µmol L-1). The following decline of aqueous Fe in the outflow was faster in C4 than in C3 and
C2. The strong fluctuation in C4 between PV 15 and 20 was due to a 24 h stop in the flow. This
unintended event apparently caused a strong decrease in Fe concentrations at the first subsequent
sampling date and subsequently an increase. Fe export continued until the experiments were stopped
except for C4, where no Fe was determined in the outflow after 30 pore volumes.
No aqueous sulfide was found in the outflow of C1 and C2 and only low concentrations were
found in the two samples taken after 22 and 24 PV from C3 (25 µmol L-1). Much higher
concentrations of up to 700 µmol L-1 occurred in C4 subsequent to PV 24, but after a H2S maximum
(PV 30) concentrations continued to decrease until the end of the experiment. In the same period
sulphate concentrations in the outflow were substantially lower than in the inflow.
Aqueous As concentration in the effluent was low and constant at 1 µmol L-1 throughout the
duration of experiment C1. The experiments C2 and C4 instead showed low initial values, but a strong
increase of As concentrations in the outflow after 4 to 25 pore volumes with peak values of 14 to 25
µmol L-1, which slowly decreased over time and dropped to zero in C4 after 35 pV. C3 initially
contained lower amounts of As and therefore maximum concentrations were only 0.5 µmol L-1 after 6
PV and dropped to zero quickly.
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Fe, S and As dynamics in the sampling ports
Substantial changes in port sample concentrations were only observed for C3 and C4 experiments
(Figure 3). In C4 aqueous Fe increased uniformly in all ports during the first 20 to 22 days (10-12 PV)
and reached concentrations up to 360 µmol L-1. Subsequently concentrations decreased, reaching low
values after day 35 d on the inflow side and after 45 d on the outflow side of the column. Sulfide
concentration in C4 also increased uniformly in all ports after day 25 and had peak values of 150 µmol
L-1 around day 50 (30 PV). The As distribution had two maximum values (day 11 and 35) of which
the second one occurred only at the column effluent. The Fe and S distribution in C3 was similar to C4
but, similar to the outflow data concentrations were lower and peak values were reached later.
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Solid phase content of Fe, S and As
Fe extractable with 1 mol L-1 HCl was equally distributed along the flowpath in C1 and 2,
representing ~95 % of initial Fe (Figure 4). In the other experiments Fe content increased towards the
column effluent and only 61 % in C3 respectively 37 % in C4 of initially added Fe were recovered. An
amount of 0.07 and 0.41 mmol S were present in C3, respectively, C4 at the end of the experiment and
TRIS was the main form of S present. The maximum content in C3 was in the first column half, while
in C4 highest concentrations were in the central part of the column.
The amount of exchangeable As was about 7 µmol in the column material of C1 and C2, and 2.5
µmol in C4. Specifically sorbed As was only found in C1 with 23 µmol. Most As was released
together with Fe in the 1 mol L-1 HCl extract. The As content of this fraction at the end of the
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experiments was 68 µmol C1, 107 µmol in C2, and 8 µmol in C4. While As contents in C1 and C2
were similar and uniformly distributed, the sand in C4 was almost depleted of As.
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Mass and electron balances
The input and output of Fe, S, As and C in the solid and the aqueous phase is summarized for all
columns in Table 2. The mass balances for all species strongly depended on the inflow DOC
concentration. Higher DOC input resulted in an increased aqueous phase export of Fe, As, H2S and
CO2 from the column. For the species Fe and As initially added with the quartz sand this lead to lower
content in the solid phase at the end of the experiments. The increase in H2S and CO2 outflow instead
must be due to production from SO42- and DOC within the column.

Table 19

Mass balance of Fe, As H2S and CO2 and electron balance in the columns C1 to C4.

Fe

As

H2S

CO2

Fe

As

H2S

CO2

Fe

As

H2S

CO2

Fe

As

H2S

CO2

mmol

µmol

mmol

mmol

mmol

µmol

mmol

mmol

mmol

µmol

mmol

mmol

mmol

µmol

mmol

mmol

Column

C1

C2

Solid (initial)

8.21

96.07

0.00

nd

8.75

115.31

0.00

0.00

8.85

1.84

0.00

0.00

6.86

92.71

0.00

0.00

Solute inflow

0.00

0.00

0.00

nd

0.00

0.00

0.00

1.61

0.00

0.00

0.00

1.93

0.00

0.00

0.00

12.16

Solute outflow

0.00

4.97

0.00

nd

0.08

43.91

0.00

2.21

2.30

0.06

0.01

2.80

3.09

92.76

1.68

15.38

Solid (final)

7.89

102.00

0.00

nd

8.28

114.00

0.00

nd

5.46

0.39

0.07

nd

2.55

14.90

0.41

nd

Mass balance

0.32

-10.90

0.00

0.39

-42.61

0.00

-0.60

1.10

1.39

-0.08

-0.88

1.22

-14.95

-2.09

-3.22

Electron balance

0.00

0.00

-2.41

2.30

0.63

-3.50

3.09

16.73

-12.88

0.00

0.00

0.08

C3
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C4

Dissolved organic matter (DOM) input can increase Fe and As mobility in aquifers by inducing
anaerobic conditions required for microbial Fe reduction (McArthur et al., 2004). We expected that the
rate of Fe and As release would depend on the DOM concentration provided with the inflow, i.e. the
DOM load. Furthermore we hypothesized that a high DOM load, i.e. a limitation of bacterial Fe
reduction by the availability of ferric Fe rather than electron donors would initiate sulphate reduction
and immobilize As in the column by precipitation of sulphide minerals and incorporation or sorption
of As. Physicochemical effects of DOM, i.e. As desorption or reduction, have been documented in
chemical laboratory batch systems but their importance in presence of microorganisms is yet unclear.
As the hydrodynamic conditions and the pH were similar in all four columns, differences in As
concentrations and efflux can be attributed to the concentration of DOC in the inflow solution.

Influence of DOC concentration on C turnover and microbial activity
The production of ferrous Fe and sulfide requires reducing conditions in column 2-4, which were
induced by microbial activity. The inoculated, peat derived bacteria oxidized degradable organic
molecules in the leaf litter extract to CO2 within the column as can be seen from the carbon mass
balance between inflow and outflow (-0.6 to -3.2 mmol) in Table 2. The CO2 surplus increased with
rising DOC inflow concentration, indicating longer experimental duration but also higher microbial
CO2 production for higher substrate availability. The exact chemical composition of the leaf litter
extract was not determined, but a high concentration of easily degradable fatty acids, i.e. acetate,
propionate and butyrate, can be inferred from preliminary experiments (D. Burkhart, personal
communication). Various species of microorganisms are capable to respire these compounds to
produce energy while inducing the reduction of As, Fe and S (Heimann et al., 2007).
High DOC input apparently increased the microbial activity and the rate of reduction processes.
The results of the carbon budget should be treated qualitatively. It is unclear which carbon components
were preferentially used and there was a large discrepancy between DOC loss and CO2 production on
a carbon basis. The processes not covered by the applied analytical methods include organic matter
sorption in the column (Grafe et al., 2002) or formation of C containing minerals such as siderite
(Lovley et al., 1998).

Influence of DOC concentration on Fe(II) and S(-II) formation
An increase in DOC inflow concentration also increased the maximum concentrations of Fe(II)
and S(-II) in the outflow and the total quantities exported. The Fe(III) and S(IV) reduction during
bacterial organic matter oxidation to CO2 increased with the availability of organic substrates.
Reduction of the amorphous Fe hydroxides under these conditions provided a higher energy yield than
sulphate reduction, explaining the earlier increase in aqueous Fe(II) compared to H2S. Providing
higher DOC substrate concentrations also reduced the time until Fe(II) and S(-II) first appeared in
outflow and sampling ports, indicating a adjustment of reducing conditions. The concentration
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increase took place at the same time in all sampling ports along the flow path and no distinct redox
zonation was visible in the column port concentration. The decrease of Fe concentrations, however,
clearly occurred first at the inflow side of the columns, which were also depleted of iron hydroxides at
the end of the experiment. A uniform increase of Fe(II) and S(-II) concentrations in all ports possibly
was due to the high advection rates, concealing the occurrence of zones with strong Fe or S reduction
for instance at the inflow side of the column.
In batch and column experiments with purified bacterial strains and low molecular fatty acids as
substrate the increase of aqueous Fe(II) reached maximum within 5-10 d (Herbel and Fendorf, 2006;
Islam et al., 2004; Kocar et al., 2006; Tadanier et al., 2005). Only at high DOC concentration in
column C4 Fe was more quickly released, possibly due to longer adaption times for microbial
communities and the higher complexity of the organic substrate in our experiments. The weakly
crystalline ferrihydrite used in our experiments represents an easily reducible Fe phase (Koatka and
Nealson, 1995; Roden and Zachara, 1996).

Influence of DOC concentrations on As mobilization
At the beginning all As was sorbed to the Fe hydroxide coated quartz sand as As(V) and As
mobility was low in the first phase of all column experiments, which is characterized by absence of
aqueous Fe, S and As in the outflow. Redox conditions in this phase were still too high for substantial
Fe or sulphate reduction. A transfer of As from the solid to the liquid phase, i.e. due to desorption or
reduction by DOM, was not observed and apparently of little importance in these microbial systems
(Bauer and Blodau, 2006; Grafe et al., 2002; Tongesayi and Smart, 2006). C1 within the time of
operation did not proceed beyond phase 1 and As was always mobile in low concentrations. Our
results regarding this column also contrast findings of (Herbel and Fendorf, 2006), who found a much
stronger As release in absence of microorganisms. We attribute this observation to the much more
complex and high ionic strength solution, they used as carrier solution.
Chemical conditions in the second phase of the column experiments were characterized by Fe
reducing conditions. The increase in aqueous Fe(II) concentrations in outflow and ports must be
caused by reduction and dissolution of the ferrihydrite solid phases within the column. Export of Fe(II)
from the column was supported by a decreased solid phase Fe content, particularly in C3 and C4.
Concurrently with the beginning of Fe(II) export the colour of Fe mineral in the column changed from
red-brown to grey-black. Transformation of ferrihydrite (Fe(OH)3) to magnetite (Fe3O4) occurs under
high Fe(II) concentrations and might explain this colour change (Pedersen et al., 2006). One of three
Fe atoms in magnetite is in the reduced Fe(II) form, so the substantial Fe(II) content (25 % of total Fe)
in the 1 mol L-1 HCl solid phase extracts of C3 and C4 supports magnetite formation within the
column. We can unfortunately not exclude the formation of other Fe(II) containing minerals, i.e.
siderite.
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Dissolved As concentrations increased directly before Fe(II) in the outflow after 20 PV in C2, 7
PV in C3 and 4 PV in C4. This pattern was also observed in previous studies (Herbel and Fendorf,
2006; Kocar et al., 2006) and suggests that the onset of reductive processes and the dissolution of the
sorbing Fe phase was responsible for As mobilization. Even though As speciation was not determined,
the predominance of As(III) in the aqueous phase can be inferred from previous studies (Herbel and
Fendorf, 2006; Kocar et al., 2006; Sierra-Alvarez et al., 2005). Therefore As mobilization may have
resulted from easier desorption after reduction and from release because of dissolution of the sorbent
Fe hydroxides. In C2 As and Fe(II) were released in low concentrations compared to C3 and C4 and at
an almost constant rate. No mineral colour change was observed there. In contrast, aqueous As in C3
and C4 declined after an initial high concentration pulse. This might suggest that after initially high As
release, immobilization or incorporation of mobile As occured during transformation of ferrihydrite to
magnetite in C3 and C4 and that this process did not take place in C2 (Herbel and Fendorf, 2006;
Kocar et al., 2006).
A second colour change from grey-black to the white of the quartz sand started in C3 and C4
towards the end of the experiments concurrently with appearance of high aqueous H2S concentration.
Fe(II) and As concentration in the outflow instead decreased and eventually dropped to zero. We
attribute this to the low availability of reducible Fe solid phases within the column, leading
microorganisms to use sulphate as electron acceptor during organic matter oxidation.
Our data set does not provide information on the mineral phases present and the dissolution,
precipitation or transformation reactions occurring in C4 in the final stage of the experiment. In the
ports of C4 Fe(II) and S(-II) was present at the same time and even though H2S was exported, solid
phase Fe was still present near the outflow of the column. Both microbial reduction (Koatka and
Nealson, 1995) or chemical Fe reduction by produced H2S (Poulton et al., 2004) may therefore have
been involved in the depletion of solid phase Fe. Fe was more and more depleted from the column, but
most of the remaining Fe was in the ferric form. This suggests the presence of ferrihydrite residues or
magnetite and excludes a high importance of reduced Fe phase, i.e. siderite or sulphide. Nonetheless
substantial amounts of sulphide were immobilized mainly in the central part of the column.
The export of As from C4 dropped to zero some pore volumes after Fe(II), when more than 90 %
of As was already removed from the column under the Fe reducing conditions. The small remaining
solid phase fraction was equally distributed in the column and apparently not associated with Fe or S
phases. This does not exclude As incorporation in sulphide minerals (O'Day et al., 2004).

Conclusions
Our experiments corroborate earlier studies about the reductive mobilization of As from Fe phases
in column experiments. Raising DOM input concentration did not change the sequence of redox
processes, but increased the release of DIC, As, Fe(II), and S(-II). Arsenic export was coupled to
reductive Fe hydroxide dissolution and Fe hydroxide transformation processes. Sulphate reduction was
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observed only when Fe hydroxides were almost depleted in the column and most Fe and As had
already been exported. Our hypothesis that raising the DOM load would lead to concurrent reduction
of Fe hydroxides and sulphate, and in turn to a partial immobilization of released As with sulphides
could not be confirmed. We cannot say to what extent such results can be extrapolated to aquifer
materials, but possibly the high reactivity of the freshly precipitated Fe hydroxides played a role for
the predominance of Fe reduction. Low amounts of As remained in the column in unidentified form
and a preferential association with remaining Fe phases or formed sulphide minerals could not be
observed. This is most likely due to the temporal decoupling of As mobilization and sulphate
reduction, preventing As(III) and S(-II) concentrations to increase concurrently. Physicochemical As
mobilization by sorption competition between DOM and As or chemical reduction with organic matter
was not observed. Given the low initial As concentrations in the outflow, a release of substantial
quantities of DOM stabilized Fe colloids also seems unlikely. We do not exclude the occurrence of
these processes in the studied column experiments, but their importance for overall As mobilization
was low compared to the effects of microbial Fe reduction.
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Abstract
Wetlands are signiﬁcant sources and sinks for arsenic (As), yet the geochemical conditions and processes causing a release
of dissolved arsenic and its association with the solid phase of wetland soils are poorly known. Here we present experiments in
which arsenic speciation was determined in peatland mesocosms in high spatiotemporal resolution over 10 months. The experiment included a drought/rewetting treatment, a permanently wet, and a defoliated treatment. Soil water content was determined by the TDR technique, and arsenic, iron and sulfate turnover from mass balancing stocks and ﬂuxes in the peat, and
solid phase contents by sequential extractions. Arsenic content ranged from 5 to 25 mg kg1 and dissolved concentrations
from 10 to 300 lg L1, mainly in form of As(III), and secondarily of As(V) and dimethylated arsenic (DMA). Total arsenic
was mainly associated with amorphous iron hydroxides (R2 > 0.95, a < 0.01) and deeper into the peat with an unidentiﬁed
residual fraction. Arsenic release was linked to ferrous iron release and primarily occurred in the intensely rooted uppermost
soil. Volumetric air contents of 2–13 % during drought eliminated DMA from the porewater and suppressed its release after
rewetting for >30 d. Dissolved As(III) was oxidized and immobilized as As(V) at rates of up to 0.015 mmol m3 d1. Rewetting mobilized As(III) at rates of up to 0.018 mmol m3 d1 within days. Concurrently, Fe(II) was released at depth integrated rates of up 20 mmol m3 d1. The redox half systems of arsenic, iron, and sulfur were in persistent disequilibrium, with
H2S being a thermodynamically viable reductant for As(V) to As(III). The study suggests that rewetting can lead to a rapid
release of arsenic in iron-rich peatlands and that methylation is of lesser importance than co-release with iron reduction, which
was largely driven by root activity.
Ó 2008 Published by Elsevier Ltd.

1. INTRODUCTION
Arsenic (As) is a ubiquitous trace metalloid in sedimentary formations and ground waters and concentrations often exceed recommended drinking water standards
(Smedley and Kinniburgh, 2002). The best known example
in this respect are elevated arsenic concentration levels in
aquifers of Bangladesh, where a population of about 57
million is threatened by consumption of high arsenic
ground waters (BGS and DPHE, 2001). The mechanisms
and geochemical conditions by which arsenic is mobilized
in the subsurface are thus of great interest and have become
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increasingly a focus of geochemical research over the past
years. Previous work documented that redox conditions,
physicochemical surface processes, and microbial mediation are important regulators of arsenic dynamics (Masscheleyn et al., 1991; Bissen and Frimmel, 2003). Arsenic
occurs mainly as inorganic arsenate, here referred to as
As(V), under oxic conditions. It can be chemically and
microbially reduced to arsenite, here referred to as As(III),
when oxygen is depleted (Smedley and Kinniburgh, 2002).
Most recently, thio-derivatives of arsenic oxyanions have
been identiﬁed as a further, important group of arsenic species in sulﬁdic waters (Wallschäger and London, 2008).
Methylation of inorganic species is also carried out by aerobic and anaerobic microorganisms, which produce
monomethylarsonic acid (MMA), dimethylarsinic acid
(DMA) and trimethylarsine oxide (TMAO); and further

0016-7037/$ - see front matter Ó 2008 Published by Elsevier Ltd.
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organic species of biogenic origin have been found (Cullen
and Reimer, 1989). Both the toxicity and mobility of arsenic depends on its speciation. Generally inorganic species
are more toxic and less mobile than the organic forms
(Mandal and Suzuki, 2002). Among the inorganic species,
As(III) and As(V) diﬀer in their toxicity and adsorption
characeristics depending on pH and competitors for sorption sites (Dixit and Hering, 2003).
Peat soils have often been used to trace atmospheric arsenic pollution (Shotyk, 1996) but relatively rarely been
investigated with respect to arsenic biogeochemistry,
although it has become evident that organic-rich soils are
often highly enriched with arsenic and that pore water concentrations in these systems can be very high (Gonzalez et
al., 2006). In particular, little is yet known about the mechanisms causing a phase transfer of arsenic from dissolved to
solid state in organic-rich soils and the geochemical conditions and time scales involved. In less organic-rich aquifers,
arsenic dynamics have been linked primarily to the redox
processes of iron and sulfur. Arsenic may for example be
mobilized in oxidized form through oxidation of arsenicbearing pyrites (Zheng et al., 2004) and immobilized
through formation of arsenic-sulﬁde minerals and adsorption to pyrite surfaces (Bostick and Fendorf, 2003). In absence of oxygen, arsenic was generally found to be
released when ferric iron hydroxides are reduced, and this
has been also speculated to be the case at minerotrophic
wetland sites (Huang and Matzner, 2006). The mobility of
arsenic is also inﬂuenced by sorption on iron, aluminum,
and manganese hydroxides (Anderson et al., 1976; Dixit
and Hering, 2003) and clay minerals (Manning and Goldberg, 1996). Of importance for the distribution of arsenic
between dissolved and solid phase associated state are further the competition of arsenic with phosphate and dissolved organic matter (DOM) for sorption sites (Bauer
and Blodau, 2006) and the binding of arsenic to organic
matter, which may proceed through both covalent binding
and metal bridges (Redman et al., 2002; Buschmann et al.,
2006).
Most aquifer systems and wetlands diﬀer in their biogeochemistry in important aspects, which makes extrapolation
of arsenic dynamics from one to the other geochemical
environment problematic. The high content of organic matter of organic soils can result in more abundant organic
binding of arsenic, which may also be the direct or indirect
cause for the observed accumulation of arsenic in wetlands
(Gonzalez et al., 2006). Little is, however, known about the
strength and stability of organic arsenic binding under
changing geochemical conditions. The soils are also often
intensely rooted, which leads to the development of structured microenvironments of greatly diﬀering redox conditions and distribution of potential adsorption surfaces
(Blute et al., 2004), and entails the release of easily decomposable substrates for respiration, e.g. by bacterial iron and
sulfate reduction. Furthermore, most wetlands frequently
undergo strong changes in redox conditions due to water
table ﬂuctuations, which typically occur during summer
droughts. Such dynamics may in the future become more
pronounced, as temperate and northern regions have been
predicted to undergo wetter winters, and drier periods
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and stronger rainstorms in summer (IPCC, 2001). A number of studies have already addressed the eﬀects of drying
and rewetting on arsenic mobility in soil samples and laboratory systems (McGeehan, 1994; Reynolds et al., 1999), or
in the solid phase of agricultural and mine drainage contaminated ﬁeld sites (La Force et al., 2000; Fox and Doner,
2003). In contrast, the in situ dynamics of geogenic or airborne arsenic in intact peat soils during drought and rewetting, and the way arsenic dynamics is linked to anaerobic
respiration and other redox processes is not well
documented.
To improve our insight into the dynamics of arsenic in
natural wetlands we conducted a mesocosm study with
undisturbed soils of a northern fen, in which all boundary
conditions could be controlled. Arsenic, iron, and sulfate
turnover in the peat were quantiﬁed in high temporal and
spatial resolution by mass balance. The impact of the vegetation was analyzed by comparing a defoliated to an intact
mesocosm, and the eﬀect of drying and rewetting by comparison to a mesocosm kept with high water level. Our speciﬁc objectives were (I) to identify the spatial distribution,
speciation, and binding of arsenic in the peat, (II) to elucidate the short-term temporal dynamics of pore water arsenic concentrations and its coupling to other redox
processes, and (III) to identify the potential importance of
the vegetation for arsenic dynamics.
2. MATERIAL AND METHODS
2.1. Experimental setup and instrumentation
The minerotrophic Schlöppnerbrunnen II peatland is
part of the Lehstenbach watershed (4.2 km2), situated at
an elevation of 700–880 m (50°080 3800 N, 11°510 4100 E, Fichtelgebirge, Germany). The average annual air temperature
is 5 °C, and mean annual precipitation varies between 900
and 1160 mm with a maximum both in summer and winter
(Huang and Matzner, 2006). The organic soils reach a
depth of 40–70 cm, were classiﬁed as Fibric Histosol, and
are spatially quite heterogeneous in elemental contents
and vegetation patterns on the scale of meters. The vegetation is dominated by graminoid species with only few
mosses. The mean in situ water level at the site is
13 ± 19 cm below surface, but may drop down to below
70 cm depth during summer. Especially close to the peatland surface, iron and sulfur contents in the peat may reach
as much as >16 and >4 mg kg1, respectively (Paul et al.,
2006). Three intact peat monoliths (60 cm diameter, 60 cm
depth, ‘mesocosms’) were collected in September 2005 and
incubated in a 15 °C climate chamber for 10 months
(60% RH, 12 h light/dark cycles, 660 lmol s1 photosynthetic photon ﬂux). To this end a waste water tube with a
wall strength of 2 cm and PVC lining was manually driven
into the soil and dug out on all sides. The mesocosm was
then tilted, which disconnected the mineral material beneath from the peat core, and a PVC bottom mounted
and ﬁxed with screws. A cap was also mounted on top to
protect the vegetation. The mesocosm were rolled out of
the pit on a wooden plank and transported to the laboratory. The water table position at time of sampling was at
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about 30 cm below surface. Two mesocosms contained
Agrostis sp. (bentgrass), Nardus stricta (mat-grass), Molinia
caerulea (purple moor grass), Sphagnum fallax (ﬂat topped
bog moss), Brachythecium rivulare (river feather moss),
Atrichum undulatum (common smoothcap) and Galium hercynicum (bedstraw). One of these, which was the only containing Carex rostrata (beaked sedge), was kept
permanently wet (‘Wet-Vegetation’ or ‘W-V’), and the
other (‘Drying/Wetting–vegetation’ or ‘DW-V’) and a defoliated (‘Drying/Rewetting–defoliated’ or ‘DW-D’) were
dried and rewetted. The vegetation had been eliminated
by inhibiting vegetation growth after the winter of 2005
by covering the plot with a plastic sheet. The von Post index
of peat decomposition ( Stanek and Silc, 1977) increased
from 3 on a scale of 1–10 at depths of 0–10 cm to 7–9 at
a depth of 25–60 cm.
After 40 days (ﬁrst ‘dry period’ or ‘equilibration period’)
the water table was raised from about 30 to 10 cm below
surface by irrigation with 30 (DW-V, DW-D) and 40 mm
(W-V) in two days. The water table was then kept constant
at 11.9 ± 1.3 cm (DW-V) or 9.9 ± 0.9 cm (DW-D) for 70
days (‘wet period’), by irrigating up to 7 mm d1. Treatments DW-V and DW-D were subsequently dried out by
reducing irrigation to 0 (DW-D) and 1 mm d1 (DW-V)
(second ‘dry period’) to a water table of 55 cm within 50
days. The mesocosms were then rewetted (‘rewetted period’) by irrigation with 54 (DW-V) and 53 mm (DW-D)
within 2 (DW-V) and 5 (DW-D) days. During the rewetted
period, the mean water table was held at 12.7 ± 1.8 (DW-V)
and 9.8 ± 1.8 cm (DW-D). Time series of water table levels
and volumes of irrigate applied are given in the Electronic
annex (Fig. 1S). The irrigate was mixed according to precipitation chemistry at the site and contained Na+
(5 lmol L1), Ca2+ (6 lmol L1), SO4 2 (10 lmol L1),
Cl (12 lmol L1), NH4 þ and NO3  (40 lmol L1). The
solution was equilibrated with atmospheric CO2, yielding
a DIC concentration of 15 lmol L1 and adjusted to a
pH of 4.82 mixing SO4 2 and H2SO4 for the concentration
adjustment.
2.2. Sampling and analytical procedures
Volumetric gas content was derived using calibrated
TDR probes at 10, 20, 30, and 40 cm depth (IMKO, Germany). All sensors had a comparable slope in the signal response of 0.22 ± 0.04 units per % volumetric water content,
and we used relative changes in TDR measurements and
the total porosity to calculate the gas content. Water tables
were monitored in two piezometers per mesocosm, which
were driven into the peat after pre-drilling and either
screened from 15 to 25 cm or from 40 to 50 cm. Total
porosity was measured by oven drying of 100 cm3 samples.
Soil solution was sampled from RhizonÒ samplers at
depths of 5, 10, 15, 20, 30, 40, and 50 cm depth (microporous polymer, <0.2 lm pore size, ﬁbre glass support,
10 cm sampling length). The pH and concentrations of
H2S were determined immediately on sub-samples of extracted pore water using a glass electrode, and an amperometric micro-sensor (AMT) before day 145 of the
experiment, respectively. Subsequently, H2S was measured
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at 665 nm using the methylene blue method (Cline, 1969).
Dissolved Fe2+ and Fetot were determined immediately as
well using the phenanthroline method (Tamura et al.,
1974). Nitrate and sulfate was measured in ﬁltered samples
(0.2 lM, nylon syringe micro ﬁlter) by ion chromatography
(Metrohm IC system, Metrosep Anion Dual 3 separation
column at 0.8 mL min 1 ﬂow rate, conductivity detection
after chemical suppression). NH4 was measured photometrically according to the method of Searle (1984). Concentrations of arsenic species As(III), As(V), DMA, and
MMA were analyzed by High Performance Liquid Chromatography/Inductively Coupled Plasma Mass Spectrometry (HPLC-ICP/MS) according to Francesconi et al. (2002).
Samples were ﬁltered to 0.2 lM and were analyzed within
two days, so that further stabilization was not necessary
(McCleskey et al., 2004). The limit of detection (LOD)
was 0.02 lg L1. Total dissolved arsenic was quantiﬁed
using Graphite Furnace Atomic Absorption Spectroscopy
(Gf-AAS, Zeenit 60, Analytik Jena) following ﬁltration by
0.45 lm and acidiﬁcation with 1 vol % HNO3. LOD was
1.4 lg L1. Concentrations below LOD were set to 0 in
calculations.
To analyze the solid phase peat we obtained subcores of
3 cm diameter at the beginning of the experiment. The
resulting voids were ﬁlled with prepared PVC tubes of the
same diameter. Total arsenic in the peat was analyzed in
0.2 g of dried and ground sample in three analytical replicates following digestion using 9 mL of HNO3 (65%) and
0.3 mL HCl (32 %) in a microwave digester (Berghof Speedwave). The digest was ﬁlled up to 100 mL and ﬁltered to
0.45 lm. Arsenic bound to reactive and total iron hydroxides was analyzed in duplicates subsequent to a sequential
extraction. For the determination of operationally deﬁned
reactive iron, we extracted 0.3 g sample with 1 N HCl
(30 mL) on a shaker for 24 h. This procedure dissolves
amorphous and poorly crystalline iron hydroxides, acid
volatile sulfur, siderite, vivianite and partly iron bound to
chlorite minerals (Wallmann et al., 1993). Subsequently
we extracted the residue with 6 N HCL (30 mL) at 70 °C
for 30 min, which dissolves goethite and other well crystalline iron hydroxides (Cornell and Schwertmann, 1996). A
precipitation of orpiment As2S3 in presence of As(III),
H2S, and acidic conditions has been reported (Smieja and
Wilkin, 2003), which may lead to an underestimate of total
arsenic concentrations in such solutions. Due to the oxic
conditions during extraction, which lead to rapid oxidation
of H2S, we believe that a signiﬁcant precipitation of orpiment was unlikely. The samples were centrifuged following
extraction at 9800 rpm for 20 min, decanted, and the solution stored at 4 °C. Concentrations of the elements Al, Ca,
Fe, K, Mn, and Al were quantiﬁed in the extracts on an
ICP-AES following internal calibration accounting for matrix eﬀects. The content of total inorganic reduced sulfur
compounds (TRIS: FeS2, FeS, S°) was determined using
the method of (Fossing and Jorgensen, 1989). Frozen peat
samples were freeze dried and 2 g of the material boiled
with HCl (c = 5 mol L1) and CrCl2 (c = 0.15 mol L1) under a constant nitrogen stream. The H2S released into the
nitrogen stream was trapped in 50 mL of NaOH
(c = 0.15 mol L1) solution. The sulﬁde was precipitated

- 162 -

3994

C. Blodau et al. / Geochimica et Cosmochimica Acta 72 (2008) 3991–4007

by addition of zinc acetate and determined photometrically
as described above.
To characterize the depth distribution of root activity,
we applied a 13C–CO2 pulse label for 1 h, ﬁlling a transparent chamber, which was tightly installed on the mesocosms,
with a 63% 13C–CO2 atmosphere of 900 ppm total CO2,
and traced the label in soil CO2. We extracted CO2 from
pore water and air using nitrogen-ﬁlled silicon tubes of a
diameter of 10 mm, which were horizontally installed at
the same depth as rhizon porewater samplers. Equilibration
time of the samplers was approx. 6 h. A volume of 2 ml was
extracted and thereafter replaced by nitrogen. The isotopic
signature of the soil CO2 was measured using a Trace GC
2000 gas chromatograph connected via Combustion III
interface to a DELTAplus isotope ratio mass spectrometer
(Thermo Finnigan MAT, Bremen, Germany).
2.3. Calculations, statistics, and visualization of data
The mesocosms represent a system that is closed at the
bottom and, with the exception of the unsaturated zone,
transport thus proceeded by diﬀusion. Net turnover of ferrous iron and arsenic in the peat could thus be calculated by
mass balance from Eq. (1) for individual depth layers:
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of formation according to Eq. (3), with thermodynamic
data taken from Pankow (1991) for iron and sulfur and Sergeyeva and Khodakovskiy (1969) for arsenic. For the estimate we used concentrations, as the ionic strength of
solution was low (103).
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Statistical correlations between parameters, such as between solid phase contents of arsenic and metals, were calculated using the non-parametric Spearman method using
SPSS (release 10) because not all data were normally distributed even after log-transformation, and tested for their
signiﬁcance. Time series of dissolved concentrations were
visualized using SURFER (release 8) using natural neighbor interpolation, which is particular suited for anisotropic
data (Sibson, 1981). This was the case as data varied more
strongly with depth than with time. An anisotropy factor of
1.5 was implemented, which causes a stronger interpolation
along the time axis. Arsenic concentrations are reported in
units of lg L1, as this notation is more commonly used
than the chemically more meaningful unit of lmol L1.
3. RESULTS
3.1. Solid phase contents of arsenic, metals, and sulfur

diﬀusion coeﬃcient in water (cm2 d1)
porosity ()
concentration (nmol cm3)
mean of ct(i1) and ct(i+1) in a depth increment
boundary between depth layers (cm)
sampling depth (cm)
time (d)
time between sampling t(i  1) and t(i + 1)

Rt(i) represents the sum of changes in dissolved storage
DS within a depth layer in a time period t(i ± 1), and the
mean diﬀusive ﬂux DJ at time t(i), which is calculated from
the mean concentration gradients in period t(i ± 1). The
diﬀusion
coeﬃcient
of
arsenic
(HASO2 2 )
6
2 1
6
(7.18  10 cm d ) and of Fe(II) (5.42  10 cm2 d1)
were calculated for water and 15 °C using a linear temperature correction according to (Lerman, 1979) and corrected
for porosity u using D = D0u2. The diﬀusive ﬂux at the
upper and lower boundary of upper- and lowermost depth
layers 1 and 7 was set to 0. To reduce noise, DS was calculated using the ﬂoating mean of concentrations of the two
preceding and following sampling dates. For the calculation
of total turnover in the peat, the turnover in individual
depth layers were integrated over depth. R > 0 was deﬁned
as release into the dissolved phase.
The thermodynamics of potential elemental transformations in the peat was analyzed by calculating redox potentials for the individual half redox couples Fe(OH)3/Fe2+,
SO4 2 =HS , and As(V)/As(III), standardized to the standard hydrogen electrode, and using the Nernst equation
(Eq. (2)) (Stumm and Morgan, 1996). Standard redox
potentials were calculated from standard Gibbs free energy
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Contents of total arsenic were similar in the mesocosms,
peaked at 18 to 25 mg kg1, and remained >5 mg kg1
down to a depth of 60 cm. Standardized to dry mass, contents were highest near the soil surface, at a depth of 7.5 cm
in all mesocosms. In the uppermost peat of the W-V and
DW-V treatment, most of the arsenic could be extracted
by application of 1N HCl (Fig. 1). In treatment W-V this
fraction decreased from 25 mg kg1 (90 %) to <5 mg kg1
(30%) with depth, whereas the residual fraction, consisting
of the diﬀerence between total arsenic and HCl extractable
arsenic, gained in relative importance up to >60% of the total arsenic. Arsenic contained in the 6N HCl extract
amounted to 5–20% and peaked at a depth of 7.5 cm. A
very similar depth pattern was found in the DW-V treatment. Most of the iron, whose concentrations ranged from
4 to 10 g kg1 and also peaked near the surface on a per
mass basis, could be extracted by 1 N HCl (Fig. 1). Contents of 6 N HCl extractable iron were similar to the residual iron in the peat of the permanently wet treatment W-V
(0.5–2 mg kg1) and became relatively less important only
in the deeper peat of the DW-V treatment. Acid extractable
aluminum contents were in a similar concentration range as
iron contents in treatment W-V and DW-V (Table 1). Mn
could only be detected in the uppermost peat of the DWV treatment with contents of <0.2 mg kg1. Contents of
analyzed metals are summarized in the Electronic annex.
Total reduced inorganic sulfur (TRIS) was present at all
depths in substantial contents of 50–135 mg kg1, even in
the near surface peat, which had not been water saturated
at the time of sampling in fall 2005 (Table 1). TRIS had
thus been formed, or not fully been reoxidized during the
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Fig. 1. Depth proﬁles of arsenic and iron contents in the acid dissolvable fractions and the residual fraction (residual = total content–acid
dissolvable fractions) in the permanently wet treatment (W-V), the dried and wetted vegetation treatment (DW-V) and the dried and wetted
defoliated treatment (DW-D).

summer of 2005. Contents were largest at intermediate
depths in W-V and DW-V, and near the surface in DW-D.
3.2. Correlation between solid phase contents
Statistical relationships between arsenic and contents of
other metals than iron were not fully consistent, but iron
and arsenic contents signiﬁcantly correlated in the 6N
HCl extracts in the W-V and DW-V treatment and in the
1N HCl extracts in the DW-V treatment (Table 2). Dissolution of reactive and crystalline ferric iron hydroxides by

HCl thus resulted in a similar release of arsenic into solution, conﬁrming the association of arsenic with ferric iron
hydroxides in the peat. In the remaining residual fraction,
arsenic and Fe were not signiﬁcantly correlated. Total arsenic also signiﬁcantly correlated with total iron and the
iron in HCl extracts (R2 > 0.93, a < 0.01) of the DW-V,
but not the W-V treatment. In the DW-D treatment we
did not carry out the sequential extraction due to time constraints but total arsenic and iron were also signiﬁcantly
correlated (R2 > 0.76, a < 0.05). In the W-V treatment, ferric iron hydroxides were thus likely overall less important as
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Table 1
Total contents of iron in the peat of aluminum in the acid extractions (g kg1) and in total reduced inorganic sulfur (TRIS) (mg kg1)
Depth (cm)

Fe

Control (C)
a

0–5
5–10
10–15
15–20
20–30
30–40
40–50
50–60
a
b

15.05
12.16
7.98
6.12
7.79
5.88
7.44
7.62

With vegetation (V)
a

Without vegetation (NV)

Al

TRIS

Fe

Al

TRIS

Fe

Alb

TRIS

5.36
7.86
7.68
9.25
9.94
8.53
9.61
9.30

88.88
54.09
49.28
130.99
135.09
71.01
97.51
79.55

2.83
10.74
8.13
5.63
5.33
5.13
4.32
4.65

0.36
9.57
8.61
10.94
9.65
9.01
7.12
8.52

35.69
95.17
59.12
104.69
102.83
84.26
40.52
27.88

6.77
7.54
5.54
4.36
5.69
6.18
4.90
4.66

—
—
—
—
—
—
—
—

121.29
116.83
64.51
71.26
92.80
100.60
68.13
76.27

Sum of 1 and 6 N HCl extractable aluminum; total contents were not determined.
No extraction data available.

Table 2
Spearman-correlation (N = 8) of arsenic with major elements in extracts of treatments C and V
1 N HCl fraction
Control
Al
Fe
Mn
Ca
Mg
K

6 N HCl fraction
Vegetation

Control

Residual
Vegetation
*

Control

Vegetation

—
—

—
0.976**

—
0.738*

0.762
0.833*

à
—

à
—

—
0.881**
0.881**

—
—
—

—
—

—
—

à
à
à

à
à
à

*
Correlation signiﬁcant at a = 0.05 level (two-sided),
calculated as value set to = 0.

**

correlation signiﬁcant at a = 0.01 level (two-sided), à not determined, could not be

binding partners for arsenic than in the DW-V and DW-D
treatment. A correlation between TRIS and total arsenic
was found in the DW-V and DW-D treatment (R2 > 0.7,
a < 0.05).
3.3. Water table, volumetric water content, and root activity
Initially, in phase I, and during the period of drought,
in phase III, volumetric gas contents (VGCs) increased
from about 2% near the water table to 9–12% at a depth
of 10 cm in both dried and rewetted treatments (Fig. 2).
Deeper into the unsaturated zone, VGCs remained low,
particularly in the DW-V treatment. In this treatment,
VGCs decreased rapidly to 2–3% following rewetting. In
DW-D the complete ﬁlling of VGC to <4% was delayed
by 30 days. The treatments DW-V and DW-D thus primarily diﬀered with respect to the time needed for ﬁlling
of VGC and the stronger dessication of DW-D during
drought (phase III). The analysis of 13C–CO2 in pore
water after application of the 13C–CO2 tracer to the surface indicated a rapid transfer of the label into the soil
by root respiration in the permanently wet treatment WV and the vegetated treatment DW-V (Fig. 3). After
49 h, d13C of CO2 had risen by 3 & (DW-V) and 10 &
(W-V) in the uppermost layer and smaller amounts deeper
into the peat. The respiratory activity of the roots was
thus highest in the near-surface peat, particularly of the
W-V treatment. In the DW-D treatment no change in
d13C was detected.
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3.4. Dissolved concentrations and thermodynamic data
We selected four time points for the visualization of dissolved ferrous iron, and sulfate concentrations and pH in
the pore waters of the peat, representing the beginning of
the ﬁrst wet period (day 38), the end of this period (day
101), the end of the dry period (day 143), and the rewetting
period (day 206) (Fig. 4). Ferrous iron concentrations rapidly increased after the initial irrigation during the ﬁrst wet
period and peaked at and above the water table at concentrations of up to 5000 lmol L1 (treatment W-V), and 170
and 300 lmol L1 in the other treatments. Ferrous iron
concentrations stayed high in treatment W-V, particularly
near the water table, throughout the duration of the experiment. In contrast, ferrous iron was eﬀectively eliminated
from the pore water in the upper 20 cm of peat in the treatments DW-V and DW-D during the dry period, as can be
seen from a comparison between day 101 and day 143 in
Fig. 4. This was followed by resumed release after rewetting, resulting in concentrations of 100–200 lmol L1 (Fig.
4). Unsaturated conditions in the deeper peat of treatments
DW-V and DW-D apparently resulted in a much slower
loss of ferrous iron from the pore water than near the surface. Sulfate concentrations ranged from below LOD to
300 lmol L1, strongly varied with time as well, and followed an inversed pattern compared to ferrous iron, i.e. decreased during saturated condition and increased in the
upper peat layers during experimental drought (Fig. 4). In
treatment W-V sulfate was depleted after about 100 days
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Fig. 2. Volumetric gas content in m3 m3 and water table depth (red solid line) in DW-V (top) and DW-D (bottom). Gas content was
calculated from total porosity and changes in TDR soil volumetric water content. Note that the time scale in Fig. 1 ends at 200 days. (For
interpretation of the references to color in this ﬁgure legend, the reader is referred to the web version of the article.)

Fig. 3. Root activity as determined from d 13C of the soil CO2, 23
and 49 h after the 13C–CO2 pulse label in treatments W-V and DWV. A transparent chamber containing a 900 ppm CO2 atmosphere
with 63% 13C–CO2 was placed on top of the mesocosms for 1 h
and changes of d13C of soil CO2 were monitored for the following
100 h. Positive d13C shifts indicate transfer of the labeled CO2 into
the soil atmosphere by root respiration or heterotrophic respiration
of root exudates.

throughout the proﬁle. H2S concentrations generally ranged from 3 to 12 lmol L1 in all treatments during the ﬁrst
wet period and decreased with sulfate depletion in treatment W-V and drying in treatments DW-V and DW-D to
concentrations of LOD to 5 lmol L1.
Rewetting of the peat was followed by increasing H2S
concentration. Only in the DW-D treatment, however,
did H2S concentrations increase to levels determined before
the drought. H2S remained mostly detectable also in the
unsaturated peat (data not shown). Nitrate was detected
in all treatments during the ﬁrst dry and wet periods for

about 50 days before concentrations dropped to
<5 lmol L1. Unsaturated conditions resulted in the accumulation of nitrate and ammonium to concentrations
>150 and >200 lmol L1, respectively, in the DW-D and
a smaller accumulation of 40 and 30 lmol L1, respectively, in the DW-V treatment. DOC concentrations were
highest in the W-V treatment at levels of 50 to
>400 mg L1, and peaked in 5–15 cm and 50 cm depth
(data not shown). In the other treatments concentrations
were highest in the surface layer as well, but concentrations
remained below 100 mg L1. Drying resulted in lowered
DOC concentrations. The pore water pH ranged from 4
to 6 and often co-varied with ferrous iron concentrations
(Fig. 4).
Total dissolved arsenic concentrations were strongly affected by the treatments as well (Fig. 5). In treatment W-V,
arsenic accumulated to levels of up to 300 lg L1 in the
unsaturated zone just above the water table. Also ferrous
iron concentrations peaked at this depth. A second maximum of concentrations developed in deeper layers. After
about 100 days, concentrations began to decrease in these
zones, whereas in intermediate depths concentration did
not change. Concentrations also increased in the other
treatments during the ﬁrst wet period, albeit to lower levels
of 20 and 70 lg L1. The development of air-ﬁlled pore
space during drying resulted in a concentration decrease
to LOD within a few days to two weeks, with a larger time
lag and smaller response at greater depths (Fig. 5). At
depths of 40–50 cm the impact of drying was small, and
at depths of 20 to 40 cm arsenic release following rewetting
faster and more intensive than in the near surface peat,
especially in DW-V. Rewetting resulted in almost immediate release of arsenic, and previous concentration levels
were reattained after about 20–40 days, with the exception
of the uppermost peat layer.
During the ﬁrst wet period, the depth distribution of
As(III), As(V), and DMA was highly correlated (Fig. 6).
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Fig. 4. Concentrations of dissolved ferrous iron, sulfate and dissolved organic carbon (DOC), and pH towards the end of the initial dry
equilibration period (day 38), the ﬁrst wet (day 101), the second dry (day 143) and the middle of the rewetted period (day 206) in the
permanently wet treatment (W-V), the dried and wetted vegetation treatment (DW-V) and the dried and wetted defoliated treatment (DW-D).
Note the change in scale of ferrous iron and the dotted lines which represent the water table. The DOC concentrations during the wet period
were determined at day 66 due to missing data.

As(III) dominated (> 85%) and smaller concentrations of
As(V) (<10%) and DMA (<5%) were present. MMA was
only detected in treatment W-V down to a depth of 20 cm
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where concentrations ranged from 0.1 to 4 lg L1. Drying
and rewetting had a large impact on arsenic speciation (Fig.
7). The development of air ﬁlled pore space during the dry
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Fig. 5. Temporal dynamics of dissolved arsenic (lg L1) in the permanently wet treatment (W-V), the dried and wetted vegetation treatment
(DW-V) and the dried and wetted defoliated treatment (DW-D). Black dots indicate sampling points in time and space. The line represents the
average water table. Note the scale diﬀerences.

period resulted in a strong decrease of As(III)/As(V) ratios
from 4–12 to <0.25 in the uppermost 5–15 cm. Below, impacts were small and in one sample even reversed. After
rewetting, As(III) began to dominate and As(V) contributed more to the total dissolved arsenic only near the water
table. DMA concentrations ranged from <0.4 to 2.8 lg L1
and reacted similarly as Astot to the development of unsaturated conditions (Fig. 8). DMA was eliminated more eﬀectively deeper into the peat, though, and production did not
resume within 30 days after rewetting. Presence of oxygen
thus inhibited DMA release strongly and in a sustained
way, even after the reestablishment of anaerobic conditions.
The calculated in situ Eh values of the half redox couples
Fe(OH)3/Fe2+, SO4 2 =HS , and As(V)/As(III) varied both
with depth and time and ranged from 0 to 270 mV for
As(V)/As(III), 150 to 90 mV for SO4 2 =HS , and 210
to 290 mV for Fe(OH)3/Fe2+ (Fig. 9). The redox couples
were generally in strong thermodynamic disequilibrium.
The DEh was always positive for a reaction of HS with

As(V), conﬁrming that HS could be utilized to reduce
As(V) under release of free energy. This was not always
the case for potential reactions between iron and arsenic,
whose Eh strongly overlapped. Averaged over the whole
period, conditions in the W-V treatment were on average
more reducing than in the other treatments, particularly
in the uppermost peat layers where lowest Eh values were
recorded for all redox couples.
3.5. Turnover rates of arsenic and ferrous iron
Arsenic was mobilized in treatment W-V for about 100
days (Fig. 10) at rates of up to 0.01 mmol m3 d1 and later
on mostly immobilized at rates of 0 to 0.15 mmol m3 d1.
During the initial dry and wet period, the same pattern also
occurred in the DW-V and DW-D treatment at lower
rates, but arsenic was not yet immobilized. Drying resulted
in immediate net arsenic loss from solution, when
integrated over depth, in DW-V and DW-D mesocosms
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Fig. 7. As(III)/As(V) quotient in vegetation treatment DW-V and defoliated treatent DW-D during drying and rewetting periods. Black dots
indicate sampling points in time and space. The line represents the position of the water table.

at rates of up to 0.01 mmol m3 d1 (DW-V) and 0.004
mmol m3 d1 (DW-D). Rewetting resulted in a short-term
pulse of dissolved arsenic release of 0.05 mmol m3 d1
(DW-V) and 0.02 mmol m3 d1 (DW-D) before arsenic
was lost from the pore water at low rates about 40 days
after rewetting. The temporal dynamics of dissolved arsenic
release and loss was coupled to ferrous iron dynamics,
although at times a decoupling occurred (Fig. 10). This
was for example the case during the ﬁrst wet period in WV and at the beginning of the dry period in DW-V and
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DW-D, when ferrous iron loss from the pore water preceded the loss of arsenic. Rates of ferrous iron loss and release ranged from 20 to 18 mmol m3 d1 and were thus
about 3 orders of magnitude larger than net turnover rates
of arsenic. Ferrous iron and arsenic release were lower in
the DW-D treatment by 24% (Fe) and 55% (As) compared
to the DW-V treatment and integrated over the wet periods.
These diﬀerences were mainly caused by the strong release
of arsenic and ferrous iron in the intensely rooted nearsurface peat of the DW-V treatment.
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4. DISCUSSION
4.1. Distribution, binding, and speciation of Arsenic
Arsenic can be sequestered in soils under diﬀerent redox
regimes. Arsenic is generally removed from pore water by
adsorption to iron, manganese, and aluminum hydroxides
(Pierce and Moore, 1980; Bowell, 1994; Dixit and Hering,

2003) and clay minerals (Manning and Goldberg, 1997) under oxic conditions. Under anoxia, association with the solid phase may primarily occur by binding to sulﬁdes or the
formation of arsenic containing sulﬁde minerals (Rochette
et al., 2000; Meng et al., 2003; O’Day et al., 2004). A binding to organic matter may also occur. Binding of arsenic to
dissolved organic matter (DOM), in particular humic substances, has been documented. The binding of arsenate

- 170 -

4002

C. Blodau et al. / Geochimica et Cosmochimica Acta 72 (2008) 3991–4007

II

-1

0

-0.01

-10
W-V
-20
20

40

60

80

100

120

140

160

180

200

220

240

II

III

IV

-1

0.00

0

-0.01

-10
DW-V

-0.02

-3

10

2+

0.01

-20
20

40

60

80

100

120

140

160

180

200

220

240

0.02

20

-1

Astot

IV

-1

III

II

Fe2+

0.01

10

0.00

0

-0.01

-10

-3

I

2+

-3

Fe turnover (mmol m d )

20
I

-1

Astot turnover (mmol m d )

0.02

-3

-3

0.00

2+

10

Fe turnover (mmol m d )

-3

0.01

-0.02

Astot turnover (mmol m d )

Fe turnover (mmol m d )

20
I

-1

Astot turnover (mmol m d )

0.02

DW-D
-0.02

-20
20

40

60

80

100

120

140

160

180

200

220

240

time (d)

Fig. 10. Depth integrated turnover of arsenic and ferrous iron during the experiments in the permanently wet treatment (W-V), the dried and
wetted vegetation treatment (DW-V) and the dried and wetted defoliated treatment (DW-D). In treatment W-V depth integration was only
carried out for depth at and below the water table. Values >0 indicate release into the pore water.

and arsenite to negatively charged DOM has been linked to
complexation and metal bridges (Redman et al., 2002; Lin
et al., 2004) and binding by covalent mechanism and moieties such as phenolic, carboxylic, sulfhydryl and amino
groups may also occur (Thanabalasingam and Pickering,
1986; Buschmann et al., 2006).
In the peats investigated, arsenic was obviously mostly
bound to the solid phase over the full range of redox conditions that occur with depth and seasonally. The binding
mechanisms were apparently altered depending on average
redox conditions. Arsenic contents contained in the solid
phase decreased with depth but varied only moderately between 5 and 25 mg kg1 and were within the range of arsenic contents found in the soils of the Lehstenbach
watershed, albeit higher than previously documented for
an adjacent peatland by Huang and Matzner, 2006). In
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the unsaturated uppermost peat, arsenic was primarily
found in acid extracts, which dissolve metal hydroxides,
acid volatile sulﬁdes, and carbonates (Wallmann et al.,
1993). The correlation analysis further suggested that
among the hydroxides, iron hydroxides were most important as binding sites (Table 2). Sorption moreover primarily
occurred on the reactive hydroxide fraction, which was also
most abundant in the peat and typically provides a larger
sorption capacity than the crystalline fraction due to its hydrated structure and larger surface area (Pierce and Moore,
1982; Dixit and Hering, 2003). The residual fraction, which
may contain organically bound and stable sulﬁdic arsenic,
gained only in relative importance in the deeper, mostly anoxic, and strongly reduced peat.
The exact nature of the binding mechanism in the residual fraction cannot be clariﬁed by the acquired data. We as-
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sume that both sorption by iron hydroxides and association
with organic matter and sulﬁdes occurred. Rochette et al.,
2000) showed experimentally that at low pH and with S/
As ratios <20, arsenous sulﬁde precipitates can form under
anoxia. Such conditions were present in the peats. Total reduced inorganic sulfur, primarily in form of iron sulﬁdes
had formed prior to the experiments in substantial quantities throughout, albeit at contents that were about two orders of magnitude lower than total ferric iron contents
(Table 1). Some insight regarding the signiﬁcance of arsenic
association with iron sulﬁdes can further be gained from the
concentration dynamics of arsenic, ferrous iron, and sulfate
during the experiments. Although sulfate was actively reduced and iron sulﬁdes formed during the wet periods, at
least initially less arsenic associated with the solid phase
than was released coupled to iron reduction, and dissolved
arsenic concentrations in the pore water consequently increased. Similar ﬁndings were reported by Huang and
Matzner (2006) under ﬁeld conditions in an adjacent peatland. Paul et al. (2006)) further showed that the formation
of iron sulﬁdes at the site occurs only on a temporary basis
due to reoxidation during dry periods. A release of arsenic
bound to sulﬁdes during reoxidation and subsequent association with iron hydroxides thus likely occurs on a seasonal basis. Binding to organic matter was not explicitly
investigated in this study. A substantial binding to organic
matter seems likely in view of the large residual arsenic fraction and previous work on binding of arsenic to organic
moieties (Thanabalasingam and Pickering, 1986; Buschmann et al., 2006).
Arsenic concentrations in the solid phase were far lower
than in naturally more enriched minerotrophic peatlands
(Gonzalez et al., 2006), and relatively evenly distributed
within the peats and between the three mesocosms. In spite
of this fact, dissolved arsenic concentrations reached locally
very high values of 300 lg L1, and always exceeded common drinking water standards of 10 lgL1 when the peat
was saturated. Arsenic concentrations exceeded previously
reported values from a ﬁeld investigation conducted by
Huang and Matzner (2006) by an order of magnitude.
These results conﬁrm that moderately arsenic bearing organic soil have a large potential to remobilize bound arsenic
under reducing conditions. As(III) was the predominant
species in soil solution, with the exception of highly unsaturated, near-surface peat during the dry period (Fig. 7). In
the DW-V and DW-D treatment, As(III) further gained in
importance with depth (Fig. 7), which is in agreement with
more reducing conditions as indicated by the Eh values of
the SO4 2 =HS and the Fe(OH)3/Fe2+ redox couples. The
diﬀerence in Eh values SO4 2 =HS and As(V)/As(III) further implied a considerable free energy available for electron transfer from HS to As(V) that could potentially
also be utilized by microorganisms mediating this process
(Oremland and Stolz, 2003), thus contributing to the predominance of dissolved As(III) deeper into the peat.
The occurrence of hot spots of arsenic release near the
water table in the W-V and DW-V treatments was likely related to the activity of roots. The application of the 13C–
CO2 tracer showed that the arsenic hot spots were located
in layers of highest root density and respiratory activity,
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particularly in the W-V treatment (Fig. 3). The comparison
between the DW-V and DW-D treatment moreover indicated lower rates of arsenic and Fe release in absence of
vegetation and smaller As(III)/As(V) ratios, which may—
giving the pH of <5—enhance re-adsorption of released arsenic (Dixit and Hering, 2003). Furthermore, the presence
of vegetation slowed the elimination of arsenic from the
porewater and As(III)/As(V) quotients decreased in the
drained peat during drought (Fig. 7). A statistical conﬁrmation of these ﬁndings is not possible due to the lack of replication of the treatments but the results qualitatively
indicate that the activity of vascular plants can contribute
to the release of dissolved arsenic in wetlands during wet
periods and to slow association with the solid phase during
dry periods. The likely reason for this phenomenon is the
exudation of easily decomposable substrates by roots,
which lowers the oxygen concentrations in poorly aerated
peat and enhances rates of bacterial iron reduction.
Previously, a sequestration of arsenic in the rhizosphere
of plants has also been reported due to the formation or
iron hydroxide coatings along roots and subsequent arsenic
sequestration (Otte et al., 1995; Doyle and Otte, 1997). In
the W-V treatment, the grass C. rostrata dominated, which
is capable of aerenchymatic oyxgen transport into the rhizosphere. A visual examination also revealed iron coatings
in the peats of the W-V treatment, which may also explain
the high iron enrichment in this treatment. The comparison
of total arsenic contents between mesocosms accordingly
illustrates that the presence of C. rostrata in the W-V treatment coincided with increased arsenic accumulation in the
uppermost peat (Fig. 1). Integrated over depth and in the
short-term the net eﬀect of root activity was an enhanced
release of dissolved arsenic following rewetting, however.
This eﬀect was particularly pronounced in the uppermost
horizon of the W-V treatment, which was characterized
by the highest root activity (Fig. 3) and the largest content
in reactive iron and arsenic associated with reactive iron
(Fig. 1). Given the large diﬀerences in dissolved arsenic concentration between this and the other treatments, a combination of these factors obviously is of great importance
regarding arsenic release.
The previous observation by Huang and Matzner (2006)
that dissolved arsenic primarily occurs in organic form in
adjacent peatland Schlöppnerbrunnen I, mainly as MMA,
could not be substantiated in this study. The methylation
of arsenic is believed to be microbially mediated and to proceed under anaerobic conditions (Bentley and Chasteen,
2002; Bolan et al., 2006). The contrasting ﬁndings may be
related to more persistent anaerobic conditions in the soils
of Schlöppnerbrunnen I compared to Schlöppnerbrunnen
II (Paul et al., 2006). Continuous anoxia may facilitate
methylation of arsenic by methanogenic and sulﬁdogenic
populations (Bolan et al., 2006). An inhibition of MMA
and DMA formation by temporarily oxic conditions would
also be in agreement with the lack of DMA formation in
the DW-V and DW-D treatment after rewetting (Fig. 8).
Regardless of the exact causes for the smaller importance
of methylation in the investigated Schlöppnerbrunnen II
peat, the process was of little relevance and may hence
not be an important mechanism for the release of arsenic
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into the soil water in all peatlands, if the results of this mesocosms study can be extrapolated to the ﬁeld. In this respect it has to be considered that the temperature in the
mesocosms reﬂected mid-summer conditions instead of
yearly averages and that vertical and lateral ﬂow in the mesosocosms were eliminated. Both factors may have altered
relative concentration levels of individual arsenic species
and lead to a build up of total dissolved arsenic in the soil.
4.2. Impact of drying and rewetting on arsenic speciation and
phase transfer
The temporal and spatial patterns of dissolved arsenic
concentrations and the associated turnover was connected
to ferric iron release during the wet periods and removal
of ferrous iron from the pore water during drought (Fig.
10). This ﬁnding supports the hypothesis that dissolved arsenic release is mainly driven by bacterial iron reduction in
iron rich peat soils, in analogy to less organic-rich anoxic
aquifers. Likewise, oxic conditions resulted in co-precipitation of arsenic with ferric iron hydroxides. This pattern is
plausible giving the intense association of arsenic with reactive ferric iron hydroxides, which are generally also more
readily used than crystalline iron hydroxides by ferric iron
reducing bacteria under neutral and weakly acidic conditions (Lovley and Phillips, 1988). A similar coupling of arsenic and iron dynamics has already been demonstrated or
inferred from several ﬁeld studies and laboratory experiments, but not been veriﬁed for natural peatlands with natural arsenic background (Masscheleyn et al., 1991; La
Force et al., 2000; Fox and Doner, 2003). The dissolved arsenic dynamics furthermore suggests that adsorption on
sulﬁdes or precipitation of arsenic with sulﬁdes was of little
importance for the total arsenic turnover. A similar ﬁnding
was recently reported based on analyses of solid phase
materials in a near-neutral, iron-rich and mine drainage impacted wetland (Beauchemin and Kwong, 2006).
During the dry period, gas ﬁlled porosity in the peat increased from <2% to 2–13%. Oxygen penetrated deeper into
the peat resulting in release of sulfate, likely by reoxidation
of reduced inorganic and organic sulfur, and elimination of
ferrous iron by oxidation and subsequent precipitation as
reactive iron hydroxide phase (Reynolds et al., 1999). Arsenic was not only co-precipitated in its reduced form with
the forming iron hydroxide precipitates, as can be expected
due to its aﬃnity for iron hydroxides (Dixit and Hering,
2003), but apparently also eﬀectively and rapidly reoxidized:
As(III)/As(V) ratios dropped below 1 within days in the
uppermost peat layers of the DW-D treatment and more
slowly in the DW-V treatment. The transformation of
As(III) to As(V) and the decreasing pH (Fig. 4) contributed
to the subsequent association of dissolved arsenic with solid
phase soil material, since sorption of As(V) to ferric iron
hydroxides increases with acidiﬁcation (Dixit and Hering,
2003). Arsenite oxidation was probably in some way mediated by microorganisms because the chemical oxidation of
As(III) by oxygen is slow, with a reported half-life of 4–9
days in natural waters (Kim and Nriagu, 2000). Arsenate
oxidation as a detoxiﬁcation mechanism and dissimilatory
microbial respiration coupled to oxygen and nitrate reduc-

- 173 -

tion are both known to occur (Oremland and Stolz, 2003)
and are in agreement with elevated concentrations of nitrate
and oxygen during this period. The rapid oxidation of arsenic in the DW-D treatment, which contained less As(III)
relative to As(V) even before the dry period, was likely
caused by a lower respiratory oxygen demand and thus
higher oxygen availability in the peat (Knorr et al., 2008).
Initial wetting and rewetting resulted in iron reduction in
all treatments, either by iron reducing bacteria or by reaction of H2S with ferric iron hydroxides, and entailed the release of arsenic associated with the solid phase, as previously
described by McGeehan and Naylor (1994) and Reynolds et
al. (1999). Changes in concentration were particularly
strong in the uppermost, reactive iron and arsenic-rich,
and intensively rooted horizon of the W-V treatment, which
was at or above the water table. Smaller changes in soil
moisture in this horizon, as they occurred on a regular basis
due to the irrigation regime (Electronic annex, Fig. 1S)
apparently also lead to local release and removal of arsenic
from the pore water (Fig. 5, treatment W-V, e.g. day 180–
200), which strongly inﬂuenced the depth integrated arsenic
turnover in the mesocosm (Fig. 10, treatment W-V, e.g. day
180–200). We did not analyze the speciation of arsenic in the
solid phase and the nature of As(V) reduction in the peats
and a discussion about the mechanism of the phase transfer
of arsenic following rewetting can only be speculative. It is
possible that in the near surface peat arsenic was primarily
remobilized as arsenate from exchange sites and subsequently slowly reduced in the pore water as described for
example by Cummings et al. (1999); an in situ reduction of
sorbed arsenate has previously also been inferred based on
sediment depth proﬁles and XANES and EXAFS spectroscopic characterization of arsenic adsorbed to iron hydroxides (Kneebone et al., 2002; Beauchemin and Kwong, 2006).
Arsenate may have been reduced in solution by dissimilatory respiration, as described for example by Campbell et
al., 2006), although concentrations were low compared to
environments where this process has been documented to
be important, such as at contaminated sites and hypersaline
lakes. A microbial detoxiﬁcation process leading to excretion of As(III) from heterotrophic bacteria (Oremland and
Stolz, 2003) may have occurred as well. A chemical reduction of As(V) by hydrogen sulﬁde, which is rapid under
acidic conditions (Rochette et al., 2000) and was thermodynamically possible (Fig. 9), cannot be ruled out either.
The rapid release of dissolved arsenic coupled to iron
reduction was possibly assisted by the production and accumulation of DOM. Concentrations of up to 400 mg L1
DOC were attained in treatment W-V (Fig. 4) where the
maximum of dissolved arsenic concentrations occurred.
With the exception of these hot spots, concentrations were
in the range of 10–100 mg L1 DOC that is typical for peat
soils and organic-rich soil horizons (Blodau, 2002; Michalzik
and Matzner, 1999). Negatively charged DOM is a competitor for exchange sites on iron hydroxides, and concentrations of 10–50 mg L1 have been demonstrated to mobilize
arsenic in batch experiments with synthetic iron hydroxides
and materials from soils and sediments (Bauer and Blodau,
2006). An eﬀective re-adsorption of desorbed arsenic to newly available iron hydroxide surfaces may have been impeded
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to some extent. Re-adsorption of As(V) following chemical
iron reduction of ferrihydrite by ascorbic acid has been previously described (Pedersen et al., 2006). Both re-adsorption
and competition of arsenic with DOM for adsorption sites
potentially contributed to the observed temporal decoupling
of iron and arsenic turnover in the peat.
5. CONCLUSIONS
The study demonstrates the strong impact of drying and
rewetting events on arsenic concentrations in wetland soils
and the potential of uncontaminated and moderately arsenic bearing peat to mobilize arsenic in form of arsenite
after rewetting. Methylated arsenic species were, in contrast, of subordinate importance for arsenic release, and
their formation was inhibited by temporary intrusion of
oxygen even after rewetting and development of anoxia.
The dynamics of arsenic and iron were essentially coupled.
Arsenic and iron were immobilized following oxidation
during dry periods and rapidly mobilized by iron reduction
and the associated release of arsenic after rewetting, leading
to arsenic concentrations of up to 300 lg L1 and release of
up to 0.02 mmol m3 d1. A combination of factors apparently contributed to this dynamics. In the near-surface peat,
arsenic was primarily adsorbed on ferric iron hydroxides,
which were also most rapidly reduced in the uppermost intensely rooted and iron-rich soil horizons, where electron
donors were abundant. Microbial activity also lead to very
high DOC concentrations, which may have promoted arsenic release by impeding a re-adsorption. Aerenchymatic
transport of oxygen by C. rostrata roots was apparently
of little signiﬁcance for the arsenic dynamics in the shortterm, as were interactions between arsenic, organic matter,
and iron sulﬁdes. On the time scale of years to millennia,
minerotrophic wetlands such as the Schlöppnerbrunnen II
site seem to serve as eﬀective sinks for arsenic due to the
abundance of reactive iron hydroxides in the peat. Temporarily, however, arsenic can be mobilized at high concentration levels when water saturated and anoxic conditions are
established in the uppermost biologically active peat layer.
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Supporting Information

Figure 61
Time series of water levels (light blue area) and irrigate applied (bars) for each
mesocosm. Abrupt drops in water levels of V and NV at days ~120 and ~145 were due to sampling of
water from piezometers.
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Table 22
treatment V

Elemental contents in acid extracts of peat from control treatment

depth
Al*
Al**
Fe*
Fe**
-1
(cm)
(g kg )
(g kg-1)
Control treatment (C)
0-5
4.70
0.66
12.82
2.23
5-10
5.92
1.95
7.22
1.96
10-15
6.15
1.53
4.36
1.63
15-20
7.66
1.59
3.30
1.24
20-30
8.35
1.59
5.27
1.33
30-40
7.50
1.03
4.46
0.51
40-50
8.52
1.09
5.63
0.81
50-60
8.32
0.98
5.40
0.83
Treatment with vegetation (V)
0-5
0.36
<
0.46
0.13
05-10
7.46
2.10
7.58
2.11
10-15
6.64
1.97
4.67
1.83
15-20
9.32
1.61
3.42
1.02
20-30
8.21
1.44
2.83
0.54
30-40
7.73
1.28
2.91
0.46
40-50
5.91
1.22
1.93
0.25
50-60
7.20
1.32
1.81
0.26

Ca*

Ca**
(g kg-1)

Mg*

Mg**
(g kg-1)

K*

and vegetated
K**
(g kg-1)

0.66
0.19
0.29
0.36
0.61
0.71
1.03
0.93

<
<
<
<
<
<
0.02
<

0.20
0.18
0.21
0.14
0.12
0.07
0.11
0.10

<
0.27
0.19
0.12
0.01
<
<
<

0.47
0.16
0.29
0.16
0.10
0.04
<
0.03

<
0.17
0.16
0.06
<
<
<
<

0.79
0.53
0.41
0.45
0.46
0.48
0.33
0.55

0.02
<
<
<
<
<
<
<

0.49
0.31
0.32
0.14
0.07
0.04
0.02
0.03

<
0.25
0.30
0.04
<
<
<
<

1.52
0.51
0.46
0.15
0.10
0.08
0.08
0.03

0.08
0.11
0.22
<
<
<
<
<
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1.

Introduction

Arsenic is one of the most widespread and dangerous toxic
substances in the environment, and the contamination of
drinking water is especially problematic in developing countries (Mandal and Suzuki, 2002; Naidu et al., 2006; Smedley and
Kinniburgh, 2002). Arsenic pollution of groundwaters can
occur through natural and anthropogenic processes. In
South Asia, for instance, the geogenic release of arsenic from
sedimented iron phases under reducing conditions is seen as
the main cause for groundwater contamination (Stuben et al.,
2003). Co-deposition of organic matter with arsenic enriched

iron phases in these sediments probably favours this subsequent reductive arsenic mobilization (McArthur et al., 2004;
Meharg et al., 2006).
Oxidizing conditions often lead to lower As mobility
because of the formation of As(V) and its subsequent adsorption to metal oxides. Arsenic binding by carbonates (Magalhàes, 2002) and silicates (Goldberg, 2002) has been
demonstrated but Al, Mn and especially Fe oxides are the
most important As sorbents under oxic conditions due to their
large surface area (Smedley and Kinniburgh, 2002). The oxygenation of Fe(II) containing water to induce iron precipitation
is used to sorb and remove As during water treatment (Jessen

⁎ Corresponding author. Tel.: +49 921 552223; fax: +49 921 552366.
E-mail address: christian.blodau@uni-bayreuth.de (C. Blodau).
0048-9697/$ – see front matter © 2008 Elsevier B.V. All rights reserved.
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et al., 2005). At circumneutral pH As(V) (pKs1 = 2.2) occurs
mainly in the charged H2AsO−4 or HAsO2−
4 forms, whereas As(III)
(pKs1 = 9.2) is predominantly uncharged H3AsO3 (Cherry et al.,
1979). Nonetheless the sorption capacity of As(V) and As(III) on
positively charged ferrihydrite or goethite at neutral pH were
found to be similar (Dixit and Hering, 2003). Sorption competition is known for anions, such as phosphate (Geelhoed et al.,
1998), but also for dissolved organic carbon (Bauer and Blodau,
2006; Redman et al., 2002). Natural organic matter (NOM) influences arsenic mobility in several ways (Wang and Mulligan,
2006). Dissolved humics induce As redox transformation
(Buschmann et al., 2005; Palmer et al., 2006; Tongesayi and
Smart, 2006), form chemical bonds with aqueous As (Buschmann et al., 2006; Thanabalasingam and Pickering, 1986;
Warwick et al., 2005) and influence the stability of As bearing
colloids (Ritter et al., 2006). Finally organic matter promotes
microbial activity, which changes the redox conditions and
may induce methylation of arsenic (Huang and Matzner, 2006;
Huang et al., 2007).
The relative immobility of As in organic matter rich peat
bogs was used for instance to trace the history of atmospheric
immission (Shotyk et al., 1996; Ukonmaanaho et al., 2004), but
retention mechanisms of As have not been sufficiently investigated yet. Arsenic was also found to accumulate in minerotrophic peatlands and fens, which are in contact with more
mineralized groundwaters (Shotyk, 1996; Steinmann and
Shotyk, 1997; Szramek et al., 2004). The strong correlation of
aqueous As(III) and Fe(II) concentrations during times of low
redox potential, for example, suggested a binding of As and Fe
in the same solid phase pool of a minerotrophic and iron rich
fen (Blodau et al., in press; Huang and Matzner, 2006). Iron
oxides typically precipitate in oxic surface layers or at the
surfaces of oxygen conducting plant roots and may function as
arsenic adsorbers. Pfeifer et al. (2004) hypothesized that Fe
oxides formed in such organic rich layers are especially
amorphous and have a large surface area available for
sorption. Also in wetland soils influenced by geothermal
waters, iron precipitates provided the main arsenic adsorption
sites, even in presence of high contents of calcite, which is also
a potential adsorber for As (Cornu et al., 2001). The storage of As
in wetland soils may not be permanent though. Burial with
ongoing decomposition and inundation of organic soils can
entail decreasing redox potentials. Such changes are expected
to lead to release of arsenic by iron oxides dissolution and peat
degradation, which may to some extent be balanced by As
binding in sulphide minerals under sulphate reducing conditions (Gonzalez et al., 2006; Meharg et al., 2006).
Wetland soils often cover large areas in valleys and lowlands, where groundwater occurs close to the land surface and
promotes the transfer of arsenic rich water into the soil
(Gonzalez et al., 2006; Pfeifer et al., 2004; Szramek et al., 2004).
Many wetland systems are also subject to changes in the
water regime such as drainage and rewetting, which may be
the consequence of land use and climate change (Gorham,
1991). Little is yet known about the impact on the mobility of
stored arsenic in the short- and long-term. In this study we
thus focussed on arsenic dynamics in a groundwater influenced former wetland that has been subject to drainage and
peat degradation for more than two centuries. The soils of this
site are rich in organic and inorganic carbon, iron, and arsenic.

Our specific goals were (I) to analyse the current As distribution and the main soil arsenic pools, (II) to identify current
processes of As mobilisation and immobilisation, and (III) to
infer potential mechanisms and time periods leading to the
extraordinary high As contents found in these soils. To
achieve these goals, the soil solid phase and the porewater
were sampled in the most important soil horizons and in the
upper aquifer of two sites differing in iron oxide content in the
top soils. The samples were analyzed with chemical and
spectroscopic methods to determine the distribution of As
between aqueous and solid phase and As speciation. These
data were related to hydrological and geochemical controls at
the site. We hypothesized that the As enrichment in the
topsoil was primarily a result of a flux of ferrous Fe and As(III)
from the deeper ground water, leading to Fe and As oxidation
and enrichment in Fe oxides and As associated with the
oxides. Other possible controls, such as association of dissolved As with the organic matter and carbonates, and enrichment in the solid phase due to degradation of the peat soils
were considered as well.

2.

Materials and methods

2.1.

Site description

The study was carried out at a field site on the quaternary gravel
plain north of Munich (Germany). The quaternary aquifer consists of dolomitic, fluviglacial material and is underlain by
semipermeable marly silts of tertiary origin (Zahn and Seiler,
1992). The groundwater on the field site today is within 0.5–1 m
of the land surface. Until the beginning of drainage in the 18th
century minerotrophic peatlands dominated the study area,
which have since then been degraded and converted into calcic
or mollic gleysols (FAO). Arsenic enrichment was found with
varying concentrations (10–50 μg kg− 1, peaks N 500 μg kg− 1) in the
topsoil on a regional scale (personal communication, Bayrisches
Landesamt für Umwelt). Arsenic and iron content in quaternary
aquifer material is low, and both elements are believed to be
transported into the quaternary groundwater with water infiltrating from the subjacent tertiary aquifer at zones of high
permeability (Rauert et al., 1993).

2.2.

Field instrumentation and sampling

We selected two locations (site A and B), about 50 m apart, on
an extensively used grassland for the investigation. The horizons 1 and 2 had a dark brown colour on site A, whereas ochre
to red colours were prevalent at site B. The two sites differed
strongly with respect to the solid phase iron content in the
topsoil, and were chosen to elucidate the effect of different
iron oxide content on As enrichment in the degraded wetland
soil. Soil profiles were divided into 4 soil horizons (site A and B,
horizon 1 to 4) above the coarse grained, dense aquifer
material. The water table, averaged from measurements at
all 4 sampling dates, was at 68 cm (site A) and 50 cm (site B)
below the surface.
Soil samples were taken in triplicates from the four soil
horizons in December 2005. To account for spatial heterogeneity three separate soil profiles about 1 m apart from one
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another were sampled per site. The samples were frozen and
freeze dried in the lab. Gravimetric water content was
determined as the difference of field fresh and freeze dried
samples. After sieving (b2 mm grain size) and removal of large
roots, samples were ground for pH measurements, extractions, and spectral measurements.
The two sites were instrumented for porewater and
groundwater sampling up to a depth of 130 cm below the
surface. Suction cups consisting of a polyamide membrane on
polyethylene frame (10 cm long; 0.45 μm pore size; preconditioned with 0.1 mol L− 1 HCl; Ecotech) were used above the
water table. Below the groundwater table polyvinylchloride
tubes (diameter 4.5 cm, perforated length of 10 cm, covered by
nylon mesh) were installed as piezometers. To account for
spatial heterogeneity in the aquifer, piezometers were set up
in triplicate in 110 cm depth and in duplicate in 130 cm depth.
The hand-drilled piezometer bore holes were refilled with
layers of coarse and fine quartz, followed by bentonite up to
the surface to prevent preferential flow along the tube. Every
piezometer was fitted with a floating diffusion barrier on the
water table, thus minimizing gas exchange with the atmosphere. A permanently installed groundwater well located
nearby was used to sample groundwater from a depth of 2.5 m.
Long-term recordings of the groundwater table were also
available for this well. Soil solution and groundwater was
sampled on 4 dates between November 2005 and June 2006.
Samples from the piezometers and the groundwater well were
taken after pumping and exchange of at least 2 piezometer or
well volumes. Aqueous samples were immediately prepared
and stabilized for analysis in the field as described in Section
2.3. Redox speciation of As and Fe was measured within 24 h
after sampling.

2.3.

Laboratory and analytical procedures

The wet chemical sequential extraction procedure consisted
of four steps. As extractants we used 0.1 mol L− 1 NaNO3, 1 mol
L− 1 HCl, 6 mol L− 1 HCl, and 65% HNO3. Soil samples of 0.3 g
were shaken overhead in duplicates and darkness with the
extraction solution and centrifuged before sampling. Samples
contained no visible particles or colloids. Between extraction
steps the soil was rinsed with Millipore water. Separate assays
were made, in which 0.6 g soil was extracted in duplicates with
Na2P4O7, NaH2PO4 and Na-Acetate. The aqua regia digestion
encompassed a reaction of 0.2 g sample with 1 ml HNO3 (65%)

and 0.3 ml HCl (32%) for 24 h at room temperature and in
triplicate. This step was followed by a microwave extraction
with an additional volume of 8 ml HNO3 and 0.2 ml HCl for a
period of 1 h. Reaction conditions, target fractions, and references are listed for all extracts in Table 1. Extractions with
NaNO3 and Na2P4O7 were carried out in an oxygen free glovebox to avoid changes in arsenic speciation.
The elemental composition of the soil extracts was analysed after filtration (0.45 μm Nylon, Roth) and acid stabilisation (1% HNO3) by ICP-OES (Varian Vista-Pro) and Graphite
Furnace AAS (Analytik Jena, Zeenith 60).
X-ray powder diffraction data were collected at room temperature using a Philips X Pert Pro X-ray diffraction system
operating in reflection mode, with Co–Ka1 (l = 1.78897 Å) radiation selected with a focusing monochromator, a symmetrically cut curved Johansson Ge(111) crystal, and a Philips X
celerator detector. The Ka2 line was reduced by the monochromator to b2% of the intensity of the Ka1 line. The samples
were X-rayed with diffractometer settings step size 0.03°, scan
width 0.004 °/s, spinning platform rotation 1/s, and collection
range 2 theta = 7°–90°. XRD bands were identified by comparison to single mineral spectra of the mincryst database
(Chichagov, 1997). FTIR spectra were measured with a Bruker
Vector FTIR device (KBr pellets; transmission mode; wavelength 2–25 μm) and analyzed using the Salisbury spectral
library (Salisbury, 1991). Apart from silicates, i.e. quartz, fieldspar, mica, and clay minerals, various Ca, Fe and Al oxides, i.e.
calcite, dolomite, goethite, siderite, gibbsite, and sulfides, i.e.
pyrite and arsenopyrite, were considered. The soil pH was
determined in 1 mol L− 1 KCl with a Sentix 21 electrode (WTW).
Inorganic and organic carbon was determined by C/N analysis
(Thermo Quest, Flash EA, 1112) before and after a 1 mol L− 1 HCl
extraction.
Field measurements in the aqueous samples included pH
(Sentix 21 electrode, WTW) and dissolved oxygen (Optical O2
measurement system LDOM; Hach). Elemental composition
and total As analysis was carried out as described above. Additionally, total and reduced iron was measured photometrically (Varian Cary 2e) using phenanthroline as
spectral reagent at 512 nm (Tamura et al., 1974). Ion chromatography of 0.2 μm filtered samples was carried out for anions
(Cl−, NO−3, SO2−
4 ) using a Metrohm IC system (Metrosep Anion
Dual 3 column, 0.8 mL min− 1, with chemical suppression)
and dissolved organic carbon (DOC) was measured as nonpurgable organic carbon (NPOC) on a Shimadzu TOC analyzer

Table 1 – Extraction procedures applied on the soil samples
Extractant

Conditions
−1

NaNO3
HCl

0.1 mol L 24 h
1 mol L− 1, 1 h

HCl

Target As phase

Mechanism

Step no.

References

Exchange
Dissolution

1
2

Cai et al. (2002)
Keon et al. (2001)

6 mol L− 1 30 min, 70 °C

Exchangeable
Amorph metal oxide, Carbonate,
Acid volatile sulfide
Crystalline metal oxides

Dissolution

3

HNO3
NaH2PO4
Na-Acetate
Na2P4O7

16 mol L− 1 1 h, microwave
0.1 mol L− 1, pH 5, 24 h
1 mol L− 1, pH 5 24 h
0.1 mol L− 1 16 h

Alumosilicates, sulfides
Specifically sorbed
Carbonate
Organic matter bound

Dissolution, oxidation
Desorption
Dissolution
Dispersion

4
Separate
Separate
Separate

Regenspurg and Peiffer
(2005)
Keon et al. (2001)
Cai et al. (2002)
Tessier et al. (1979)
Bhattacharya et al.
(2001)

HNO3/HCl

Conc.HNO3/HCl 1 h, microwave

All except silicates

Dissolution

Separate
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(TOC V CPN). Dissolved inorganic carbon (DIC) and CH4 in the
water samples were analyzed by headspace technique after
sample acidification to pHb 2 (GC-FID/TCD; HP 6890; Beer and
Blodau, 2007).
The arsenic speciation was measured by HPLC-ICP-MS (PRP
X100 column, Hamilton; Agilent 7500ce). The separation
method of Francesconi et al. (2002) allows for the quantification of arsenite, arsenate, dimethylarsinic acid (DMA) and
monomethylarsonic acid (MMA). Sample preparation required
a 0.2 μm filtration step (0.2 μm, Nylon, Roth), which was
carried out in the field. To address As recovery problems, i.e.
discrepancies between total As determined by AAS and the
sum of As species detected by HPLC-ICP-MS, different other
stabilization protocols were executed. Testing included the
additional measurements of unfiltered samples and the
chemical stabilization of samples filtered in the field with
2 mmol L− 1 EDTA or 20 mmol L− 1 HCl.

2.4.

Calculations and modeling

The contribution of aqueous transport processes to the depth
distribution of As was considered separately for the saturated
and the vadose zones.
The As concentration versus depth profile for the aqueous
phase below the groundwater table was simulated using a
simple hydraulic box-model (Figure S1 of the supporting information) implemented in a STELLA system dynamics software
(Beer and Blodau, 2007). The STELLA model consisted of five
boxes representing the As or Cl pool in the four aqueous
sampling depths in the saturated zone of site A and the nearby
groundwater well (Figure S1 of the supporting information).
The pools were linked to adjacent pools above and below
through bidirectional diffusion and a vertical downward advection term as shown in Eqs. (1) and (2), which results also in
some vertical numerical dispersion when a simulation is run.

Fig. 1 – Aqueous concentrations of total As, the As(III)/As(V) ratio, total Fe and DOC in soil porewater and in the quaternary
groundwater (left to right). Values are depicted for site A (top) and B (bottom) in winter 2005/2006 (diamonds) and spring 2006
(squares). The lowest depth represents data from a groundwater well at the site.
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An aquifer porosity of 0.26 (Zahn and Seiler, 1992) and a
groundwater recharge of 100 mm a− 1 was estimated by difference between rainfall (700–800 mm a− 1) and evapotranspiration (500–600 mm a− 1; Winnegge and Maurer, 2002). Due
to the lateral groundwater velocity (1–3 m d− 1, Rauert et al.,
1993) and resulting Peclet numbers of N 100, dispersion in
vertical direction can be assumed to outweigh diffusion in this
direction (Appelo and Postma, 2006). A transversal, i.e.
vertically oriented, dispersion coefficient of 0.002 m2 d used
in the model was approximated according to Appelo and
Postma (2006) by Dtransversal = 0.1 ⁎ Dlongitudinal. Concentration in
segment 5 was kept constant to account for the source in the
deep groundwater. Model calculations were performed until
pool concentrations in the 4 upper segments were constant.
Chloride served as a conservative tracer for comparison.
Fx ¼ DT ⁎
vx ¼

Ac
þ vx ⁎c
Ax

ð1Þ

qx
n

ð2Þ

Fx = flux [M L− 2 T− 1]; DT = transversal diffusion–dispersion
coefficient [L2 T− 1]; c = concentration [M L− 3]; × = length [L];
v = velocity [L T− 1]; qx = flux density [L T− 1]; n = porosity [%].
Transport in the unsaturated zone above the groundwater
table was estimated through water balance considerations. In
the vadose zone of the upper soil horizons rainwater seepage,
capillary rise and evapotranspiration take place. We used an
evaporation rate of 500–600 mm a− 1 (Winnegge and Maurer,
2002) as the maximum estimate for upward water transport
and calculated annual rates of mass transport with measured
groundwater iron and arsenic concentrations data (Eq. (3)).
qðelementÞ ¼ cðelementÞ⁎qðwaterÞ

ð3Þ

qx = flux density [M T− 1]; c = concentration [M L− 3]; q = flux
density [L3 T− 1].
Chemical saturation indices (SI) were calculated as the
quotient of ion activity product (IAP) and saturation product
(Ksp) with PhreeqC (Parkhurst and Appelo, 1999). Aqueous data
from profile A was used and calcite, ferrihydrite, and goethite
were considered.
Half cell redox potentials Eh were calculated according to
the Nernst equation (Eq. (4)) for the redox pairs Fe(OH)3/Fe2+
0
and HAsO2−
4 /H3AsO3. Standard potentials Eh were determined
from standard energy of formation values by Eq. (5) (Pankow,
1991; Sergeyeva and Khodakovskiy, 1969).
R⁎T
ji fOxgni
þ
⁎ln
n⁎F
jj fRedgnj

Eh ¼

E0h

E0h ¼

DG0
n⁎F

3.

Results

3.1.

Water chemistry

113

surface to 1.5 mg L− 1 in the groundwater. Dissolved NO−3 followed a similar trend from 34 mg L− 1 in the topsoil to b1 mg L− 1
in the aquifer. In contrast SO2−
4 concentrations were between
12 and 50 mg L− 1 and increased slightly with depth. CH4 was
found in low concentration of less than 3 μmol L− 1 in the
groundwater below 100 cm depth. The redox potential on the
field site therefore must be expected to decrease with depth,
but conditions were not strongly reducing even in the groundwater, as the CH4 concentration was low and both oxygen and
nitrate were not fully depleted.
The concentrations of DIC (2–8 mmol L− 1), Ca (150–300 mg
−1
L ), Mg (12.5–30 mg L− 1), Mn (0.1–0.8 mg L− 1) and Al (0–0.2 mg
L− 1) did not vary systematically along the depth profile.
Because of different pH the SI of calcite was ∼0 in the groundwater but increased to 1.2 in the topsoil, indicating calcite
supersaturation in the topsoil horizons.
In contrast, concentrations of As, Fe, and DOC strongly
varied with depth (Fig. 1). DOC concentrations were above
100 mg L− 1 in the upper part of the profiles and peaked in the
third horizon at site A, and the first and second horizon at site
B. Iron concentrations were 2–10 μmol L− 1 down to a depth of
100 cm, and increased strongly below, particularly in the form
of Fe(II) contributing between 82% and 99% of total Fe. With SI
well above 1, ferrihydrite formation was thermodynamically
favourable at all depths, even in the groundwater. Arsenic was
similarly distributed with depth. Concentrations were below
10 μg L− 1 in the upper 100 cm but reached 50–100 μg L− 1 in the
lowest piezometer, and 250–500 μg L− 1 in the groundwater
well, mostly in form of As(III). The As(III)/As(V) ratio changed
from b1 to N10. DMA was detected at both sites at levels of 0.4–
3.3 μg L− 1 only during winter. Organic species were previously
shown to contribute significantly to the aqueous and mobile
arsenic pool (Huang and Matzner, 2006; Huang and Matzner,
2007a; Huang and Matzner, 2007b). With DMA concentrations
of 0.4–3.3 μg L− 1 and no detectable MMA, organic species
accounted for less than 5% of As(tot) including the organic

!
ð4Þ

ð5Þ

The water samples had circumneutral pH between 8.1 in the
soil porewater and 7.0 in the groundwater. Dissolved oxygen
in the piezometers decreased with depth from N6 mg L− 1 at the

Fig. 2 – Detail of the X-ray diffractograms recoded in material
of horizons 1 to 4 of site B. Labels indicate the identified
mineral phases quartz, goethite, calcite and dolomite. Clay/
feldspar/mica peaks in the center of the diagram could not be
attributed to specific minerals.
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Table 2 – Physical and chemical properties of the soil horizons at sites A and B
Horizon

Depth

Water content

cm

%

Site A
A1
A2
A3
A4

0–23
23–48
48–75
75+

38
58
38
22

Site B
B1
B2
B3
B4

0–18
18–43
43–70
70+

48
66
31
22

Corg

pHKCl

Cinorg

Ca
−1

g kg

Mg

Fe

−1

g kg

Al

−1

As

−1

g kg

mg kg− 1

g kg

%

%

6.97
6.75
7.00
7.22

6.9
21.6
3.9
0.7

4.0
1.5
0.1
4.7

112.8
107.1
12.0
80.0

28.8
7.0
9.6
46.8

45.5
24.6
28.4
18.0

26.8
28.7
45.3
19.4

605.3
207.4
67.0
27.9

6.90
6.86
6.83
7.24

12.4
24.8
1.7
0.9

3.3
3.6
0.5
4.4

106.4
58.7
11.1
80.6

6.0
3.8
9.5
43.7

206.8
45.1
27.3
15.2

12.1
20.7
37.2
19.8

3239.2
509.1
22.3
7.9

Total metal and arsenic content refers to the soil dry weight.

matter rich horizon, and were of minor importance on the
investigated field site.
The total aqueous concentrations of As, Fe and DOC varied
more strongly with depth than with sampling season or sampling site. Site B samples showed slightly higher concentrations of aqueous Fe and As in the groundwater and differences
in concentrations occurred between sampling dates but clear
temporal trends could not be identified. The general depth
distribution pattern did not change with sampling time or site.
The sum of the concentrations of arsenic species, i.e.
arsenite, arsenate, DMA and MMA, determined by HPLC-ICPMS was up to 100 μg L− 1, or 70% lower than the total As
concentration measured by AAS in acidified samples. Deviations were similar in unfiltered samples and samples filtered
in the field, and largest deviations occurred at site B and in
samples from greater depth. Addition of either EDTA or HCl to
the filtered samples in the field increased As recovery in
species measurements to about 90% of total As, but only EDTA
preserved the As species distribution. Total iron concentration
increased with depth, and the formation of iron precipitates
was therefore most likely responsible for arsenic loss. In accordance with McCleskey et al. (2004), the As(III)/As(V) ratio
was preserved using EDTA to stabilize the samples.
The calculated in situ Eh of the redox couples Fe(OH)3/Fe2+
and As(V)/As(III) decreased with depth from −85 to −300 mV
for Fe and 0 to −25 mV for As. Lowest values were reached

below the groundwater table at both sites. Similarly to the
Astot concentrations, Cl− concentrations increased with depth
below the groundwater table and reached 30 mg L− 1 in the
groundwater. The concentration profiles of both As and Cl− in
the saturated zone could be adequately modelled with diffusion/longitudinal dispersion and advection as the only vertical
transport processes (Figure S2 of the supporting information).

3.2.

Solid phase

High pH values between 6.9 and 7.2 predominated in the soil
and carbonates were important crystalline mineral phases at
the site (Fig. 2). X-ray diffractograms showed bands for calcite
(i.e. 34.4°, 2 theta, Co Ka) and dolomite (i.e. 36.2°, 2 theta, Co Ka)
in the horizons B1, B2 and B4. This is in accordance with
chemical extraction data, indicating largest contents of inorganic carbon, Ca and Mg in horizons 1 and 4 on sites A and B
(Table 2) and high Ca and Mg extraction with 1 mol L− 1 HCl
(Table 3). Calcite dominated in the topsoil. The prominence of
the dolomite bands and the high Mg content in B4 indicates
that this horizon represents the uppermost layer of the
dolomite dominated aquifer (Zahn and Seiler, 1992).
Silicate minerals became more important in the two lower
horizons. The X-ray diffractograms contained characteristic
quartz bands (24.4°; 31.2°; 2 theta, Co Ka) throughout the
profile, but highest intensities were found for B3 and B4

Table 3 – Calcium, iron, and arsenic content as fraction of soil dry weight in different extracts of the soil horizons on sites A
and B
Horizon

A
A
A
A

Depth

0.1 mol L− 1 NaNO3

1 mol L− 1 HCl

6 mol L− 1 HCl

0.1 mol L− 1 Na2P4O7

cm

%

%

%

%

Ca

Mg

Fe

As

Ca

Mg

Fe

As

Ca

Mg

Fe

As

Ca

Mg

Fe

As

1
2
3
4

0–23
23–48
48–75
75+

0.0
0.1
0.3
0.0

0.0
0.0
0.0
0.0

0.0
0.0
0.0
0.0

0.1
0.2
0.3
0.9

92
84
52
90

85
32
11
93

30
29
17
27

43
46
52
46

2
2
1
1

5
13
35
5

45
48
44
46

51
50
37
43

4
6
29
3

0.0
0.0
0.0
0.0

0.0
0.0
0.0
0.0

23
24
27
20

Site B
B1
B2
B3
B4

0–18
18–43
43–70
70+

0.0
0.1
0.2
0.0

0.0
0.0
0.0
0.0

0.0
0.0
0.0
0.0

0.0
0.1
0.3
1.7

92
75
44
90

70
16
19
94

7
31
21
25

5
32
55
36

2
3
0
1

0
8
33
5

67
54
43
43

75
55
34
41

5
14
25
3

0.0
0.0
0.0
0.0

0.0
0.0
0.0
0.0

9
31
13
16
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material. Diffractograms from these two horizons also displayed bands in a range characteristic for feldspars, mica, and
clay minerals (32.23–32.75°, 2 theta, Co Ka), which could not be
allocated to specific mineral phase. Most Al in the soil was
released only in the aqua regia extract and was associated
with silicate minerals.
Iron content was highest in the topsoil. Site B contained
more than 4 times greater quantities of Fe in horizon 1 than
site A. Due to a strong decline with depth the Fe content was
similar at both sites in horizons 3 and 4. Between 7 and 30% of
Fetot was extracted by 1 mol L− 1 HCl and therefore in the
operationally defined amorphous iron oxide fraction (Table 3,
Fig. 3). But despite high Fe content at all depths, the low and
broad goethite band (24.9°, 2 theta, Co Ka) was the only
observed XRD signal representing an iron phase. Most iron
was apparently found in non-crystalline phases, which were
not detected by X-ray diffraction and predominantly extracted
by 6 mol L− 1 HCl (48–55% of Fetot).

115

The abundance of mineral solid phases was lowest in the
organic carbon rich horizon B2, with up to 24.8% Corg. The high
soil organic matter content apparently also lead to a high
gravimetric water content of 50–60%. With the exception of
total Fe and Corg content, the chemical composition of the
different horizons at site A was very similar to site B. The FTIR
spectra confirmed a similar mineral composition at both sites,
with common FTIR spectral bands of calcite (7 μm; 11.4 μm),
quartz (9.2 μm), and clay minerals (6 μm; 9.6 μm).
The soil arsenic content was between 7.9 mg kg− 1and more
than 3 g kg− 1, decreased strongly with depth and was about 5
times higher in horizon 1 at site B than at site A. Despite the
high total content, the exchangeable arsenic fraction in the
soils was low, ranging from 0.13 to 0.82 mg kg− 1 and thus
accounting for b 2% of the total arsenic present. Most arsenic
could be extracted using 1 mol L− 1 and 6 mol L− 1 HCl together
accounting for 77 to 96% of As in all horizons. The higher total
As content at the iron rich site B suggests association of Fe and

Fig. 3 – Solid phase content of As and Fe in extracts representative of amorphous metal oxides and carbonates (diamonds; 1 mol L− 1
HCl), crystalline metal oxides (squares; 6 mol L− 1 HCl) and a residual fraction (triangles; conc. HNO3). Also shown is the content of
organic (diamonds) and inorganic (triangles) carbon based on soil dry weight in the horizons of sites A (top) and B (bottom).
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Fig. 4 – Solid phase content of organic carbon (diamonds) and As (squares) as mobilized by 0.1 mol L− 1 Na2P4O7 and of
specifically sorbed As (triangles; 0.1 mol L− 1 NaH2PO4). Results refer to soil dry weight in the horizons of site A (left) and the iron
enriched site B (right).

As. This is supported by the statistical correlation found for
soil Astot and Fetot content (R = 0.885) using the ranking method
by Spearman and a significance level of p = 0.01.
The content of Corg in the soil was also correlated to Astot
(R = 0.776) and in fact a substantial As fraction, representing
10–30% of Astot, was released by dispersion of organic matter
with pyrophosphate (Table 3). The largest fraction was extracted from the horizons at site A and in the second horizon
of site B (Fig. 4). Between 5 and 25% of the soil organic carbon
was released, particularly from the organic matter dominated
horizons A2 and B2, but the mobilization of Ca, Mg, Fe or Al
was negligible. More arsenic was extracted by pyrophosphate
than with phosphate (5 to 10%) at all depths. Phosphate has a
similar molecular structure as arsenate and can therefore be
used to account for possible desorption reactions.

4.

Discussion

Wetlands represent retention and enrichment zones for trace
metals and metalloids including As (Gonzalez et al., 2006; Meharg
et al., 2006; Pfeifer et al., 2004; Steinmann and Shotyk, 1997).
Inspite of this well known fact, the importance of different As
binding forms and As sorbents in these soils, i.e. oxides, sulfides
and organic matter, has not yet been fully understood. Moreover,
information about As sources and transport to wetland soils and
the conditions and processes leading to As enrichment is often
lacking. Our field site is characterized by a flat topography, a
groundwater table close to the land surface, and a groundwater
rich in As and thus provided ideal conditions to study As
transport and retention processes in an organic matter rich soil.

4.1.
Distribution and binding mechanisms of As in the
solid phase
Iron oxides typically have a positive surface charge at
circumneutral and slightly acidic pH, as the pH of zero charge

(pHpzc) of ferrihydrite ranges from 7.8 to 7.9 and of goethite
from 7.5–9.4 (Cornell and Schwertmann, 1996), which promotes an electrostatic association with negatively charged As
(V). The minerals furthermore efficiently adsorb arsenic in
specific surface complexes (Dixit and Hering, 2003; Fendorf
et al., 1997). The soils at the studied field site were rich in
amorphous and crystalline iron oxides. Contents decreased
with depth and were greater at site B than at site A, which
allows for comparisons regarding the role of iron hydroxides
for As retention. The As content in the solid phase at all depths
and both sites followed a similar trend and the total content of
As and Fe in the amorphous and crystalline metal oxide
fractions were correlated. Iron oxides were the most important As scavengers at our site at all depths, including the
shallow aquifer. Previous studies already indicated that As
was associated with iron in organic matter rich soils (Gonzalez
et al., 2006; Pfeifer et al., 2004). Our new findings show that iron
oxides are the predominant As sorbing phase in the degraded
peatland studied. The As content in the soils amounted to
between 10 and 200 μmol (g Fe)− 1. The reported sorption capacities for iron oxides depend on surface area and are higher
with respect to ferrihydrite (1500 μmol (g Fe)− 1) than to
goethite (120 μmol (g Fe)− 1; (Dixit and Hering, 2003). Especially
owing to the substantial fraction of amorphous iron oxides,
the sorption capacity of iron phases was sufficient to explain
As binding at all depths.
Apart from an association of As with Fe, we also found As
and organic carbon content to be correlated in the different
soil samples. A considerable fraction of As could further be
mobilized by dispersion of organic matter especially in the
second soil horizon. Arsenic was thus apparently also associated with the organic soil phase. The importance of this As
fraction increased with decreasing iron content and was larger
in horizon 2 compared to horizon 1 and also larger at site A
than site B. Bhattacharya et al. (2001) reported As association
with organic phases in lake sediments as well, but information about binding mechanisms and capacities are lacking.
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Covalent binding mechanisms and cation bridging complexes
have been proposed to facilitate As binding reactions to dissolved organic matter molecules (Buschmann et al., 2006;
Ritter et al., 2006; Thanabalasingam and Pickering, 1986) and it
has been suggested that binding capacities reach up to
1000 μmol As (g C)− 1 (Warwick et al., 2005). Such a number
well exceeds the measured As content of 8–180 μmol As (g C)− 1
in the organic matter rich two topsoil horizons. Moreover, the
presence of organic matter was hypothesized to cause a more
amorphous structure of iron precipitates (Pfeifer et al., 2004).
In similarity to the formation of iron colloids in organic matter
rich solutions (Bauer and Blodau, submitted for publication),
this might lead to smaller mineral particles and a higher
surface area, increasing the overall quantity of sites available
for As binding.
Alternative sorbents at the studied field site, such as calcite, dolomite, and silicates, were not found to considerably
contribute to As binding in the solid phase. Despite the high
contents of calcite in the topsoil and dolomite in the fourth
soil horizon, the results from Na-Acetate extractions and correlation analysis did not indicate any association of arsenic
with these carbonate minerals. This is in accordance with
findings of Cornu et al. (2001), who documented that in the
presence of iron phases As binding to calcite precipitates was
negligible. A substantial contribution of silicate minerals to As
binding was unlikely due to their low pHpzc of 3–4.5 and a low
As sorption capacity of 0.2 to 0.5 μmol g− 1 on clay (Goldberg,
2002) and 2 to 5 μmol g− 1 on mica (Chakraborty et al., 2007). No
correlation between As and Al was found in the extraction
solutions, suggesting that As association with Al containing
minerals was negligible (Dousova et al., 2003). Our dataset
provided no indication for arsenic binding to reduced iron
sulphide minerals. XRD spectra showed no pyrite or arsenopyrite bands, redox conditions were only mildly reducing, and
As content in the residual fraction was mostly low.

4.2.
zone

As source and aqueous transport in the saturated

Arsenic accumulation in soils and minerotrophic peatlands
has previously been attributed to high As input stemming
from streams or groundwater (Gonzalez et al., 2006; Steinmann and Shotyk, 1997; Szramek et al., 2004). Often, however,
the source of As and its transport to the enrichment zones
were not investigated and documented. The highest aqueous
As concentrations at our site were found in the deepest
groundwater samples and, therefore, groundwater presumably represented the source of As present in the top soil. High
dissolved As concentrations are known to occur in tertiary
sediment layers of southern Germany (Heinrichs and Udluft,
1996; Heinrichs, 1998). The occurrence of locally high concentrations of As in the quarternary aquifer water close to the
surface was attributed to zones of a locally high permeability
of the aquitard and water exchange between quarternary and
tertiary sediment layers.
Along the concentration gradient towards the groundwater
table, the strongest decrease in aqueous As concentration
occurred in the saturated zone at a depth of 100 to 250 cm. The
applied hydraulic transport model was able to adequately
explain the measured As depth profile in the saturated zone
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with vertical advection and diffusion/dispersion processes.
Alternatively, also the presence of an As sink in the solid
phase might have been responsible for declining As concentrations at these depths. Inspite of this current apparent sink
for arsenic, soil material from the deepest soil horizons A4 and
B4 had the lowest measured total As content of all solid
phases. This is in agreement with the mineralogy of these
horizons, which was similar as in the aquifer material below
and dominated by dolomite (Zahn and Seiler, 1992). These
horizons thus had a low capacity to bind As in the solid phase
(Thornburg and Sahai, 2004). A substantial sequestration of As
in the lowest soil horizons, where the apparent sink occurred,
thus seems unlikely also from a mechanistic point of view.
The discrepancy between current apparent As sinks and
contents of As in the solid phase cannot be resolved conclusively. Models of the type used were previously applied at
field sites with less lateral water flux (Beer and Blodau, 2007),
but due to the flat regional topography and low inclination of
the groundwater table we expected effects of lateral flow on
the vertical distribution of arsenic to be low at this site as well.
We cannot exclude a solid phase sink as the reason for the
decrease of aqueous As in the groundwater, because of an
inadequate representation of reality in the model. It may also
be that dilution of groundwater rich in As by infiltrating precipitation did cause the observed aqueous As profile in the
saturated zone.

4.3.

Transport and enrichment in the vadose zone

The dissolved concentrations of As and Fe above a depth of
100 cm were low and more or less uniform. Ferric iron was the
predominant iron species in contrast to ferrous iron which
predominated in the deeper groundwater. The supersaturation of the solution with respect to dissolved Fe and the precipitation of ferrihydrite likely caused the low total dissolved
iron concentration. Dissolved As concentrations are strongly
affected by sorption and coprecipitation with ferrihydrite
phases, explaining the low fraction of As being in a dissolved
state (Dixit and Hering, 2003; Jessen et al., 2005). The coupling
of Fe and As dynamics was exemplified by the similar
concentration profiles of both elements and the correlation
of As and Fe content in the solid phase. The sorption capacities
of ferrihydrite for As(III) and As(V) were found to be similar at
neutral pH, even though As(V) species are negatively charged
due to acidity constants of pKs1 = 2.2 and pKs2 = 6.8 and thus
should have a higher affinity for positively charged iron
phases than the uncharged As(III) species, which has a pKs1
of 9.2 (Cherry et al., 1979; Dixit and Hering, 2003). If this finding
holds true also for the field site investigated, the change in
redox speciation, from As(III) predominant in the groundwater
to mainly As(V) in the topsoil, supposedly had only a minor
effect on As binding by the solid phase. The sorption or incorporation of As in the water-unsaturated soil horizons was
apparently not decisively impeded by high concentration of
dissolved organic matter, which may lead to desorption of As
from soil materials (Bauer and Blodau, 2006; Grafe et al., 2002).
This finding may be a consequence of the high total iron
content at the site. The total surface area available in the soils
obviously provided a sufficient capacity of sorption sites for
both organic and As anions.

- 188 -

118

SC IE N CE OF T H E TOT AL E N V I RO N ME N T 4 0 1 ( 2 00 8 ) 1 0 9 – 1 20

The highest As accumulation was found in the topsoil
horizons and measured As contents were high compared to
literature values for soils (Mandal and Suzuki, 2002; Smedley
and Kinniburgh, 2002). Under current conditions, capillary water
movement was the only possibility for transport of As and Fe
through the vadose zone to the highly enriched surface horizon.
The small grain size and high organic matter content in
horizons A2 and B2 most likely caused the high capillary water
content in these horizons and allowed water transport into the
topsoil horizon (Hoelting, 1996). Using the local evaporation rate
of 500–600 mm a− 1 as maximum estimate for upward water flux
and water concentrations at the groundwater table, transport
rates of 2 mg m−2 a− 1 As and 60–80 mg m−2 a− 1 Fe can be reached.
To accumulate the amount of Fe and As found in the A1 and B1
horizons under current conditions by this process alone, time
periods of more than 10,000 years would be required. We know
that water regime at the site changed substantially with the
beginning of drainage for agricultural purposes two centuries
ago, and this supposedly lead to a substantial change in the
water fluxes and geochemical conditions. Our assessment of the
As accumulation time scale is therefore restricted to the
conclusion that As enrichment must have started more than
200 years ago and probably considerably before this time.
Assessing the reasons for arsenic accumulation in the
originally undrained, minerotrophic peatland is speculative.
We assume that the process proceeded analogously to other
peatland sites where As accumulated in soils with high organic
matter content, high water table and under partly reducing
conditions (Blodau et al., in press; Gonzalez et al., 2006; Meharg
et al., 2006; Pfeifer et al., 2004). Arsenic binding to metal oxides
phases in these systems primarily occurred in surface layers
with at least temporarily oxic conditions or in the partly oxic
rhizosphere of plants capable of oxygen transport into the soil
(Blodau et al., in press; Keon-Blute et al., 2004). At another site
pyrite minerals or organic phases have been conjectured to be
more important as As sorbents but the authors did not provide
data about As associated with different solid phases (Gonzalez
et al., 2006). We thus assume that a higher groundwater table
improved As transport from the groundwater into the soil at
our site (Szramek et al., 2004). With the beginning of drainage
As released by oxidation of iron sulphide minerals and organic
matter probably was efficiently readsorbed on present or
freshly forming iron oxide phases (Thornburg and Sahai,
2004). The soil mass loss due to the decomposition of the
organic peat material under oxic conditions likely intensified
the enrichment and accumulation of inorganic soil constituents in the topsoil layer. Even though this is speculative, this
scenario outlines another explanation for the very high As
enrichment found in the topsoil at the studied field site, which
is more difficult to explain alone by an extrapolation of current
conditions backward in time.
The solid phase content of As and Fe was substantially
different at sites A and B (Table 2), confirming our original
hypothesis. Site B contained up to four times more As and Fe in
the topsoil horizons than site A. Given that crystalline Fe oxides
were the primary sorbent for As according to the results of the
sequential extraction (Table 3) the additional enrichment of As
at the more iron rich site B is not surprising and again
highlights the importance of iron oxide content for arsenic
retention in these wetland soils. The exact reasons why Fe and

As contents were so much higher at site B cannot be clarified
conclusively. It may be that the As enrichment reflects an effect
of more sorption sites being available during degradation of the
wetland soils and the resulting potential As release from
sulfides and organic matter. In this case only the historic flux of
dissolved ferrous Fe and associated formation of iron oxides
into the topsoil of site B was higher. Alternatively both the As
and Fe flux were elevated and As co-precipitated with ferric
iron oxides, which were subsequently diagenetically transformed in well crystalline iron oxides and incorporated the As.
Differences in the flux of both elements into the soils could be
attributed to local differences in water flux from subjacent,
more As and Fe rich, tertiary aquifer (Rauert et al., 1993).

5.

Conclusions

Dissolved As concentrations were in the low range of reported
groundwater data up to 1 m depth and below the WHO guideline
value of 10 μg L− 1 (Mandal and Suzuki, 2002; Smedley and
Kinniburgh, 2002). The very large solid phase arsenic pool in the
oxic topsoil was not exchangeable and strongly sorbed mainly to
crystalline iron oxide phases (Mandal and Suzuki, 2002; Smedley
and Kinniburgh, 2002). This indicates a high stability of the
present As pool in the soil under current conditions. A change of
the redox regime to more reducing conditions, however, would
probably initiate a slow release of As due to As reduction, As
desorption and reductive dissolution of the iron oxides, which
might be balanced by readsorption on remaining iron phases
and binding in reduced solid phases like sulfides (Blodau et al.,
in press; Kocar et al., 2006; O'Day et al., 2004; Tadanier et al.,
2005). Arsenic was primarily associated with iron oxide phases
and no binding to calcite precipitates was found. Instead a
considerable association was found between As and humics in
the most organic matter rich horizons.
The primary As source at the field site was in the groundwater but current vertical transport towards the surface was low
in the vadose zone. This implies that As accumulation at the site
started already in the peatland soil before the beginning of
drainage. Even though we can only speculate about conditions
in the peat prior to drainage, the occurrence of As binding to
metal oxide phases at the surface or reduced mineral and
organic matter in greater depth can be inferred from previous
studies (Blodau et al., in press; Gonzalez et al., 2006; Keon-Blute
et al., 2004). Arsenic enrichment in the surface layer was
possibly amplified by soil mass loss due to peat degradation
under the oxic conditions after drainage. Secondly low As
transport to the surface also shows that under current conditions only a small fraction of groundwater derived As is retained
in the soil surface layer. The fate of the large As pool remaining
in the solute phase of the groundwater is unknown and As
monitoring downstream of the sampling site and on the
regional scale should be the concern of future studies.
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Redox reactions and redox potentials
The redox potential Eh for a reduction or oxidation half reaction is calculated by the Nernst
equation (Eq. 1) and is related to the Gibbs free energy of reaction (Eq. 2). Standard redox potential
values Eh0 are derived for a half reaction by comparison to the standard hydrogen electrode (SHE).
Redox potentials Eh (W) for neutral pH were calculated with the Nernst equations for each redox half
reaction as shown in Table 26. Where necessary redox potentials were additionaly corrected for other
experimental pH conditions and species, yielding the values documented in Table 4 of supporting
information to study 1. The determination of the direction of electron flow for two half reaction
requires the calculation of the electromotive force (EMF, Eq. 3) and positive EMF values indicate
energy yield.

Eh

Eh

Eh

0

EMF

0

R *T
* ln
n*F

i
j

Ox
Re d

ni

(Eq. 1)

nj

G0
n*F
Eh, Re duction

(Eq. 2)
(Eq. 3)

Eh,Oxidation
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Table 27

Reactions and their respective half cell Nernst equation
Reaction

Nernst Equation

(1)

H2AsO4-

(2)

HAsO42- + 2 e- + 4 H+ = H3AsO3 + H2O

(3)

Q + 2 e - + 2 H + = H2Q

(4)

Jug + 2 e- + 2 H+ = H2Jug

(5)

Law + 2 e- + 2 H+ = H2Law

(6)

AQDS + 2 e- + 2 H+ = AH2QDS

(7)

DOM(ox) + 2e- + 2H+ = DOM(red)

(8)

[Fe(bipy)3]3+ + e- = [Fe(bipy)3]2+

(9)

(10)

-

+

+ 2 e + 3 H = H3AsO3 + H2O

Eh, As

Eh0

0.088 pH

a ( H 3 AsO3 )
0.059
lg
2
a ( H 2 AsO4 )

Eh , As

Eh0

0.118 pH

a ( H 3 AsO3 )
0.059
lg
2
2
a ( HAsO 4 )

(12)

S2O32- + 8 e- + 10 H+ = 2 H2S + 3 H2O

Eh, Lawsone Eh0 0.059 pH

a ( H 2 Law)
0.059
lg
2
a ( Law)

Eh, AQDS

Eh0 0.059 pH

a ( AH 2QDS)
0.059
lg
2
a ( AQDS)

Eh0

a ( DOM red )
0.059
lg
2
a ( DOM ox )

Eh, DOM

0.059 pH

E h , Fe

E h0

0.059 lg

E h , Fe

E h0

0.059 lg

E h , Fe

E h, Fe

E h0

E h0

0.059 lg

0.177

pH

a ([ Fe(bipy ) 3 ] 3 )
a ([ Fe(bipy ) 3 ] 2 )
a ([ Fe(CN ) 6 )]3 )
a ( [ Fe(CN ) 6 )] 4 )

a ([ Fe(C 6 O7 H 8 )]0 )
a ([ Fe(C 6 O7 H 8 )]1 )

0.059 lg

1
a( Fe 2 )
2

Eh , S
(13)

a ( H 2 Q)
0.059
lg
2
a (Q)

a ( H 2 Jug)
0.059
lg
2
a ( Jug)

[Fe(C6O7H8)]0 + e- = [Fe(C6O7H8)]1-

Fe(OH)3 + e- + 3 H+ = Fe2+ + 3 H2O

0.059 pH

Eh, Juglone Eh0 0.059 pH

[Fe(CN)6]3- + e- = [Fe(CN)6]4-

(11)

E h0

E h,Quinone

Zn2+ + 2 e- = Zn°

Eh0 0.073 pH

E h ,Zn
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E h0

a (S2O3 )
0.059
lg
8
a (H 2 S ) 2

0.059
lg a ( Zn 2 )
2

Eh0 values and the calculated half cell redox potential values at pH 7 E h (W)

Table 28

Eh0 (mV)

Eh (W) (mV)

Source

(1)

+ 640

+ 70

(Stumm and Morgan, 1996)

(2)

+ 860

+ 90

(Stumm and Morgan, 1996)

(3)

+ 699

+320

(Helburn and Maccarthy, 1994)

(4)

+ 430

+40

(Schwarzenbach et al., 1990)

(5)

+ 350

-30

(Schwarzenbach et al., 1990)

(6)

+ 250

-130

(Rosso et al., 2004)

(7)

+ 228 to +528

+ 250 to - 180

(Oesterberg and Shirshova, 1997; Palmer et al., 2006)

(8)

+1110

+1110

(Bard et al., 1985)

(9)

+360

+360

(Matthiessen, 1994)

(10)

+372

+372

(Straub et al., 2001)

(11)

+840

-400

(Majzlan et al., 2004)

(12)

+340

-190

(Stumm and Morgan, 1996)

(13)

-760

-1060

(Stumm and Morgan, 1996)
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